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In any general discussion of structure, relating to an isolated part of the Universe, we
are faced with an initial difficulty in having no a priori criteria as to the amount of
structure it is reasonable to expect. We do not, therdore, always know, until we have
had a great deal of empirical experience, whether a given example of structure is very
extraordinary, or a mere trivial expression of something which we may learn to
expect all the time.

G.A. Hutchinson, 1953
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Abstract
Three approaches were employed to examine the effects of elevated sediment trace
metal concentrations on estuarinelmarine macrobenthic invertebrate assemblages. The
initial study examined macroinvertebrate communities along a known polymetallic
gradient, Lake Macquarie, NSW (gradient study). The second study experimentally
tested if sediments sourced from different locations within Lake Macquarie
differentially influenced the recolonisation of benthic invertebrates. The third study
investigated the different recolonisation patterns of benthic invertebrates into
sediments spiked with increasing concentrations of sediment-bound cadmium.

In the Lake Macquarie gradient study, four locations (Cockle Bay, Warner's Bay,
Kooroora Bay and Nord's Wharf) were sampled in winter 2000 and summer 2003
using a hierarchical design (location > site > plot). On both sampling occasions, the
sediments showed strong gradients in lead, cadmium and zinc concentrations
emanating from the Cockle Bay industrialised region in the lake's north, with
concentrations being significantly lower in the most southern and less urbanised
location (Nord's Wharf). In general, concentrations of lead, cadmium and zinc in the
sediments increased among locations in the following order: Nord's Wharf >
Kooroora Bay > Warner's Bay > Cockle Bay. AVSJSEM analyses indicated that in
some sites in Cockle Bay, and to a lesser extent Warner's Bay, SEM concentrations
exceeded their molar equivalence of AVS, indicating the potential for trace metals to
be labile within the porewaters. Granulometry also changed along the gradient, with a
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higher proportion of siltklay occumng in the locations with high metal
concentrations. Conversely, the percentage of total organic carbon was higher in the
less contaminated locations.

In winter 2000, changes in benthic communities along the gradient supported the a
priori hypotheses, with diversity and richness being greater in locations with lower

concentrations of metals. Polychaetes were most numerous in Cockle Bay and
Warner's Bay, whilst bivalves and gastropods were more abundant in Nord's Wharf
and Kooroora Bay. Crustaceans were more numerous in Nord's Wharf; with all other
locations having similar, lower, abundances. Ordination maps of the assemblages
provided relatively clear separation of the assemblages among locations, with nonparametric multivariate analysis of variance (NPMANOVA) and subsequent pair-wise
comparisons finding significant differences among the assemblages from all locations.
SIMPER analyses found the highest level of dissimilarity was between the Nord's
Wharf and Cockle Bay assemblages

-

primarily attributable to differences in the

relative contributions of isopods; tellenid bivalves; and the polychaete families
Spionidae, Opheliidae and Nephytidae. Weighted Spearman rank correlations (BIO-

ENV) identified cadmium (P, =0.74) as the strongest environmental (single or
combination) variable to correlate with biotic assemblages.

Benthic patterns along the gradient were less defined in summer 2003 due to a
dramatic reduction in the abundance and diversity of fauna in Nord's Wharf. This
decline was possibly attributable to a sustained reduction in salinity caused by a
prolonged rainfall event. With the exception of Nord's Wharf, trends in the
community indices and abundances of key taxa among the other locations were
similar to those reported in winter 2000. Multivariate analyses discriminated the
benthic assemblages from the four locations, with the findings from the NPMANOVA
pair-wise comparisons indicating that the assemblages from all four locations were

significantly different. SIMPER analyses showed the highest level of dissimilarity
was between Nord's Wharf and Warner's Bay, with these differences being primarily
attributable to their relative abundances of amphipods and polychaetes from the
families Spionidae, Cirratulidae, Opheliidae and Capitellidae. BIOENV found that the
combination of the sedimentary concentrations of cadmium and iron provided the best
correlation (P, =0.73) with biotic patterns, with similar correlations occumng with
the addition of lead and its covariate, zinc (P, =0.72).

The combined findings from the gradient study established a strong correlation
between trace metal concentrations within the sediments and suite of univariate and
multivariate measurements. The low abundance and diversity of fauna in Nord's
Wharf in the summer of 2003 highlighted the dynamic changes which can occur in the
distributions of macrobenthic invertebrates. Although the study indicated that there
was a strong relationship between trace metal concentrations and benthic community
structure, the study was correlative, and requires subsequent experimental testing to
confirm the causality of the observed relationships.

The second component of the research was a translocation experiment using benthic
recolonisation as an end-point. The experiment was performed to identify if the
sediments, and not location, were influencing the composition of benthic assemblages
in Lake Macquarie. Sediments were collected from three locations (Cockle Bay,
Warner's Bay and Nord's Wharf), defaunated, and transplanted in three new locations
along the south-east edge of the lake. At each location, 10 containers of each
treatment were randomly placed in the sediment and allowed to recolonise for 22
weeks. Upon retrieval, the benthic communities were sampled and enumerated in
conjunction with a variety of chemical and sedimentary measurements. Ten replicate
invertebrate samples were also collected in the sediments adjacent to the experiment
(ambient samples) at the completion of the experiment. Due to human interference,

the containers from only two locations were analysed.

Upon retrieval, pH and redox profiles of the sediments were similar to those expected
in natural sediments. In general, concentrations of metals were low in the porewaters;
however, iron precipitation on the porewater collection devices may have artificially
increased the diffusion of metals, increasing concentrations near the sediment-water
interface. Concentrations of SEM exceeded their AVS equivalence in some samples
taken from the Cockle Bay and Warner's Bay treatments.

Two-way ANOVAs found significant interactions between location and sediment
treatments in diversity, evenness and the number of polychaetes, as well as significant
differences in the number of capitellids and crustaceans among locations. Post-hoc
comparisons of means found the Nord's Wharf sediment contained a higher mean
number of individuals than the other treatments, including the ambient samples.
nMDS ordination plots for both locations provided poor graphical discrimination of
the assemblages among treatments; however, NPMANOVA detected significant
location and treatment interactions. In both locations, pair-wise comparisons indicated
that the assemblages within the Nord's Wharf treatments were significantly different
to the Cockle Bay, Warner's Bay and ambient assemblages. No significant differences
were detected between the Cockle Bay and Warner's Bay assemblages at either
location. SIMPER analyses found the highest level of dissimilarity occurred between
the ambient assemblages in Location 2 and the Nord's Wharf treatment, primarily due
to the relative difference in the abundances of Capitellidae, Spionidae, Oweniidae,
Nereididae and isopods among the assemblages.

The findings from the translocation experiment suggest that the sediments are
influencing the recolonisation of benthos. However, because differences were not
detected between the Cockle Bay and Warner's Bay treatments, the approach used in

the study shows potential as an in situ technique which could be used to assess the
potential ecological risks of sediments fiom specific locations. Excluding cost and
time considerations, the technique's primary disadvantage is the lack of a true control.
As a result, the technique can only identify if the sediments are modifying benthic
recolonisation, and not causality.

The final component of the research experimentally tested if elevated concentrations
of sediment-bound cadmium affected benthic invertebrate recolonisation. Sediments
from the south coast of New South Wales (Durras Lake) were defaunated, and spiked
with cadmium under anaerobic conditions to obtain three targeted cadmium
concentrations: control (CO. 1 Cd &g), Low-Cd (1 5 Cd &g) and High-Cd (1 50 Cd
l g l g ) . The physio-chemical properties of the waters and porewater concentrations of

cadmium were monitored over a 28-day equilibration period, with declines in pH
mediated with the addition of NaOHe,,. At the end of the equilibration period,
porewater concentrations of cadmium were low in the Low-Cd and High-Cd
treatments (maximum <l .5 &L in High-Cd), and below the detection limit in the
control. Cadmium was not detected in the control sediments, with concentrations in
the Cd-Low and Cd-High sediments exceeding their targeted concentrations, with
final mean concentrations of 17 &g and 183 &g,

respectively.

The experimental design was similar to that employed in the translocation experiment,
with 10 containers from each treatment transplanted into the sediments at three
locations within Lake Macquarie. After 20 weeks, the containers were collected,
along with benthic invertebrate samples from the ambient sediments. Data was not
used from Location C due to extensive sediment deposition on the transplanted
treatments. Significant declines occurred in the concentrations of cadmium in both the
Low-Cd and High-Cd sediments, with the greatest loss occumng in the surficial
sediments. The loss of cadmium was probably due to the differential loss of the fine
xii

fraction through physical means (hydrodynamic) rather than fluxing, as it assumed
that the cadmium was primarily sediment-bound and relatively insoluble under anoxic
conditions. Mean porewater concentrations of cadmium were below the detection
limit in the control treatments; < 1 pg/L in the Low-Cd treatment, and generally <
2 p d L in the High-Cd, with the exception of some samples in Location B (maximum

5.6 p d L ) Concentrations of ammonia were low in the porewaters from the surficial
sediments, with concentrations being significantly higher, and potentially toxic, in the
anoxic porewaters (7 cm depth).

In comparison to the previous recolonisation experiment, the number of individuals
which recolonised the cadmium-spiked treatments was low, and significantly lower
than the mean number of individuals sampled in the ambient sediments. No
significant differences were detected among the treatments or locations (and their
interactions) in diversity (H'), richness (d) or evenness (J). The number of polychaetes
and molluscs significantly differed among the treatments, with post-hoe analyses
indicating these differences were not among the cadmium-spike treatments, but were
due to a greater mean abundance of these taxa in the ambient sediments. A significant
interaction between treatment and location was detected in the mean abundance of
crustaceans, with the ambient sediments having significantly lower mean abundances
in both Location A and B. Ordination plots of the experiments in Location A and B
provided poor graphical discrimination among the spiked treatments, although the
ambient assemblages appear to be separated from the cadmium-spiked assemblages.
NPMANOVA detected a significant interaction between treatments and locations, as
well as among treatments. In both Location A and B, pair-wise analyses found the
assemblages in the ambient sediments to be significantly different to the assemblages
in all three cadmium treatments, with no differences being detected among the latter.
SIMPER analyses found the highest levels of dissimilarity occurred between the
spike-treatments and the ambient sediments, with these differences being primarily
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due to the relatively higher abundance of decapods in the spiked treatments, and
capitellids in the ambient sediments.

The cadmium-spiking component of the experiment clearly illustrated that artificially
increasing the trace metal concentrations of metals in estuarine sediments is a
complex process which needs to be performed in a methodological manner in order to
obtain homogenous treatments with low porewater concentrations, and minimal
artefacts. Furthermore, the results confirmed that the equilibration time for sediments
can be extensive (several weeks), even in the case of organically rich sediments. The
timing of the experiment (commenced late summer, February, 2003) appears to the
major factor for the relatively low recolonisation rates, with the experiment missing
the main larval recolonisation period between spring and early summer. Even in the
highest treatment, elevated concentrations of cadmium did not appear to affect benthic
recolonisation. This finding is supported by other experimental studies which suggest
that concentrations of a single isolated metal must considerably exceed current
guideline values (or contain high porewater concentrations) in order to elicit a
biological effect. Nevertheless, as trace metals generally CO-occur with other
contaminants - with the response of multiple contaminants being possibly additive or
synergistic

-

a conservative guideline value may be suitable in the interim as a

precautionary measure.

The findings of this thesis suggest that elevated concentrations of trace metal mixtures
in estuarine sediments can affect the structure and composition of benthic
communities; however, identifying causality is difficult. Although there has been an
increase in the use of manipulative field experiments as a means of reducing the
confounding influence of covariables found in field studies, this approach also has
limitations, e.g. spatial and temporal scale issues, container effects, cost and
biogeochemical changes to the sediments. Measuring stress at a community level is a
xiv

fundamental component of estuarine risk assessment programs; and in isolation this
approach can produce subjective and confounded findings. In order to accurately
assess the risks associated with trace metal contaminated sediments, an integrated
approach (e.g. weight of evidence) is required, one which uses multiple lines of
evidence sourced from various chemical, environmental biological measurements.
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Chapter 1: Introduction

1.l Rationale
Since European settlement, the coastal regions of New South Wales, and many parts
of Australia, have been subjected to extensive anthropogenic contamination (SoE,
2001). Although current practices, and the legislation which supports them, have
resulted in a reduction in the inputs of contaminants into coastal aquatic ecosystems,
historic contributions have resulted in large concentrations of metals and other
contaminants accumulating in the sediments (NSWEPA, 2003).
In 2000, the ANZECC/ARMCANZ Interim Sediment Quality Guidelines (ISQG)
(ANZECCIARMCANZ, 2000) were implemented to provide provisional guidance on
defining the risk that contaminants pose to aquatic ecosystems. The aim of the ISQG
was three-fold: 1) identify sediments where contaminant concentrations are likely to
result in adverse effects on sediment ecological health; 2) facilitate decisions about
the potential remobilisation of contaminants into the water column andor food chains;
and 3) identify and enable protection of uncontaminated sediments.

From a trace metal perspective, the ISQG employs a hierarchical approach which is
initiated by measuring bulk metal concentrations

(strong acid digestion),

granulometry and total organic carbon; with the metal concentrations compared to low
and high trigger values - referred to as ISQG-Low and ISQG-High (Fig. 1.1). In cases
where the ISQG-Low is exceeded, the natural (background) concentrations of the
location are estimated, and if exceedance still occurs, further chemical analyses are
performed which focus on the bioavailability of the metals (e.g. porewater
concentrations and speciation). In cases where the bioavailable component of the
metal(s) exceeds the background concentrations, acute and chronic laboratory toxicity
tests are performed. In these incidences, the ecological risk of the site is then
classified (low-risk, moderately-contaminated or highly-contaminated) using the
findings from the toxicity tests.

l
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Figure 1.1. The decision tree employed in the Interim Sediment Quality Guidelines
for the assessment of contaminated sediments (ANZECC/ARMCANZ, 2000).

Prior to the ISQG's release, it was acknowledged that the guidelines were provisional,
and would require continual refinement subsequent to the collection and review of

relevant scientific information and protocols. A major impediment in developing
regionally-specific guidelines was the paucity of ecotoxicological information
pertaining to native biota under regional environmental conditions. Consequently, the

interim trigger values were derived mainly from a North American dataset (Long et

al., 1995). This data was initially intended to rank sediments, with the low and high
trigger values (effects range-low and effects range-median) representing a 10 % and
50 % statistical probability of a biological effect being observed in one or two species
(mainly amphipods) (ANZECC/ARMCANZ, 2000). There is therefore a high level of
uncertainty when extrapolating this information for the protection of aquatic
ecosystems, especially in a distinctly different biogeographical region such as
Australia. The guidelines also treat each metal individually, negating the potential
additive and synergistic toxicological effects which may result from multiple
contaminants (ANZECCIARMCANZ, 2000).

One of the deficiencies of the current ISQG is that the biological end-points - toxicity
tests - are surrogates for the protection of all biological taxa. From a regulatory view,
this creates the assumption that a lack of expression in the toxicity tests of a few
commonly used and often robust taxa will provide adequate protection for the entire
aquatic ecosystem. Furthermore, the current approaches used to measure the
bioavailability of metals (e.g. speciation) primarily focus on the dissolved fraction of
the metals, and negate other potential metal exposure pathways such as ingestion.

In order to more accurately and precisely assess the risk associated with contaminated
sediments, there is a need to incorporate additional biological end-points which assist
in quantifying the concentrations of bioaccumulated contaminants derived from all
potential exposure pathways (i.e. sediments, waters and ingestion). Furthermore, endpoints need to be developed which are representative of in situ exposure and provide
protection for a majority of taxa. To accommodate these needs, an extension of the
ISQG

decision

tree

(Fig.

1.2,

designed

to

incorporate

the

bioaccumulation/biomagnification of contaminants, as well as community level
responses in benthic macroinvertebrates, was proposed (Simpson et al., in prep). This
approach is analogous with the 'Sediment Quality Triad' (Chapman, 1986). It is the
community component of this decision tree which provided the impetus for the
research discussed in this thesis.
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Figure 1.2. A proposed extended decision tree for the ANZECC/AMCANZ (2000)
Interim Sediment Quality Guidelines for assessing the risk of trace metal
contaminated sediments (Simpson et al., in prep)
Benthic invertebrate communities fulfil1 an essential role in the trophic functioning
and biogeochemical cycling of nutrients and contaminants in estuarine ecosystems
(Rowe, 1971; Jones et al., 1986; Gaston et al., 1998). A reduction in the biological
integrity of these communities can alter the natural functioning of aquatic systems,
with the ramifications extending into the higher trophic groups such as fish and
aquatic avifauna (Newman, 1998). As a result, studying the relationship between
benthic communities and environmental variables has become one of the main tools
for assessing the health and integrity of estuarine systems.

Although many studies have reported metal exposure induced changes to benthic
communities, other intrinsic and extrinsic variables which operate across a broad
range of temporal and spatial scales can also influence the distribution patterns of
benthos, and thus confound the findings (Snelgrove and Butman, 1994; Chapman and
Wang, 2001). These include geomorphological attributes, site history, salinity,
nutrients, unmeasured or co-occumng contaminants, the success of larval settlement,
hydrodynamic processes, and the physico-chemicals properties of the water and
sediment (Grassle and Grassle, 1974; Eckman, 1983; Jones et al., 1986; Underwood
and Fairweather, 1989; Diaz-Castaneda et al., 1993; Hall, 1994; Constable, 1999)
(Hughes et al., 2000; Benedetti-Cecchi et al., 2001 ; Bradbury and Snelgrove, 200 1 ;
Hemandz-Arana et al., 2003.). Advances in statistical techniques, and an increased
understanding in benthic ecology and marine chemistry, have increased our ability to
clarify patterns observed in the field and identify correlative relationships between
benthos and both natural and anthropogenic environmental variables. However, these
observations cannot definitively state causality due to their correlative nature
(Lindegarth and Underwood, 1999).

Recently, there has been an increase in studies employing experimental approaches to
examine the relationship between trace metals and benthic communities, (although
this type of study is still relatively rare) (e.g. Momsey et al., 1996; Warren et al.,
1998; Roach et al., 2000; Lindegarth and Underwood, 2002; Lu and Wu, 2002).
These studies predominantly involve examining the recolonisation of benthos into
sediments derived from contaminated locations or artificially amended (spiked) with
known concentrations of a metal. These studies extend beyond traditional field studies
by establishing hypotheses which are founded on testing the statistical differences
among experimental treatments, and are therefore not correlative.

In situ benthic community experiments have the potential to provide pertinent

information regarding the effects of metals on benthic communities. Under the
appropriate framework, these techniques have the potential to be implemented in risk
assessment programs, or to calibrate findings between chemical measurements,
toxicity tests, bioaccumulation studies and in situ field studies. However, as with all
techniques, there are limitations, problems and confounding issues involved in
employing in situ community experiments (Momsey et al., 1996). These include

temporal and spatial scale differences between experiments and resident benthic
communities; dependence on recolonisation, protocols for spiking sediments; the
influence of the experimental containers; residence times of recolonised fauna; and
differences in sensitivities between adult and larval benthos (Momsey et al., 1996;
Watzin and Roscigno, 1997; Warren et al., 1998; Lindegarth and Underwood, 2002).

As benthic communities are a fundamental component of aquatic ecosystems, and
commonly used in risk assessment studies, there is a pertinent need to clarify the
relationships

between

trace

metals

(including

their

exposure

routes

and

concentrations) and benthic communities. This may include additional investigation to
examine whether concentrations of anthropogenically enriched metals in estuarine
sediments are sufficient to elicit a negative biological effect; clarification (or
validation) of how metal induced stress is expressed at a community level; and
evaluation and validation of the appropriate techniques for assessing the risk of trace
metal contaminated sediments at benthic community level of organisation.

1.2 Aim of the research
The primary aim of the research presented was to provide robust information
regarding the potential effects of elevated concentrations of sediment trace metals on
macroinvertebrate benthic communities in soft, sub-tidal coastal sediments. This
encompassed three broad research objectives:
1) To examine the correlations between benthos and varying concentrations of trace
metal contaminated sediments;
2) To clarify through experimentation (translocation of sediments) the correlative
patterns observed in objective 1 ; and

3) Examine the relationship between benthic communities and sediment-bound
cadmium, whilst addressing some of the potential issues regarding the preparation of
metal-spiked sediments for large in situ experiments.

Chapter 2: Literature Review

2.1. Aim of literature review
The aim of this literature review is to provide a synopsis of the pertinent information
regarding the potential effects of trace metal contaminated sediments on estuarine
macrobenthic invertebrate assemblages. The review focuses on three broad topics:
trace metal biogeochemistry, benthic ecology (including larval recruitment) and
responses of benthic communities to trace metal contaminated sediments.

Due to the enormity of the topic, issues explicitly relating to the bioaccumulation and
metabolism of metals, genetic variability, inter-specific interactions, and population
responses (autecology) are not covered specifically in the review; relevant
information from these fields is embedded into the broader topics, or elaborated
within the discussions of the specific experiment. Some concepts, for example water
temperature, depth and salinity, are reviewed in a limited context with only material
specifically relevant to the study's biogeographical region and estuarine environment,
i.e. a shallow, sub-tidal, soft sediment, temperate marine lagoon.

2.2. Trace metal biogeochemistry
2.2.1 Fundamental biogeochemical processes of estuarinelmarine sediments

Soft-sediments are an important feature of estuarine and marine environments. They
provide refuge for biota, and play a pivotal role in the physical, chemical and
biological systems which maintain these environments. Sediments are heterogenous,
consisting of varying proportions of silts, clays, sands, gravels, shell and organic
matter derived from autochthonous and allochthonous sources (Boudou and Ribeyre,
2000). Interstitial water (or porewater) and its dissolved constituents are also a major
component, making up to 50 % of the sediment's volume (Batley and Giles, 1979).

Sediments act as repositories for both metals and organic contaminants by providing
suitable sites for the adsorption of these contaminants. These include the surficial

coatings of iron and manganese oxides on the claylsilts and organic matter (Kersten
and Forstner, 1989; Lee et al., 1992). Sources of trace metals include dissolved metals
in the water column; the deposition of metal colloids in suspended materials
(including derivatives of air pollution); and the direct deposition of contaminated soils
and sediments (e.g. tailings and the translocation of dredged materials).

Changes in the pH and redox of sediments will influence the ability of claylsilts and
organic material to absorb and desorb trace metals (Fu et al., 1992; Stumm and
Morgan, 1996). Changes in the physico-chemical properties of the sediments are not
only modified by chemical reactions and physical processes, but also by the biological
component which utilises the sediment. Bioturbation and the creation of burrows
alters the horizontal and vertical movement of waters, solutes and sediment particles,
which in turn changes the distribution of fines (and their absorbed contaminants), and
the redox, pH and conductivity of the sediments (Aller, 1983; Matisoff, 1995; Graf
and Rosenberg, 1997; Ciutat and Boudou, 2003). From an ecotoxicological
perspective, it is the interactions between the constituents of the sediments (including
porewaters), biota, and the variability and range of the physico-chemical variables,
which will dictate the partitioning and species of the trace metals, and thus their
bioavailability (Maher et al., 1999).

2.2.2 Adsorption and partitioning of metals in sediments
During diagenesis, the components of the sediment are extensively modified by the
degradation of organic material (Boudou and Ribeyre, 2000). This process is driven
by microbial activity

-

which is dependent upon the source and quantity of organic

material - and the availability of electron acceptors which mediate the reactions (Mill,
1993; Grundl, 1995). Electron acceptors are consumed by the bacteria in their order of
decreasing yield of free energy (02+ NO3-+ ~ e ) ' + ~ n ~ ' SO^^-),
the by-products
+
of which then sustain the metabolic requirements of the bacteria (Nelson et al., 1986).
This initiates in the surficial sediments with the depletion of dissolved oxygen, and
proceeds vertically down the sediment column until either all oxidants or sources of
organic manner are exhausted (Froelich et al., 1979).

The depletion of oxidants (i.e. increase in reducing conditions) within the sediments
produces vertical profiles in redox, pH and trace metal complexes, creating three
hypothetical zones based on redox status: the oxic layer, anoxic zone, and the suboxic layer - the transitional layer between the oxic and anoxic layers (Fig. 2.1). In
reality, the stratification of redox is not as clearly defined as illustrated in Figure 2.1,
with significant variability occurring both vertically and horizontally due to biological
and physical mixing, the distribution of oxidising bacteria, and differences in the
oxidation rates of the major metals (Santschi et al., 1990; Tessier et al., 1994; Guo et
al., 1997; Huettel et al., 2003). For example, manganese has a slower oxidation rate
than iron, resulting in different stratificationpatterns between the two metals (Fig.2.1)
(Di Toro et al., 1990; Maher et al., 1999).

Metal Partitioning

Figure 2.1. Illustration of the stratified changes which occur in oxygen, pH and metal
partitioning in estuarine sediments (image courtesy of Stuart Simpson, CSIRO).

The oxic layer is generally thinner in silty sedirnents than the more porous sands, with
oxygen often only penetrating a few millimetres into the sediment column of the
former (Evangelou, 1998). In this region, trace metals are generally regulated by
adsorption to hydrous iron and manganese oxides, with additional and often weaker
complexes occurring with carbonates, phosphates, sulfides and organic ligands (Fig.
2.1 .) (Farstner, 1982; Di Toro et al., 1990; Ankley et al., 1991; Campbell and Tessier,

2000). Due to its presence at the sediment-water interface, the oxic layer is susceptible
to a wide range of physical, biological and chemical processes, which ultimately
influence metal partitioning (Van Cappellen and Wang, 1995). For example, the
oxidation of Fe(I1) in the porewaters results in an hydrolysis reaction ( 4 ~ e ~
+ 'O2 +
6H20 + 4FeOOH + 8 ~ ' ) , producing porewaters with lower pH than the overlying
water (Stumm and Morgan, 1996; Simpson and Batley, 2003) (Fig. 2.1). This
reduction in pH can potentially liberate trace metals previously bound to metal
complexes (Millward and Moore, 1982; Simpson et al., 2002; Eggleton and Thomas,
2004).

In anoxic sediments, metal partitioning is dominated by iron and manganese sulfides
(FeS and MnS), which are formed by the reduction of sulfate (Stumm and Morgan,
1996; Evangelou, 1998) - the most common form of which is the thermodynamically
stable pyrite (FeS2) (Morse, 1995). Several divalent trace metals, including Pb, Zn,
Cu, Cd and Ni have also been shown to form insoluble sulfide complexes (e.g. PbS
and CdS) (Di Toro et al., 1990; Di Toro et al., 1992). These metals will preferentially
displace iron and manganese due to their lower solubility products ( ~ e +~ FeSe,
'

+

MeS(,, + ~ e ~ (Ankley
')
et al., 1996).

2.2.3 Acid Volatile Sulfide/Simultaneously Extractable Metal (AVS/SEM) model
It is the preferential formation of divalent trace metal sulfides over iron and
manganese sulfides, and the fact that trace metals are more toxic in their ionic (and
dissolved) forms, which provides the theoretical basis of the Acid Volatile Sulfidel
Simultaneously Extractable Metal (AVSJSEM) model (Ankley et al., 1991). The
AVSISEM model proposes that, at equilibrium and under anoxic conditions, trace
metals will form insoluble complexes which significantly reduce porewater
concentrations of divalent metals ( ~ e ~ ' )thereby
,
reducing their bioavailability, and
thus toxicity (Di Toro et al., 1990). The model also recognises that the formation of
divalent metal precipitates (MeS) is sulfide limited. As a result, under conditions
where sulfide concentrations are exhausted (as measured by acid volatile sulfides),
and divalent metals are still in surplus (measured as simultaneously extractable metals
under 0.5 M cold HCI), trace metals may continue to occur in their ionic form in the
porewaters, and therefore are potentially more toxic. Simply, if the millimolar

equivalence of AVS > SEM (ratio > l), then the trace metals should be insoluble, and
the porewaters non-toxic. Conversely, if AVS< SEM (ratio < l), trace metals may still
occur in the porewaters, increasing the potential toxicity of the porewaters.

Several laboratory studies have demonstrated an increased incidence of toxicity under
conditions where SEM concentrations exceed their AVS equivalence, or more
specifically, when significant concentrations of trace metals occurred in the
porewaters (Di Toro et al., 1990; Ankley et al., 1991; Di Toro et al., 1992; Casas and
Crecelius, 1994; Sibley et al., 1996). However, in a freshwater in situ study
employing cadmium-spiked sediments, Warren et al., (1998) found AVSISEM to be
an accurate predicator of cadmium porewater concentrations, but not of
bioaccumulation, nor toxicity as expressed at a community level of organisation. The
AVSISEM model has been criticised regarding its ability to only predict non-toxicity
and not toxicity; its limited use to a select number of divalent metals; questionable
accuracy in predicting the formation of copper sulfides; high variability in
measurements; limited applicability to in situ studies

-

especially in reduced

environments; and over-simplification of complex biological and chemical processes
(Hare et al., 1994; Simpson et al., 1998; Batley et al., 2002). The model is based on
the supposition that porewaters are the primary exposure route for trace metals, an
assumption which has been experimentally refuted (Wang and Fisher, 1999; Wang et
al., 1999).

2.2.4 The effect of bioturbation on sediment biogeochemistry
Not only does the biogeochemistry of sediments influence biota (see section 2.4), but
biota also modify their sediment surroundings. Residence and utilisation of the
sediment by benthos can have a pronounced affect on vertical and horizontal
distributions of solute and sedimentary materials (Gray, 1974; Santschi et al., 1990;
Marinelli and Boudreau, 1996; Graf and Rosenberg, 1997; Widdows et al., 2000). For
example, Fisher et al., (1980) estimated that surficial sediment in Lake Erie were
consumed and defecated by tubificid oligochaetes fourteen times a year. Polychaete
densities of 1000/m2 can have a profound affect on oxidative chemistry, increasing the
surface area of sediments several fold (Kristensen, 1984).

Although a majority of benthic organisms mainly utilise the surficial sediments ( = l 0
cm depth), others, for example thalassinid shrimps, create well oxygenated burrows
which can penetrate deep (>l metre) into anoxic sediments, effectively producing
interstitial conditions similar to that of the overlying waters (Coelho et al., 2000). So
too in the case of some thyasirid bivalves (e.g. Thyasira sarsi), which actively exploit
deep, sulphidic sediments to facilitate symbiotic relationships with sulphur-oxidising
bacteria residing in their gills, whilst simultaneously drawing in oxygenated waters to
accommodate their own needs (Dando and Spiro, 1993; Dufour and Felbeck, 2003).
The utilisation of burrows can also have a reductive effect on sediment chemistry. For
example, burrows of the crab Helice crassa have been shown to promote the vertical
movement of FeS2 derived from anoxic sediments, increasing concentrations of FeS2
in the surficial sediments, and diminishing the oxidative effects of bioturbation
(Momsey et al., 1999).

As can be expected, the penetration of alkaline and oxic waters into reduced
sediments, and upward movement of anoxic sediment to oxidised regions of the
sediment column can alter the variables which influence metal partitioning (Matisoff,
1995). Bioturbation by polychaetes in contaminated sediments has been shown to
increase fluxes of zinc and arsenic into the overlying waters (Renfro, 1973; Riedel et
al., 1989). The transfer of cadmium fiom the water column into previously
contaminated sediments has also been observed in bioturbated sediments, with
cadmium most likely absorbing to iron and manganese oxides, and the oxygenated
mucus-lining of the burrows (Petersen et al., 1998). Furthermore, the findings of this
study indicated that the extent to which cadmium absorbed onto the sediments was
species specific.

The distributions of fines and their absorbed contaminants can also be redistributed
through the sediments and water interface by the biological reworking of sediments
(Aller, 1982; Green and Chandler, 1994; Sundelin and Eriksson, 2001; Ciutat and
Boudou, 2003). This potentially alters the concentrations and bioavailability of the
trace metals which benthos are exposed to, especially in the case of those taxa which
are susceptible to bioaccumulation through sediment ingestion (e.g. deposit-feeders)
or filtration of freshly oxidised sediments (e.(van Roon, 1999; Sundelin and Eriksson,
200 1).

Although the precise effects benthic community induced bioturbation may have on
trace metals is difficult to predict, it can be assumed that this process has the potential
to produce an array of spatially and temporally complex patterns in the distribution of
metals and the key variables which ultimately influence metal bioavailability.

2.3. The ecology of estuarine macrobenthic fauna
2.3.1. The ecological importance of macrobenthic fauna
In the context of this thesis, the term 'benthic estuarine macroinvertebrate
communities' (and the synonyms: benthic communities, macroinvertebrates or
benthos) refers to those communities of estuarine/marine invertebrates which inhabit
or utilise the sedimentlwater interface (epibenthic) andor the body of unconsolidated
sediments (infauna). Although an arbitrary term, macroinvertebrates refers to those
animals which, when sampled, are retained on a sieve size range of 500-1000 pm
(Holme, 197 1).

Benthic communities are a critical component of estuarine and marine ecosystems.
They influence surface productivity; alter the physical and chemical condition of the
sediment and sediment-water interface; and transfer energy to higher trophic levels
(Rowe, 1971; Jones et al., 1986; Gaston et al., 1998). Commonly used in estuarine
sediment contaminant assessment studies, benthic communities are composed of
fauna which exploit sediments in a myriad of ways, leading to different potential
metal exposure routes; are relatively sedentary in comparison to other fauna (e.g.
fish); can be quantitatively sampled; taxa rich (often >l00 species); contain a range of
life-spans; and represent a variety of niches and life-cycles (White, 1988; Dauer,
1993; Warwick, 1993). Furthermore, benthic communities inhabit environments
which are susceptible to anthropogenically elevated concentrations of contaminants
(Jones et al., 1 986).

2.3.2. The influence of environmental variables of benthic communities
Benthic community composition can be influenced by many environmental variables
which are often heterogenous and auto-correlated (Gray, 1974; Snelgove and

Butman, 1994; Chapman and Wang, 2001). Understanding the variables which
naturally modify the distributions and variances of benthic organisms is essential for
two main reasons. Firstly, it enables the selection of suitable locations and timeframes to measure benthic community structure, and thereby define the parameters
used to develop the study's experimental design (Thrush, 1991). Secondly, the
information provides a framework for hypothesising the potential toxicological endpoints of the study

-

i.e. identifying those responses which are not indicative of the

natural functioning of the system (Underwood et al., 2000).

Salinity
Salinity can dictate the composition and abundance of benthic organisms by placing
physiological limitations upon organisms (Cognetti and Maltagliati, 2000).
Homosmotic organisms can regulate the ionic composition of their body fluids
through osmoregulation, permitting an animal to create an internal environment which
is more (hyperosmotic) or less (hyposmotic) ionic than the external environment
(Perkins, 1974). Organisms which can osmoregulate across a broad salinity range are
classified as euryahaline, whilst stenohaline are limited to a narrower salinity range
(Perkins, 1974). Some estuarine organisms lack the ability to effectively osmoregulate
(poikilosmotic forms), and subsequently rely on behavioural patterns to adapt to
dynamic changes in salinity, e.g. the closing of bivalve shells, burial or tidal migration
(Perkins, 1974; Anderson, 1994).

Differences in abilities among benthic organisms to acclimatise to various salinities
are commonly reflected at a community level. For example, Jones et al., (1986)
found salinity to be the strongest correlate of community structure in the Hawkesbury
Estuary, NSW Australia. Communities tend to be species rich under a stable marine
salinity (30-34 %o), with richness declining towards a salinity range of approximately

5- 8

%O

(Fig. 2.2) (Kennish, 1990; Gaston et al., 1998; Cognetti and Maltagliati,

2000). This trend has been regionally supported by an extensive benthic study
encompassing 81 sites in 29 estuaries along the south-east coast of Australia
(Moverley and Hirst, 1999). Gaston et al., (1998) also reported a correlation between
salinity and evenness among trophic (functional) groups; with stable, high salinity
environments supporting a more diverse and even assemblage of trophic groups,

whilst low salinity environments were generally dominated by deposit feeding
annelids.

Tidal or seasonal fluctuations in salinity can also have a profound effect on benthic
communities. Under highly dynamic salinity patterns, diversity is primarily reduced;
however, less undulant changes (e.g. 15-30 !%m) appear to have little effect on diversity
(Cognetti and Maltagliati, 2000). Consequently, environments which contain a stable,
marine-like salinity generally contain a more diverse and even fauna1 composition,
whilst more dynamic or brackish systems generally contain a less diverse fauna
(Weate and Hutchings, 1977; Wolff, 1983; Mannino and Montaga, 1997; Gaston et
al., 1998). In the latter, the fauna characteristically comprises of relatively robust and

often opportunistic taxa such as capitellid and spionid polychaetes, and mytilid and
hydrobiid molluscs (Pearson and Rosenberg, 1978; Platell, 1996; Cognetti and
Maltagliati, 2000; Mikac, 200 1).

(36 %o)
Marine

Salinity

(0 %o)
Freshwater

Figure 2.2. Changes in species richness with salinity (modified From Cognetti and
Maltagliati (2000)).

Grandometry
Sediment is more than just a habitat for macrobenthic invertebrates. Many species
utilise it for locomotion; protection from predators and the environment; as a structure
for burrowing or case building; and as a source of food, as in the case of depositfeeding organisms (Hartnoll, 1983). The relationship between grain size and
community structure has been extensively studied, with grain size frequently reported
as a major factor in determining the structure of many benthic communities (Sanders,
1958; Boesch, 1973; Whitlach, l98 1). An early study by Wieser (1959) suggested that
the proportion of sediment above and below 200 pm was a critical factor in
determining benthic communities, as a high proportion of sediment below 200 pm
would restrict the presence of interstitial taxa. This was later rejected by Crisp and
Williams (1971), who found no relationship between interstitial space and grain size
and the abundance of macrobenthic organisms. More historically embedded in
macrobenthic studies was the assumption that grain size was a pivotal factor in the
distribution of macrobenthic invertebrates among different feeding guilds, with the
underpinning conjecture that suspension-feeders are predominantly found in sandy
environments, and deposit feeders in softer, siltier sediments (Sanders, 1958; Sanders,
1960; Fauchald and Jumars, 1979; Whitlach, 1981). Although grain size may inhibit
the ability of some taxa to inhabit an environment, e.g. restrict the consumption of
sedimentary particles due to small mouth parts, or the clogging of gills in turbid
sediment-water interfaces (Rhoads and Young, 1970), populations of many taxon are
not confined to specific grain size ranges (Gray, 1974).

Jansson (1967) suggested that grain size could be viewed as a 'super parameter': a
variable, strongly correlated with the other variables which may be important in
controlling the distribution of benthos e.g. dissolved oxygen, salinity, organic matter
and porosity. A review by Gray (1974) on animal-sediment relations further supported
this hypothesis, showing that larval interactions with the sediment, as well structural
and environmental complexity and stability, were important factors influencing the
distributions and compositions of sedimentary communities.

In a comprehensive review, Snelgrove and Butman (1994) found little evidence to
suggest that grain size per se influenced macroinvertebrate distributions. The authors
strongly rejected the notion that filter-feeders and suspension-feeders predominate in

sandy and silty habitats, respectively; and inferred that previous distribution
assumptions based solely on grain size may have arisen from a priori hypotheses
founded on testing this relationship, whilst negating the confounding influence of
other important variables such as food availability, porewater chemistry and structural
complexity. The authors further suggested that a more integrated understanding of
macrobenthic communities was required, one which encapsulated the dynamics of
sedimentary environments, and the coupling of this system with hydrodynamic
processes. Although important to established benthic communities, the concept of
sedimentary-hydrodynamic coupling is later discussed in the context of larval
processes (section 2.4).

Additional important environmentalfactors
Organic matter is the primary food source for a majority of benthic invertebrates,
either directly through ingestion, or via resuspension in the case suspension-feeders
(Perkins, 1974; Robertson and Hatcher, 1994). As clays bind organic matter, it has
been suggested that the higher abundance of fauna may be attributed to higher organic
content in fine sediments (Snelgrove and Butman, 1994). Food is considered to be
limiting factor in the regulation of some benthic communities, with patterns in
biomass and distribution CO-occumng with food availability (Gray, 1974; Thrush,
1991; Hagberg and Tunberg, 2000; Peeters et al., 2004). However, food does not
always constrain the distribution of benthos. For example, in a study on a series of
marine lagoons, Barnes and de Villiers (2000) found no relationship between the
abundance of deposit-feeders and food (as measured by sediment concentrations of
chlorophyll a), suggesting that the abundance of benthos was being regulated by other
variables (e.g. predation), thus preventing the community ever exceeding its carrying
capacity. Conversely, under conditions of significant organic enrichment, extensive
microbial breakdown of the organic matter can result in low oxygen or hypoxic
environments (Hartnoll, 1983; Momsey, 1995). Depending on the extent of
eutrophication and redox status of the overlying waters and sediments, this can reduce
the diversity of the fauna, and under more extreme conditions result in defaunation
(Wu, 1982; Breitburg, 1992; Dauer et al., 1993).

The structural complexity of the sediment surface can also influence the abundance
and diversity of benthic communities. For example, seagrass beds have been shown to

support

significantly

more

productive

and

species-rich

macroinvertebrate

communities than similar unvegetated substrates (Powis and Robinson, 1980; Poore,
1982; Robinson, 1982; Stoner et al., 1983; Platell, 1996). This is consistent with
classical ecological theory which predicts that in complex habitats diversity will be
promoted through an increase in habitat stability (e.g. protection from wave action);
greater protection from predation; the creation of niches (habitat and resources) which
can support specialist taxa (narrow niche) and inter-specific mutual relationships; and
a reduction in the competitive displacement by robust, generalist (broad niche) species
due to an increase in resources (e.g. food and habitat) (McArthur, 1965; Emlen, 1973;
Krebs, 1994). Structural changes to the sediment's substrate (e.g. vegetation and
polychaete tubes) also modifies the hydrodynamics near the sediment-water interface,
and consequently influences the settlement and habitat of residing benthos, and the
deposition of detrital and sedimentary material (Barry and Dayton, 1991).

2.3.3. Spatial and temporal patterns in benthic communities
The spatial distribution of benthic organisms is neither random or regular, but patchy
or contagious (sample variance is significantly greater than the sample mean), with
aggregation often differing among samples and taxa (Thrush, 1991; Underwood,
1996). This is expected, as the abiotic and biotic variables which influence
community structure are also non-uniformly dispersed across space and time (Menge
and Olson, 1990; McArdle and Anderson, 2004). Thus it makes it impossible to find a
single mathematical distribution that fits these patterns (Underwood et al., 2000).

As previously indicated, the spatial distribution of macrobenthos has been to shown to
strongly covary with a suite of environmental variables (e.g. salinity, granulometry,
hydrodynamics and vegetation), with spatial variation being observed at scales from
metres to biogeographical zones (Morrisey et al., 1992a; Poore, 1994; Palmer et al.,
1996; Hernandz-Arana et al., 2003). Across large spatial scales, large thermal fronts,
such as the East Australian Current, can have a profound influence on the distribution
of biota along the eastern coast of Australia, with increases in diversity being
observed at the boundaries of warm eddies (e.g. Lake Macquarie) (Gibbs, 1986).

On a smaller scale, disturbances events, both exogenous (e.g. changes to physicochemistry of waters, and the physical movement of waters and sediment) and

endogenous (predation, competition, recruitment and disease) can result in patchy,
heterogeneous distributions (Gray, 1974; Peterson, 1979; Pickett and White, 1985;
Hall, 1 994; 0lafsson et al., 1994; Zajac et al., 1 998; Widdicombe et al., 2000; Desroy
and RetiCre, 2003). Structural changes along the sediment-water interface (e.g. rocks,
topography, vegetation and external burrows) modify hydrodynamic forces, affecting
the settlement and preferential residence of benthos, stability and food availability
(Gray, 1974; Thistle, l98 1 ; Hartnoll, 1983; Butman, 1987; Snelgrove and Butman,
1994). Some disturbance events are relatively rare, but have the potential to
significantly affect a broad range of taxa (e.g. storms or freshwater run-off); whilst
other events may be more spatially isolated and taxa specific (e.g. competition within
a microhabitat) (Butler, 1994). However, the ramification of a disturbance may not be
restricted to modifying the spatial distributions of benthos, with the type, length and
scale of the disturbance also influencing the temporal patterns (Glasby and
Underwood, 1996).

Variations in community structure have been observed across a variety of temporal
scales (Livingston, 1987; Momsey et al., 1 992b; Ghertsos et al., 2000; HemandzArana et al., 2003). In a study employing a hierarchical sampling design, Momsey et
al., (1992) found significant variations in benthic taxa among days, weeks, months
and seasons; although temporal patterns were not consistent for all taxa. Temporal
changes in benthic communities can be influenced by inter-annual fluctuations
(temperature and rainfall), as well as broader-scale oscillation events such as El Nino
(Robinson, 1982; Jones, 1987; Bany and Dayton, 199 1). Inter-annual fluctuation in
temperature and rainfall often result in dramatic changes in the physico-chemistry and
biogeochemistry of the water column and sediments which can limit the distribution
of macrobenthic communities (Powis and Robinson, 1980; Stora and Arnoux, 1983;
Flemer et al., 1999). In Lake Macquarie (NSW), large rain events can cause the
waters to become heavily stratified, creating hypoxic conditions near the sedimentwater interface (MacIntrye, 1959). Seasonal hypoxic events, even if short in duration,
can have long-term ramifications on the composition of the fauna1 by altering the
recovery of the community through various successional patterns, potentially altering
the trajectory of the community (Gaston, 1985; Powilleit and Kube, 1999).

The importance of seasonal fluctuations in water temperate for the induction of
reproductive development and spawning has been established for some time (e.g.
Orton, 1920). Although there are many exceptions, marine invertebrates generally
spawn during the warmer periods after an extensive period of gametogenic
development (Geise, 1959; Grassle and Grassle, 1974). Research has shown that in
some extensively distributed species the spawning time may differ across
biogeographical regions; however, the thermal conditions are similar (Bhaud et al.,
1995). The thermally mitigated reproduction of marine invertebrates often results in
strong sequential patterns of recruitment and mortality (Stora and Arnoux, 1983;
Platell, 1996). In the Sydney region, macrobenthic invertebrate diversity and
abundance have been shown to be greatest during the summer, subsequent to the
maturation period of the spring cohorts (Marcus Scammel unpublished, Sydney
Water). This pattern has also been observed in other locations along the south-east
coast of Australia (Caughan and Potter, 1995). Departures from this pattern have been
observed in species which do not have a pelagic larval stage (e.g. the bivalve
Hydrococcus brazieri and Arthritica semen), with higher abundances for these taxa
being reported during winter (Wells and Threlfall, 1982). Similarly, in poorly flushed
environments (e.g. seasonal opened lagoons), lower abundances in the polychaete
Capitella spp. have been reported after spring, with the declines being correlated with
declines in salinity (Platell, 1996).

Subtle responses in the distribution of benthos may also occur seasonally. For
example, Ford et al., (1999) inferred that seasonal variations in the recolonisation of
disturbed sandy beaches may be partially due to seasonal differences in the
breakdown of organic material, with different species prefemng organic material in
varying stages of decomposition. Prior to the establishment of newly developed
recruits, biotic processes such as competition and predation can also become major
factors in the temporal structuring of benthic communities (Santos and Simon, 1980;
0lafsson et al., 1994; Osman and Whitlatch, 1998; Hughes et al., 2000; Franschette et
al., 2003). These processes appear to be less predictive than broader-scale responses,
with the dominance of specific taxa often being attributed to a stochastic event
(Hagberg et al., 2003).

Both the spatial and temporal patterns of benthic communities are influenced by a
broad suite of endogenous and exogenous factors which operate heterogeneously
across a variety of scales. Large spatial changes appear to be dominated by large
exogenous factors such as sediment type and biogeographical regions, whilst more
endogenous processes influence the spatial distributions of benthos on smaller scales.
Similarly, pronounced inter- and intra-annual events appear to initially dominate
temporal patterns in benthos, with biotic processes often ovemding these patterns
under less dynamic conditions. As emphasised by several authors, spatial and
temporal variability are difficult to partition, as both variables are confounded by their
interactions (Momsey et al., 1992a; Momsey et al., 1 992b; Thrush et al., 1994;
Benedetti-Cecchi et al., 2001). Furthermore, there is a need to incorporate the concept
of disturbance (both exogenic and endogenic) into the sampling programs and
experiments which investigate the spatial and temporal distribution of benthos (Butler,
1994; Glasby and Underwood, 1996; Constable, 1999).

2.3.4. Larval recruitment processes
Early studies of benthic communities generally negated the importance of larval
ecology, with recruitment considered to be a random process (Peterson, 1910 op cite
Gray, 1974). This concept has since been rejected, with Thoroson (1957 op cite Gray
1974) suggesting that post-settlement larval communities would bear no resemblance
to established adult communities if larval settlement was purely random. Numerous
studies have since demonstrated that larval settlement is not random, but rather a
complex mixture of abiotic and biotic processes which is reflected in the preferential
selection of certain habitats by various species (Turner et al., 1997; Ellien et al., 2000;
Pinedo et al., 2000). Spatially, these are expressed as patchy or contagious patterns,
which are generally highly variable in their biotic composition (Thrush, 1991).

The life cycles of estuarinelmarine benthic invertebrates are highly diverse and
complex, and often poorly understood. Although no singular approach can encompass
the broad suite of larval dispersal and recruitment processes, the underpinning
approach taken here is based on Eckman's (1996) 'idealistic conceptual model of a
marinelestuarine invertebrate'. In this model, an atypical sofi-bottom invertebrate's
life-cycle includes a pelagic, egg or planktonic larval phase; a pre-settlement

competent larval stage; a bottom dwelling juvenile phase; an adult phase; and a
reproductively mature adult stage. During each phase, organisms are exposed to a
variety of physical, chemical and biological cues and processes, which, individually
and in concert, will affect the duration of each stage, and the probability of transition
to the next stage (Eckman, 1996).

The predominant form of marine invertebrate larvae is that of a pelagic form
(Bradbury and Snelgrove, 2001). As in the case of other suspended materials, pelagic
larvae are subjected to the ovemding forces of mesco-scale hydrodynamic and
meteorological processes such as winds and currents (Farrell et al., 1991). As a result,
larval dispersal can occur over intra and inter-oceanic distances (Scheltema, 1986).
Under more localised distances, the dominance of mesco-scale disturbances (tides,
and localised winds and currents) can be reflected in the make-up of passively
dispersed larval communities (Farrell et al., 1991 ; Turner et al., 1997; Bradbury and
Snelgrove, 2001). For example, in the English Channel, data modelled from 25 years
of surveying the polychaete Pectinaria koreni found that larval dispersal was
primarily controlled by tidal advection and eddy difhsion (Ellien et al., 2000).

Passive processes can also transfer larvae between patches contained within a specific
location such as a marine lagoon or estuary, with larval retention remaining high
during periods of low tidal advection and minimal wind activity (Palmer et al., 1996;
Ellien et al., 2000; Bradbury and Snelgrove, 2001). Smaller scale hydrodynamic
processes also affect the ability of larvae to settle on a particular substrate. This
primarily occurs at the sedimentlwater interface, where the horizontal velocity of the
water can be constricted via Friction with the substrate

-

including rocks, sediment,

vegetation and debris (Eckman, 1983; Snelgrove and Butman, 1994; Roegner et al.,
1995). Hydrodynamic forces near the sedimenttwater interface often exceed the
swimming capacity of most larvae (Butman et al., 1988). To compensate these forces,
larvae may utilise vertical currents to move between potential areas of settlement
(Grassle et al., 1992).

Following contact with a potential site, active selection processes may dominate over
passive processes, with larvae either rejecting or selecting the site as suitable habitat
(Eckman, 1983). If rejected, the larvae may remain in a planktonic state and re-enter

the water column (Cha and Bhaud, 2000). If the site is accepted and the animal is not
constrained by hydrodynamic processes, the larvae may enter a period of
metamorphoses (Snelgrove and Butman, 1994). As indicated in Eckman's model
(Eckmann, 1996), this process generally involves two stages, a pre-reproductive
juvenile form, followed by a reproductively viable adult form.

The active component of site selection appears to be a response to a mixture of biotic,
chemical, behavioural and physiological processes. These may include specific water
quality requirements (e.g. salinity, pH, temperature, turbidity and dissolved oxygen);
structural, biological and chemical components of the substrate; waterborne chemical
cues; and intra- and inter-specific interactions (Keough and Raimondi, 1995;
Snelgrove, 1999; Browne and Zimmer, 2001 ; Stocks and Grassle, 200 1; Harder et al.,
2002). Although the role of salinity and temperature can easily be explained by the
physiological limitations of the organisms, ascertaining the relative si~mificanceof the
other factors is far more complex.

Experimental flow studies have demonstrated a preference for substrates with specific
textures or sediment compositions by many species, whilst other species appear to be
less selective (Butrnan et al., 1988; Keough and Raimondi, 1995; Stoner et al., 1996).
Although no single characteristic of the sediment or water column can be assumed to
be solely responsible for active site selection, organic content has been shown to play
an important role (Butman et al., 1988). In flow experiments, Butman (1988) found
larval Capitella polychaetes to have a preference for sites based on their organic
content rather than grain size. It has been suggested that restrictions on grain size may
often be a correlate of food availability, with smaller grain sizes generally having a
higher organic content, whilst also being more suitable for larvae with small mouth
parts (Snelgrove and Butman, 1994). Conversely, an in situ study employing the
recolonisation of defaunated sediments in Hong Kong found grain size was only
important in the recolonisation of two taxa (bivalves and gastropods), and did not
affect polychaete and amphipod abundances, nor the overall species richness and
evenness (Wu and Shin, 1997). These findings suggest that biotic factors such as
larval/adult availability and abundances may be more important than abiotic factors
under field conditions.

Biology can also play a pivotal role in the dispersal and final settlement of a species.
Typically, increases in planktonic duration and the survival capacity of larvae will
increase dispersal (Bradbury and Snelgrove, 2001). Planktonic duration can also be
controlled by abiotic factors, with a strong inverse relationship being identified
between temperature and larval stage duration (Thorson, 1961). This infers that larvae
being transported in currents that warm as they progress may transport propagules
shorter distances than currents which cool as they progress (Bradbury and Snelgrove,
200 1).

Lengthened competency stages or an increase in swimming ability may also be an
attribute of some larval species with need to actively seek specific habitat
requirements (Eckman, 1996; Bradbury and Snelgrove, 2001). In addition, laboratory
studies have observed the ability of many taxa to delay their metamorphosis; however,
the importance of this attribute has yet to be established in situ (Stoner et al., 1996;
Bradbury and Snelgrove, 2001).

One of the more contentious issues regarding larval ecology is the role of variable
larval recruitment on the structure and maintenance of benthic communities. A
number of studies have suggested that patterns in egg and larval distribution can have
a significant consequence for recruitment and population stability (Bradbury and
Snelgrove, 2001). However an extensive review by 0lfasson et al., (1994) concluded
that post-settlement processes such as larval efflux, disturbance, competition,
predation, and food availability are more important in the maintenance of benthic
communities than the supply of recruits. Although it can be assumed that larval
recruitment must have some influence on the spatial and temporal structures of
benthic communities, further research linking larval recruitment to benthic
communities is required before generalist assumptions can be made.

2.4 Response of macrobenthic communities to trace metals
2.4.1 Trace metal exposure routes, bioavailability and accumulation

Trace metals can be found in both dissolved and insoluble forms in a variety of media,
e.g. overlying waters, biological material (living and detrital), sediments, suspended

material and porewaters (Sadiq, 1992; Wang and Fisher, 1999; Wang et al., 1999;
Hare et al., 2001). The primary routes for exposure to benthic organisms is through
the ingestion of sediments and food (alive and detrital material), consumption of
contaminated waters (e.g. siphoning), and direct contact with contaminated media
(Phillips and Rainbow, 1993; Rainbow, 1997; Wang and Fisher, 1999; Hare et al.,
2003). Although the sources for trace metal exposure differ among species, life-stages
and environments, it is the dose - the amount which enters the tissues of the animal which initiates a toxicological response (Luoma, 1996). As a result, toxicological
responses are dose-dependant, and constrained by the bioavailability of the metals.

From a benthos perspective, bioavailability is determined by the physical and
chemical processes which control the absorption and complexation of metals, and
biological processes which operate on the surface or within the animal (Borgmann,
2000). Bioavailability can be difficult to directly relate to toxicity, as it is high
variable and difficult to measure. A number of approaches are used to estimate the
bioavailable Fraction of metals (e.g. AVSISEM and gut-acid digestions); nonetheless,
these techniques are surrogates, and thus have limitations (Batley et al., 2002).

2.4.2 Soft-sediment benthic communities as an ecotoxicological end-point
Response to race metal exposure manifest across increasing levels of biological
organisation, biochemical and cellular responses, to individuals, populations,
communities and ecosystems (Bayne, 1985; Chapman, 1995). While all biological
levels are commonly studied, the community level is the most frequently used in field
ecotoxicological studies as it reflects a wide range of direct and indirect responses to
contaminants. Direct effects include changes in the composition and relative
abundances of taxa due to differences in sensitivities among taxa and life-cycles
(Washington, 1984; Antrill and Depledge, 1997). Indirect effects may arise from
changes in fecundity, alterations to food-webs, and the cascading effects caused by
the loss or increased prevalence of certain taxa (Fleeger et al., 2003). As responses
vary within and among species, and are influenced by the temporal and spatial
availability of the contaminant, bioassays using community end-points are designed to
reflect the integrated responses of these complex interactions (Gray, 1989; Clements
and Kifhey, 1993; Luoma and Ho, 1993). Unlike lower levels of organisation,

changes at a community level can be extrapolated to the ecosystem scale (Antrill and
Depledge,

1997). It is their ecological relevance and holistic response to

environmental contaminants which makes benthic communities an important and
viable tool for risk assessment (Bilyard, 1987; Warwick, 1993).

Studies at all levels of biological organisation have their advantages and limitations.
In contrast to laboratory toxicity tests, community level field studies are locationspecific, objective specific, subject to a high degree of spatial and temporal
variability, and generally confounded by a complex and heterogeneous mixture of
intrinsic and extrinsic factors, with the latter often making it difficult to discriminate
between natural (e.g. salinity, seasonal hypoxia) and contaminant induced changes
(Ankley, 1997; Rosenberg et al., 1997). The ability for natural disturbances to obscure
anthropogenic-induced changes in benthic assemblages is common in estuarine
studies (e.g. Wu, 1982; Nipper et al., 1998; Saiz-Salinas and Gonzalez-Oreja, 2000;
Mistri et al., 2001; Morrisey et al., 2003). For example, in a comprehensive
assessment of North Carolina's estuaries, Hyland et al., (2000) found 27 % of the
region studied contained impaired benthic assemblages where no significant
concentrations of contaminants were identified, suggesting the influence of natural
disturbances andlor unmeasured contaminants.

Field studies are inherently expensive and time-consuming, and thus a well-defined
and systematic approach is essential. Failure to do so can result in irrelevant, highly
ambiguous and incorrect findings, which subsequently provide management with poor
or incorrect decision-making tools (Underwood, 1997). Nevertheless, field studies
provide a critical link in risk assessment, reflecting the collective response of a broad
suite of taxa under ecologically relevant and often dynamic conditions. Community
studies require little outlay for equipment, and do not need highly-specialised
laboratories (and analytical equipment) as in the case of biochemical and cellular
markers.

Cairns et al., (1993) criticised multi-species end-points (including communities),
stating that they lacked agreeable end-points, are expensive, and are no more sensitive
than single-species assays. Nevertheless, multiple species assays have not been shown
to be less sensitive (i.e. accurate) than single-species or biochemical assays, although

replication, and thus the precision, of multi-species assays has yet to be established
(Bayne et al., 1988; Warwick, 1993).

A major disadvantage of monitoring trace metal perturbation at a community level is

that the approach does not provide an early warning to contamination, but rather
reflects the ramifications of contaminant induced perturbation (Magni, 2003). When
performed in conjunction with other tests (e.g. chemical andlor laboratory toxicity
assays), the information obtained from community studies can be effectively
integrated into an approach which utilises multiple lines of evidence to increase
confidence of assessing the causality of putative contaminants and the potential
ecological risks (Bailer et al., 2002; Batley et al., 2002; Burton et al., 2002).
Examples of this include the triad approach and Weight-of-Evidence decision
framework (Table 2.1) (Chapman et al., 1987; Grapentine et al., 2002). These
approaches affirm the need to assess the risks associated with metals using chemical
and environmental analysis, and ecological end-points which encompass several
biological levels of organisation; emphasising that no singular approach can
effectively and confidently assess the complex interactions between metals and biota
across time and space.

Table 2.1. A tabulated example using multiple lines of evidence to assess the
ecological risks of locations under a variety of scenarios (modified from Chapman,
1990).

Strong evidence for no contamination
Contaminants unavailable
Unmeasured chemicals or conditions exist with potential to cause
contamination and resistance may have developed
Alteration not due to chemical contamination
Toxic chemicals stressing system but resistance has developed
Unmeasured toxic chemicals causing contamination
Chemicals are not bioavailable or alteration is not due to toxic
chemicals

2.4.3 Detecting and measuring ecological stress
Community responses to metal induced stress are founded on general ecological
disturbance theories and hypotheses associated with natural and anthropogenic
disturbances, and are therefore not contaminant specific (Warwick, 1986).
Community responses in benthic assemblages are normally examined through in situ
observations (correlations between contaminants and structural changes to
communities); however, in recent years there has been an increase in manipulative
field experiments which attempt to establish a direct relationship between a prescribed
concentration of contaminant(s) and community structure (e.g. Momsey et al., 1996;
Warren et al., 1998; Roach et al., 2000; Stark et al., 2003). In both cases,
communities are commonly measured using a suite of univariate measurements (e.g.
diversity, abundance, evenness), andtor multivariate techniques (e.g. ordination
techniques such as non-metric multidimensional scaling), and to lesser degree,
graphical techniques (e.g. abundance-biomass curves).

Univariate measurements
Univariate measurements are frequently used to summarise the structural attributes of
a community, and generally include the total number of individuals; indices for
richness, diversity, evenness; and the abundance of a priori selected taxa (Antrill and
Depledge, 1997; Clements, 1997a). These variables are usually simple to calculate,
and amenable to several commonly used statistical techniques (ANOVA, correlation
and regression analyses) (Clarke and Warwick, 1994). In order to provide statistically
robust interpretations, measurements need to show a high level of response to
contamination, and possess a low level of natural variability, thereby reducing the
uncertainty associated with a small number of samples (Karr, 1981 ; Dauer, 1993).

Measurements of the abundance of specific taxon (populations) and total abundance
(the cumulative of all taxa) have been shown to both increase and decrease in
response to contaminants. A decline in abundance can be expected, as exposure to
increased concentrations of metals can amplify the incidence of mortality; reduce the
physiological condition of animals, resulting in a decline in fecundity; and increase
susceptibility to disease and other disturbances (Newman, 1998). Although declines in

abundances have been observed across all course taxonomic groups (e.g. polychaetes,
decapods, bivalves, gastropods), some taxa appear to be more intolerant than others
(Multer et al., 1981; Warwick et al., 1990; Ward and Hutchings, 1996; Stark, 1998;
Lindegarth and Hoskin, 2001; Stark et al., 2003; Guerra-Garcia and Garcia-Gomez,
2004). For example, amphipods are frequently scarce or absent in contaminated
environments (Behan-Santini, 1980; Rand and Petrocelli, 1985; Warwick, 200 1).
Conversely, some taxa appear to be relatively resilient to metals and other
contaminants due to genetic selection (e.g. physiological adaptations), and can thrive
under conditions of attenuated inter-specific competition and increased resources (e.g.
food and shelter) (Bryan and Hummerstone, 1973; Luoma et al., 1983). For example,
polychaetes From the Capitellidae family have regularly been observed in high
numbers and biomass in locations with enriched concentrations of metals, organics
and nutrients (Grassle and Grassle, l976 Pearson, l978 #5 16; Tsutsumi, 1990; Ward
and Hutchings, 1996).

The numeric dominance of deposit-feeding taxa such as Capitellidae often reflects a
shift From larger, iteroparous k-selected species in stable, unpolluted environments, to
small-bodied, short-lived and highly fecund r-selected species in contaminated and
disturbed environments (Pianka, 1970; Weston, 1 WO). In cases of nutrient
enrichment, the shift from k- to r-selected species can result in an overall increase in
the total abundance of individuals within a population, possibly due to a concurrent
increase in the availability of food used by deposit-feeders (Pearson and Rosenberg,
1978; Tsutsumi, 1990). However, there is little evidence to suggest that this response
is elicited in cases of trace metal contamination.

The differential loss, replacement, proliferation and relative abundance of taxa are
represented in indices of diversity, richness and evenness, with a decline in these
indices often symptomatic of ecological stress (Newman, 1998; Rogers and Hsu,
2001). The underpinning assumption is that pollutants can induce stress which affects
the structure and stability of communities, which is subsequently observed as a
change in the number of species, and their relative abundances (Krassulya, 2001).

The simplest measurement of diversity is species (or taxa) richness. However, this
measurement has three serious limitations (Krebs, 1999). Firstly, it is improbable that

all species will be counted. Secondly, the boundary for the community being
quantified is arbitrarily defined in space and time, and the number of individuals
sampled. Thirdly, the measurement negates the concept of heterogeneity, and the
relative abundance of each species. Alternate measurements of diversity have been
developed which individually measure or encompass the concepts of richness, sample
size and evenness, producing an array of parametric and non-parametric indices (e.g.
Shannon-Weiner Index, Simpson's Index, Pielou's Evenness) (Shannon and Weaver,
1963; Pielou, 1966; Clarke and Warwick, 1994; Krebs, 1994). Numerous studies have
shown a strong correlation between many of these variables and an increase in the
concentration of contaminants, and consequently these measurements continue to
form the basis of many benthic community studies (e.g. Rygg, 1985; Gray et al.,
1990; Stark, 1998; Lindegarth and Hoskins, 200 1).

Although commonly used, there is much criticism of univariate measurements due to
the loss of information which occurs when assemblages are reduced to a series of
variables (Matthews et al., 1996). For example, two locations may have similar levels
of diversity, even though the locations contain very different taxa. There is also some
concerns about the suitability of applying these measurements to standard univariate
statistical techniques (e.g. ANOVA), as their distributions often deviate from the
assumptions of normality and the homogeneity of variances which underlie these
techniques (McArdle and Anderson, 2004). Nevertheless, many univariate
measurements are founded on frequently observed ecological observations and
hypotheses, and commonly provide relevant information which may aid in
discriminating between putatively impacted and unimpacted locations

Multivariate measurements
In recent years there has been a substantial increase in the use of multivariate
techniques in benthic community studies. This has been primarily driven by an
increase in the processing powers of personal computers; access to statistical packages
founded on analysing and interpreting benthic community data (e.g. PRIMER

-

Plymouth Marine Laboratory); and the general acceptance of these techniques by the
scientific community (Clarke, 1993). In contrast to univariate approaches,
multivariate techniques do not require the data to be reduced to a single variable, but
rather comparisons are made between two or more sites by quantifying the similarities

(and differences) in their taxa and relative abundances (Clarke, 1999). As a result,
multivariate approaches can capture and reflect differences in whole assemblages
(Clarke, 1993).

Many multivariate approaches can be used in the analysis and interpretation of
benthic

assemblages

(see

Legendre

and

Legendre,

1998).

Non-metric

multidimensional scaling (nMDS) is one of the most commonly used ordination
techniques as it is conceptually simple to understand, and is provided in the PRIMER
statistical package. In nMDS, the output is presented as either a two or three
dimensional ordination 'map' in which samples which are more similar to each other
are positioned closer than those which are less similar. nMDS does not test for
difference between samples, but rather provides a graphical representation of the data,
which can be useful in gaining an understanding of how samples relate to each other,
vary over time or respond to environmental variables. In a comparison of univariate,
multivariate and graphical techniques, Warwick and Clarke (1 991) found nMDS
discriminated among sites which were not detected using univariate indices and
graphical techniques.

nMDS and other ordination techniques do not quantify the variance among or within
the samples as traditionally measured by ANOVAs. Consequently, additional analysis
is required in order to establish if predefined groups or treatments (i.e. location, site or
time) contain significantly different assemblages. The most commonly used approach
in benthic studies is by Analysis of Similarities (ANOSIM), a function associated
with the PRIMER s o h a r e package (Clarke and Warwick, 1994). ANOSIM employs
the same design layouts commonly used in ANOVAs (one-way, two-way or nested),
and uses a permutation test to compute a test static (R) and a randomisation approach
to generate levels of significance. Once significant differences among treatments are
detected, pair-wise analyses can be performed to identify where the differences
occurred. A recent alternative to ANOSIM is Non-Parametric Multivariate Analysis
of Variance (NPMANOVA) (Anderson, 2001). This technique is not limited to predefined distance measurements as in the case of ANOSIM (e.g. Bray-Curtis distance),
and can handle complex designs and their interactions (Anderson, 200 1).

Graphical techniques
Graphical techniques are complimentary rather than a replacement for more formal
statistical analyses (univariate and multivanate). Many of the techniques are founded
on ecological principles, and provide outputs which can assist in both the
interpretation and presentation of the findings. As with all techniques, there are many
approaches, with the optimum being determined by the aims and hypotheses of the
study.

K-dominance curves plot the cumulative ranked abundance against taxa rank (or log
tax rank), providing useful information about dominance, and the number of species
(or taxa) which are dominating a community (Lambshead et al., 1983; Thompson and
Withers, 2003). K-dominance curves are often modified to create Lorenz curves, in
which the taxa-rank (x-axis) is rescaled and is measured against the cumulative
abundance, enabling dominance to be partitioned from the number of taxa. The
underpinning assumption for these curves is that in 'stressed' communities, fewer taxa
will contribute to the significant proportion of the overall abundance, i.e. a reduction
in evenness will occur due to the dominance of a few taxa.

K-dominance curves also provide a template for another graphical technique,
Abundance-Biomass Curves (ABC), in which biomass is superimposed with the
dominance curve. This technique is derived from the previously described trend in
which the abundance of r-selected species increases with pollution, whilst the
abundance of k-selected taxa concurrently declines. That is, in a stable, unpolluted
location, biomass will be higher than abundance due to the increase in the biomass of
large, but less numerically dominant, k-selected taxa (Fig. 2.3a) (Warwick, 1986).
Conversely, in a grossly polluted location, biomass will decline due to the loss of the
k-selected taxa, with abundance remaining higher than biomass due to the relatively
higher representation of a few small, short-lived taxa (r-selected) (Fig. 2.3b).
Although ABCs may assist in distinguishing broad response patterns between
reference and polluted locations, a majority of the studies using this approach have
been performed in systems polluted by organic contaminants and nutrients (e.g.
Warwick et al., 1987; Anderlini and Wear, 1992), providing little precedence for
extrapolating this technique to aquatic systems specifically enriched with trace metal.

Tax rank (log)
Figure 2.3. Abundance biomass curves (ABC) for unpolluted and polluted locations.
(a) illustrates a hypothetical ABC for an unpolluted location, as indicated by the
elevated biomass curve (dotted line) above the abundance curve (solid line); (b)
illustrates a hypothetical polluted location as the abundance curve (solid line) is above
the biomass curve (dotted line) (modified from Warwick, 1986).
Linking benthic communities to environmental variables

The primary objective of in situ benthic community studies in ecotoxicology is to
examine the relationships between benthic assemblages and varying concentrations of
putative contaminants. As previously emphasised, in most studies this approach does
not prove causality, but rather assists in identifying putative contaminants and other
variables which correlate with changes in benthic assemblages.

A number of univariate and multivariate approaches are commonly used to relate
biotic to changes in natural and anthropogenic environmental variables. These include
both unconstrained (indirect) techniques where the environmental data is not taken
into account for the ordination of the biological data; and constrained techniques,
where the environmental data is integrated directly into the analysis, allowing the
partitioning of the total variance of the biological data into components of variation
such as space, depth, time, contaminant concentrations and variation among replicates
(Legendre and Legendre, 1998; McGarigal et al., 2000). Of the former, correlative
relationships between the abiotic and biotic matrices (e.g. PRIMER'S BIO-ENV) are
probably the most commonly employed (e.g. Warwick et al., 1990; Stark, 1998; Je et
al., 2003). A broad range of constrained analyses are increasingly being employed,

including Canonical Correspondence Analysis (CCA) or Detrended Canonical

Correspondence Analysis (DCCA) and Redundancy Analysis (RDA) (e.g. Rascinski
et al., 1997; Guerra-Garcia et al., 2003; Momsey et al., 2003).

2.5 Conclusion
In order to relate changes in benthic assemblages to increased concentrations of
sediment trace metals, it is imperative that the major factors which influence the
biogeochemistry of trace metals and the distribution of benthos are considered.
However, the application of this knowledge is fraught with difficulty as both
sediments and benthic communities are highly complex, heterogenous, dynamic and
inherently interdependent.

Trace metals are heterogeneously distributed throughout the sediment, with
concentrations, major complexes and the chemical species being determined by the
physico-chemical conditions, granulometry, organic content and parental material of
the sediment. Profound changes in these variables occur vertically within the sediment
column through the formation of bacterially-mediated redox and pH profiles, creating
three theoretically distinct layers: oxic, sub-oxic and anoxic. Consequently, the
physico-chemical

condition

of

these

environments

dictates

the

potential

bioavailability of metals, including the partitioning between insoluble and soluble
forms. In oxic sediments, trace metals are generally absorbed to hydrous iron and
manganese oxides; under anoxic conditions, trace metals competitively displace iron
and manganese, forming insoluble trace metal sulfides. The formation of metal
sulfides under anoxic conditions provides the basis for the AVSISEM model, a model
which has shown to be strong predictor of porewater concentrations for several
divalent metals.

In reality, sediments are not closed, steady-state systems with distinct stratified
physico-chemical layers. The influence of physical processes (mixing, deposition and
displacement) and bioturbation can a have significant effect on sediment
biogeochemistry. This includes the reciprocated transfer of solutes and particles
between the oxic, sub-oxic and anoxic layers. Consequently, natural estuarine
sediments are temporally and spatially complex chemical matrices, which contain a

variety of potential trace metal exposure routes for invertebrates. This limits the
application of bulk sediment measurements, and bioavailability models based on
equilibria under thermodynamically stable conditions.

The relationship between macrobenthic invertebrates and sediments is highly
complex, encompassing strong correlative relationships between various sediment and
water column measurements (e.g. grain size, organic content and salinity). Although
there is a strong historical link between sediment g a i n size and various trophic goups
(e.g. filter-feeders in sands, deposit-feeders in fines), this relationship is now viewed
to be more complex than initially perceived, with grain size being auto-correlated with
a number of other important variables such as organic content, porosity and porewater
chemistry. As salinity places limitations on the physiology of estuarinelmarine
organisms, there is also a strong relationship between salinity and the abundance and
diversity of macrobenthic invertebrates. Salinity, dissolved oxygen and water
temperature are potentially subject to sibmificant temporal variation (e.g. seasonal
hypoxia), which can result in concurrent changes in the assemblages of benthic
invertebrates.

Hydrodynamic processes also play a pivotal role in the distribution of benthos,
especially with respect to larval dispersal and colonisation. On a large scale, oceanic
currents can dictate the source, species and density of larvae. Localised effects, such
as interactions between tidal movement and sediment typography, dictate the ability
of larvae to both actively and passively select suitable settlement sites.

The underpinning aim of employing benthic communities as a component of trace
metal risk assessment programs is founded on discriminating natural variation in the
temporal and spatial distributions of benthos from those which are contaminant
induced. This includes those variables which intrinsically and extrinsically modify the
sediment and water column, as well as endogenous biotic interactions such as
predation, competition and disease. Methods used to evaluate the effects of
contaminants at the benthic community level are generally founded on principles
derived from disturbance ecology, and consequently are not contaminant or
disturbance specific. Disturbance (abiotic and biotic) is a fundamental characteristic
of both unimpacted and impacted environments, often resulting in a mixture of

random, stochastic and deterministic events which significantly alter the distribution
of benthos across space and time.

In a majority of field studies, the potential influence of contaminated sediments on
benthic assemblages is assessed through correlative relationships. These include
correlations between the environmental variables (e.g. metal concentrations and
granulometry) and various univariate measurements (e.g. community indices and
abundance of key taxa), and increasingly, multivariate patterns. Although
advancements and accessibility to increasingly more robust and complex statistical
techniques enables the partitioning of environmental and biotic matrices and
variables, when applied to field studies (e.g. gradient), the patterns are still correlative,
and thus produce putative conclusions, rather than identifying causality.

Manipulative field experiments are becoming an increasingly common method of
clarifying the potential effects of enriched sediment trace metal concentrations on
benthic communities. These studies are generally founded on the examining benthic
recolonisation, a process which is dominated by larval establishment, and potentially
influenced by factors differing from those relevant to established communities.
Therefore, to be successfully and effectively deployed, the main variables which
influence trace metal biogeochemistry, ecotoxicology and ecology, as well as the
fundamental principles which influence larval recolonisation, must also be taken into
account.

Augmentation of macrobenthic community structure and function is a fundamental
tool for assessing the potential risks of elevated trace metal concentrations in estuarine
sediments; however, no single technique can accurately measure the bioavailable
component of the metal or its potential toxicity from an ecosystem perspective.
Consequently, an amalgamated approach to risk assessment is required (e.g. weight of
evidence approach), which utilises evidence from in situ and laboratory assays,
concurrent with ecotoxicological end-points which encompass various levels of
biological organisation under controlled and natural conditions.

Chapter 3
Changes in macrobenthic communities along a
polymetallic contamination gradient, Lake
Macquarie, Australia

Correlative study along a
contamination gradient.

I

3.1 Aim of the study
The aim of this study was to examine if there was a correlative relationship between
assemblages

of

benthic

macroinvertebrate

communities

and

trace

metal

concentrations along a known trace metal contaminated gradient, Lake Macquarie,
New South Wales.

Specific objectives:

1. To identifylconfirm if concentrations of trace metals decreased along a north
to south trajectory within Lake Macquarie, and to quantify sediment
concentrations.
2. To examine the variability in trace metal concentrations within the top ten
centimetres of the sediment column.

3. To measure the potential for porewaters to serve as an exposure route for trace
metals through the application of the acid-volatile sulfide/simultaneously
extractable metal (AVSJSEM) assay.
4. To examine and compare benthic assemblages among locations, and sites
within locations in Lake Macquarie using univariate, multivariate and
graphical procedures.
5. To identify environmental variables which correlate with any predicted
changes in benthic assemblages along the proposed gradient.

6. Revaluate the findings of 1-5 by replicating the original study during a
contrasting season (summer).

Based on the literature review (Chapter l), the following hypotheses were postulated
for this study:

H I : Trace metal concentrations within Lake Macquarie will decrease as a function of
distance from putative contaminant sources located in the north of the lake.
H2: Assemblages of benthic communities will differ in accordance with varying
concentrations of trace metals.

H3: Benthic communities within contaminated locations will be less even, diverse and
rich than communities in less contaminated locations.
H4 The dominance of deposit-feeding polychaetes will increase with sediment
contamination concentrations.

Hs: The numerical abundance of crustaceans will decrease with increasing
contaminant concentrations.

3.2 Introduction
The concentrations of trace metals in the waters, sediments and biota are commonly
elevated above background concentrations in urbanised estuarine and marine
environments (Phillips, l98Oa; McIntyre, 1995; Birch, 1996; Hayes et al., 1998;
Stark, 1998). Sediments are a repository for trace metals (Connell et al., 1999), with
concentrations generally being greater in sediments than other media. Trace metals
bind to surface adsorption sites (i.e. amorphous iron oxides, sulfides and organic
ligands) (Mill, 1993; Stumm and Morgan, 1996), whilst diagenetic processes
continually permit the stratification of trace metals into the sediment matrix (Tessier
et al., 1994). The absorption, release and sequestering of trace metals is controlled by

a number of variables, including the chemical composition of the sediment, pH,
redox, organic matter and stability (Kersten and Forstner, 1989; Stumm and Morgan,
1996). These factors control the bioavailability of metals within the sediments and
porewaters, and hence play a pivotal role in toxicity.

Although there is a considerable amount of literature concerning the response of biota
to trace metal contaminated sediments (see reviews by Phillips, 1980a; Phillips and
Rainbow, 1993; Luoma, 1995), the limitation to our ability to assess risks lies mainly
in the grey area between very high and very low concentrations. This is primarily
attributable to the difficulty in modelling and comparing two highly complex systems
(biotic and chemical); both are spatially and temporally variable, heterogenous,
subjectively defined, interdependent (e.g. biogeochemical cycling, bioturbation and
bioimgation) and contain significant knowledge gaps. The complexity of these
systems is hrther increased by human modification (Lindegarth and Underwood,

2002), and by the myriad of approaches - many being capricious - which are used to
measure and quantify these systems.

While bulk sediment measurements are important for identifying and assessing the
spatial and temporal dispersal of any contaminants, this approach negates the concept
of bioavailability, and hence is often a poor predictor of toxicity (Batley et al., 2002).
The AVSJSEM assay appears to provide a more accurate view of bioavailability for
several divalent metals; however, this approach is restricted to the behaviour of a few
divalent metals (Pb, Cd, Cu, Zn, Ni and Ag) under anoxic conditions, and ignores
other important binding phases such as organic matter, and iron and manganese
oxyhydroxides (Di Toro et al., 1990). Furthermore, it is based on the assumption that
porewaters are the predominant source of exposure, negating the role of food and
sediment consumption. In several estuarine and marine taxa, sediment ingestion has
been demonstrated to be the primary route for trace metal uptake (Wang and Fisher,
1999b; Wang et al., 1999).

The current approach in risk assessment attempts to integrate the chemical and
physical attributes of sediments and biological responses, or vice versa (Batley et al.,
2002). Biological end-points can be measured on various levels of biological
organisation, ranging from a biochemical andor subcellular level to a community or
ecosystem level. In the case of biochemical biomarkers (e.g. metallothioneins),
extrapolating the significance of these compounds to an ecologically relevant endpoint is difficult. Acute and chronic tests for single or multiple species provide
pertinent information on the bioaccumulation and potential effects of trace metals on
selected species; however, a reaction or dysfunction at a species level does not
guarantee an expression at a community or ecosystem level (Gray, 1989; Luoma,
1996). Laboratory toxicity tests are also limited to a small number of relatively
resilient species, and are traditionally performed under rebydated conditions: with the
later being potentially unrepresentative of the less than optimal conditions faced by
biota in the field (Luoma, 1995).

A complementary approach - and one utilised in this study - is to examine changes in

the assemblages of macrobenthic invertebrate communities in association with
varying concentrations of a suspected contaminant(s). Perturbation (anthropogenic
induced stress) is measured using a combination of univariate and multivariate
approaches. Commonly used in estuarine sediment contaminant studies, benthic
communities reflect fauna which exploit the sediment in a myriad of ways (different
potential exposure routes); are relatively sedentary in comparison to other fauna (e.g.
fish); can be quantitatively sampled; contain taxa with varying life-spans; and
represent a variety of niches and life-cycles (White, 1988; Dauer, 1993; Warwick,
1993). Benthic communities also express stress-induced changes over time by
reflecting the direct and indirect effects of contaminants, e.g. changes in fecundity,
alterations to food-webs, and the cascading effects caused by the loss or increased
prevalence of certain taxa (Antrill and Depledge, 1997; Fleeger et al.. 2003). The
ecological relevance of benthic communities, and the ecological information they
provide on the health of an aquatic system, makes them an important and viable tool
for risk assessment (Bilyard, 1987).

As with all approaches, gradient studies are not void of limitation. Changes in the
assemblages occur naturally in response to both abiotic and biotic factors. Any
observed contaminant-induced changes are correlative, and therefore cannot be
definitively attributed to a perceived agent (Underwood, 1989). Failure to recognise
this can result in the premature conclusion that the contaminants are the causal agent
for the any observed effects. Gradient studies should not be considered an end-point
for a risk assessment program (Underwood and Peterson, 1988), but rather, notable
changes in assemblages can provide an impetus for further studies which may identify
causality, and subsequently quantify risk through multiple lines (or weight-ofevidence approach) (Batley et al., 2002; Burton et al., 2002).

Several studies within Lake Macquarie (NSW, Australia) have demonstrated an
increase in the concentrations of trace metals within the lake's sediments, porewaters,
and biota with proximity to several point sources of contamination, most notably the
Pasminco leadlzinc smelter in the Northern Basin (Furner, 1979; Roy and Crawford,
1984; Batley, 1987; Chambers, 2003; Doyle et al., 2003). Burt (2001) also

demonstrated that trace metal concentrations in the sediments near the Pasminco
smelter have the ability to reduce the physiological condition of the bivalve Anadara
trapezia, as measured by 'scope for growth'. These studies suggest that trace metals
within the sediments are artificially elevated, bioavailable, and have the potential to
alter the physiological hnction of exposed benthos. However, it has yet to be
ascertained if these effects are being expressed at a community level. This is
important, for in order to remediate or protect an environment, it is critical to first
identify if the system has been perturbed, and gain some understanding of how this
expressed (Underwood, 1989).

In this study, assemblages of benthic communities are examined along a known trace
metal gradient (Lake Macquarie, NSW Australia). Correlations between contaminant
concentrations within the sediments and community assemblages are described, with
stress being determined using a suite of univariate, graphical and multivariate
approaches. In addition, plausible putative contaminants are identified for future
research programs.

3.3 Materials and Methods
3.3.1 Study site
Lake Macquarie is located approximately 100 km north of Sydney, bordering the
southern end of the industrial city of Newcastle (Fig. 3.1). It is the largest coastal
lagoon lake within eastern Australia, with a surface area of approximately 109 km2,
encompassing a catchment of approximately 622 km2. The lake is 22 km long (north
to south), with a maximum width of 10 km. The average depth of the water column is

6.7 m, with a maximum of l l m (Roy and Crawford, 1984).
A narrow, shallow entrance to the lake is located near Swansea. The entrance has

been highly modified through dredging and the construction of a break wall, and is
continually subjected to the extensive deposition of oceanic-derived sands. Because
tidal influence is minimal within the lake, (0.1-0.2 m near the entrance, dissipating to
0.06 m at the southern and northern boundaries), the lake is poorly flushed, with wind

being the primary agent for mixing (Spencer, 1959; Roy and Crawford, 1984). There
are two main fluvial inputs in the south of the lake (Dora and Mannering Creeks), and
one in the north (Cockle Creek). These inputs represent only 2% of the tidal flow,
with the lake maintaining an estuarinelmarine-dominant environment which is
reflected in both the local piscean and invertebrate fauna (Robinson, 1982; Gibbs,
1986; Hannan and Williams, 1998). A shallow sand-bar running east-west between
Swansea and Wangi Wangi Point effectively partitions the lake into a north and south
basin. As a result, sediments are predominantly retained within their basin of origin
(Spencer, 1959).

The northern perimeter of the lake has been extensively developed, and includes
urban areas as well as collieries, sewage treatment works and the Pasminco leadlzinc
smelter in Cockle Bay (Batley, 1987). The smelter, originally established in 1897, was
decommissioned in May, 2003. Over the past few decades the smelter has been the
subject of much controversy, attributed to high lead concentrations in the blood of
local children (Momson, 2003), and highly elevated concentrations of metals in the
lake's sediments, porewaters and biota (Fumer, 1979; Roy and Crawford, 1984;
Batley, 1987; Doyle et al., 2003). Many areas of the South Basin have above
background trace metal and metalloid concentrations in their biota and sediments
(Fumer, 1979; Burt, 2001; Chambers, 2003), however, these concentrations are
considerably lower than those reported in the North Basin, (Batley, 1987; Roach,
2005).

Regionally, Lake Macquarie provides a unique opportunity to study the relationship
between benthic macro-invertebrates and trace metal contaminated estuarine
sediments, as minimal tidal movement and a fairly constant salinity creates a
relatively stable environment for benthic communities. Thee dispersal of trace metals
fiom one dominant source (Pasminco smelter) and the partitioning between the North
and South Basins provides a selection of locations varying in trace metal
contamination. In addition, trace metal concentrations in the overlying waters are low
low across the lake (mean Cd < l udL; mean Cu =3 udL; mean Zn

= 5 udL)

(Maher,

unpublished), reducing the influence of the water column as a major source of trace

metal exposure.

The four locations sampled in this study (Cockle Bay, Warner's Bay, Kooroora Bay
and Nord's Wharf) (Fig. 3.1) exploit a known gradient in sediment trace metal
concentrations which decreases along a north to south trajectory (Roy and Crawford,
1984; Carroll, 1996; Burt, 2001). It has been demonstrated that trace metal
concentrations in the sediments collected from the northern locations (Cockle Bay and
Warner's

Bay)

exceed

Australian

sediment

guideline

concentrations

(ANZECC/ARMCANZ, 2000); whilst concentrations at Nord's Wharf
southern location

-

-

the most

are considerably lower (Roy and Crawford, 1984; Chambers,

2003). Kooroora Bay sediments have been shown to contain trace metal
concentrations which are generally lower than Cockle Bay and Warner's Bay, but
exceed those found at Nord's Wharf (Roy and Crawford, 1984; Burt, 2001;
Chambers, 2003).

Figure 3.1. A map of Lake Macquarie, NSW Australia, and the four sampling
locations within the lake: Cockle Bay, Warner's Bay, Kooroora Bay and Nord's
Wharf.

3.3.2 Experimental design
A nested design was employed in this study to partition the variation of soft sediment
benthic assemblages on two scales: location and site. Four sites with a diameter of
approximately four metres were nested within each of the four locations (Fig. 3.2).
Sites were selected in a stratified, random manner along a transect parallel to the
shoreline, and were positioned approximately 65-75 m apart. At each site, four
replicate samples were collected at a water depth of 1.5-1.7 m. As a means of
reducing the natural variability in both the sediments and biota, additional criteria
were used to select the sites: this included an arbitrary degree of conformity in the
type of substrate (sandylsilts) and the basic physico-chemical properties of the water
column (depth, salinity, dissolved oxygen, pH, turbidity and temperature). The
gradient was sampled on two occasions, winter 2000 and summer 2003. In winter
2000, one core was taken fiom each site for trace metal analysis, total organic carbon
and grain size analysis. In 2003, the replication of trace metals was increased to four
replicates per site, whilst the number of replicates for total organic carbon and grain
size remained the same.

3.3.3 Collection and identification of benthic macrofauna
On both sampling occasions four replicate cores for invertebrate samples were
collected at each site. Samples were obtained by pushing a PVC core (10 cm
diameter) into the top 10 cm of the sediment. The contents of the cores were fixed in a
5% buffered formalin in seawater solution with a Rose Bengal vital stain. After seven
days the samples were washed with water to remove the formalin, with the contents
retained on a 1 mm sieve and preserved in a 70% ethanol solution. Samples were
sorted under a dissecting microscope and keyed to the following taxonomic groups:
polychaetes (family), molluscs (family

-

with the exception of the class

Polyplacophora), crustaceans (order), nemertans (phyla), and sipunculas (phyla). In
many previous contaminant studies, analyses at taxonomic levels coarser than species
has resulted in minimal loss of information, and in many cases aids discrimination by
reducing the confounding effect of natural spatial changes in species (Warwick, 1988;
Ferraro and Cole, 1990; Somerfield and Clarke, 1995). Using these taxonomic levels
reduces the need for a taxonomic specialist and may, potentially, reduce the level of

replication required to achieve a given power to distinguish treatments.

Time 1

Cockle

Warner's

Time 2

Kooroora Bay

Nord's

Figure 3.2. The nested experimental design used for the benthic component in this
study. Four locations running from the north (main source of pollutants) to the southeast of Lake Macquarie were sampled on two occasions (August 2000 and March
2003). At each location, four sites were sampled with four replicate cores obtained for
benthic invertebrates. NB: The number of replicates for trace metal analyses differed
among times (winter 2000, n=l; summer 2003, n=4).

3.3.4 Sediment collection and analyses
Trace metals

On the first sampling occasion (winter 2000) one core (10 cm

X

8 cm diameter) was

collected from each of the four sites at every location (Cockle Bay, Warner's Bay,
Kooroora Bay and Nord's Wharf). To assess the vertical stratification of trace metals
within the sediments, cores were cut into 2 cm sections using clean, acid-washed
plastic knives. All sections were individually placed in acid-washed snap sealing bags
and frozen until processing. On the second sampling occasion (summer 2003), sample
replication was increased to gain additional information on the spatial distribution of

trace metals. On this occasion, four replicate 6 cm cores were collected from each site,
within each location. The contents of each core was homogenised to gain a mean
concentration of the surficial sediments.

To obtain the fine fraction (c63 pm), sediments were oven dried at 45°C for 72 hours,
disaggegated in an agate mortar and pestle, and dry-sieved through a 63 pm-nylon
mesh. Prior to use, all implements were bathed for 72 hours in a 2% vlv Aristar grade
nitric acid solution, and rinsed four times with deionised water (Millipore, Milli-Q).
Visible vegetative matter and mollusc shells were carefully removed prior to grinding.
0.15 g sub-samples of the homogenised fine fractioned sediment were weighed into
50 mL polypropylene centrifuge vessels, in which 5 m1 of concentrated Aristar-grade
nitric acid was added. Samples were digested using a MDS 2000 microwave oven
(CEM Microwave Technology) for 60 minutes at 100°C. After cooling, samples were
diluted to a final volume of 50 mL with deionised water. After a 48-hour settling
period at 4"C, a 10 mL aliquot was transferred from the vessels into a 10 mL
polyethylene tube to be used for analysis. Dissolved trace metal and metalloid
concentrations were determined by Inductively Coupled Plasma Mass Spectrometry
(ICP-MS), employing a Perkin-Elmer Elan 6000 with a Scott double-pass spray
chamber and a cross-flow nebulizer. 10% of the samples digested and analysed
consisted of certified reference materials (PACS-2, EST-1 and MESS-l), with
recovery rates

* 10% of certified values deemed acceptable. All results were corrected

to blanks which constituted 10% of the samples.

Acid-volatile sulfide/simultaneously extracted metals (A VS/SEM)

In summer 2003, two cores (50 mm

X

80 mm diameter) were collected from each site

for AVSISEM analyses. Cores were sectioned into two components to enable
stratified measurements (0-2 cm and 2-5 cm). Each section was immediately wrapped
in impermeable plastic wrap, placed in a snap-locked plastic bag with the air vacated,
stored on ice, and transferred to a freezer within four hours. AVS was determined
using the rapid screening method for acid-volatile sulfides in sediment (Simpson,
2001). This method is suitable for sediments with an AVS range between 0.5 and 300
pmollg. Dissolved sulfides were measured colorimetrically, and quantified at 670 nm

using a UV-VIS spectrophotometer (Jasco, UVIDEC-610). SEM was determined by
shaking approximately 0.4 g of wet homogenised sediment in 20 mL of 1 M cold HCI
for 20 seconds. After a 24 hour settling period, 15 mL of the sediment-free solution
was carefully transferred to a 20 mL polyethylene vial, with the dissolved metal
concentrations of the filtrate being determined by Inductively Coupled Plasma Atomic
Emission

Spectromeby (ICP-AES)

(Spectroflame

EOP,

Spectro

Analytical

Instruments). Precision was monitored by replicating 10% of the samples.

Total organic carbon (TOC)
On each sampling occasion, a core (10 cm X 8 cm diameter) was collected at each site
for TOC analyses. Samples were placed in bags and kept frozen until sample
preparation. TOC was determined by analysing 0.3 g of ground sediment on an 0 1
Total Organic Carbon Analyser (Model 1010). Inorganic carbon was removed prior to
analyses by adding 20 pL of 5% vlv hydrochloric acid to each sample. Samples were
calibrated against glucose standards.

Grain size
On both sampling occasions a 100 mm deep core (diameter 80mm) was collected
from each site for grain size analysis. 100 g of dry homogenised sediment was wetsieved with the contents retained on a series of sieves to obtain the following grain
size classes: <63 pm (siltklay); 63 pm-600 pm; 600pm-2 mm; and > 2mm. The
contents of each sieve were oven-dried at 40°C for 48 hours, reweighed, and
expressed as a weight-based percentage.

3.3.5 Data analysis
Univariate analysis
Spatial patterns and temporal changes in the trace metal concentrations of surficial
sediments, percentage of total organic carbon, and proportion of grain size classes
were analysed using a two-factor analyses of variance (ANOVA). Spatial patterns in
the trace metal concentrations of surficial sediments for the 2003 sampling run were
analysed using a two factor ANOVA with sites nested within locations. Differences

among locations in their concentrations of AVS and SEM in both 0-2 cm and 2-5 cm
of the sediment column were analysed using a single factor ANOVA. For benthic
invertebrate samples, a three-factor ANOVA was employed to test for spatial and
temporal differences in invertebrate abundances (N); taxa richness (d); ShannonWiener's index for species (taxa) diversity (H') (Shannon and Weaver, 1963); and the
abundance of selected major taxa. The first factor (time) was treated as random, the
second factor (location) fixed, and the third factor (sites) was nested in location and
time, and was random. Graphical procedures were used to assess normality and
Cochran's test was used to test for homogeneity of variances. In cases where these
assumptions were violated, appropriate transformations were performed (Sokal and
Rolf, 1995). In cases where transformation failed to remove significant heterogeneity,
a p<0.01 was used. Student-Newman-Keuls test (SNK) was used as a post-hoc
procedure to test for multiple comparisons upon means. Univariate procedures were
performed using SAS V8 (SAS Institute) and G-MAV5 (Institute of Marine Ecology,
Australia).

Graphical analysis
K-dominance curves were created separately for each sampling occasion using the
PRIMER v5 (Clarke and Warwick, 1994).

Multivariate analysis
Non-metric dimensional scaling (nMDS) was used as the ordination technique for the
biotic data. This graphical technique constructs 'maps', placing sites more similar to
each other closer than those sites less similar. This procedure followed that
recommended by Clarke and Warwick (1994). Biotic data was double square-root
transformed prior to computation to reduce the weighting of several highly abundant
species (Clarke and Warwick, 1994). All taxa which were represented by one or two
individuals summed across all samples were removed prior to computation, as these
taxa would not contribute significant information due to their rarity.

Differences in the benthic assemblages among locations were tested separately for
each

sampling time by

non-parametric

multivariate

analysis of variance

(NPMANOVA) (Anderson, 2001). Pair-wise a posteriori tests based on 9,999 random
permutations were used to identify significant differences among locations, and sites
nested within locations for each sampling occasion. No adjustments were performed
on the pair-wise tests as this may result in overly conservative p values (Anderson
pers. corn, University of Auckland). The SIMPER procedure was performed to
identify which taxa contributed to any differences among locations during each
sampling time. BIOENV, a procedure based on the weighted-Spearman rank
correlation coefficient between abiotic and biotic similarity matrices, was used to link
benthic community patterns to the chemical and physical constituents of the sediments
(Clarke and Ainsworth, 1993). Prior to the BIOENV computation, draftsman plots
were created to visualise the normality of the abiotic variables, with product-moment
correlations between all abiotic variables being simultaneously produced. Subsequent
to the appropriate transformations, highly correlated variables (N.95) were removed
from the analysis (Clarke and Ainsworth, 1993). For the BIOENV analysis on the
2000 data, the biotic dataset consisted of the mean abundances from sites derived
from four replicates, and the abiotic dataset (Log1 0-Pb, Log l 0-Mn, Log1 0-Fe,
Log10-Pb, LoglO-Zn, LoglO-Cd, LoglO-Cu, SqrTOC, Sqr<63pm, Sqr63-600pm,
Sqr600pm-2mm and Sqr >2mm). Similar variables were used for the 2003 data, with
the addition of the stratified AVSISEM ratios (0-2 cm and 2-5 cm).

3.4 Results
3.4.1 Trace metals
Trace metal concentrations within the sedirnents (winter 2000)
From the broad suite of metals and metalloids analysed within the sediments of the
four locations, significant differences in the concentrations of lead, cadmium and zinc
were found among the locations. The mean lead concentration of sediments in Cockle

* S.E. 102) was significantly higher than all other locations (Table 3. l ,
Fig. 3.3a). Sediments in Warner's Bay (286 p d g * S.E. 26) had lead concentrations
significantly more elevated than both Kooroora Bay (123 p d g * S.E. 15) and Nord's
Bay (492 p d g

Wharf (35 pglg

S.E. 2); with the latter having concentrations significantly lower

than all other locations. An identical trend occurred with cadmium concentrations

within the sediments, with Cockle Bay (40.5 p d g

* S.E. 2.5) having concentrations

greater than Warner's Bay (1 5.3 p d g f S. E. 1.6), Kooroora Bay (8.0 &g

f S.E.

0.6)

* S.E. 0.2) (Table 3.1, Fig. 3.3b). Zinc concentrations
were higher in Cockle Bay sediments (790 pg/g * S.E. 3 1) than all other locations. No

and Nord's Wharf (3.6 pg/g

significant differences occurred in the zinc concentrations between Warner's Bay

* S.E. 99), but both locations had
Wharf (152 pg/g * S.E. 14) (Table

(459 p d g f S.E. 32) and Kooroora Bay (408 p d g
significantly higher concentrations than Nord's
3.1, Fig. 3 . 3 ~ ) .
Sediment profiles (stratification)

Figures 3.4-3.6 indicate that there was generally minimal variation with depth in the
concentrations of lead, cadmium and zinc in the top 10 cm of the sediment column.
One notable exception was at Cockle Bay, Site 4, where there was an increase in the
concentration of lead down the sediment profile (Fig. 3.4a). In this sample, sediments
below 2 cm deep had trace metal concentrations twice as high as the upper surficial
sediment, with the trace metal concentrations in 0-2 cm layer being similar to other
sites within Cockle Bay.

Figure 3.3. Trace metal concentrations in sediments sampled fiom four locations
within Lake Macquarie in winter 2000: (a) lead; (b) cadmium; and (c) zinc. Dashed
and dotted lines represent the ANZECCIARMCANZ (2000) ISQG-Low and ISQGHigh trigger values respectively. NB: Scales differ among y-axes.
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Figure 3.6. Concentrations of zinc with sediment column depth from sites within
locations sampled in 2000 (a) Cockle Bay; (b) Warner's Bay; (c) Kooroora Bay;
(d) Nord's Wharf.

Trace metal concentrations within the sediments (2003)

Results from the more spatially intensive study in 2003 affirmed gradients in lead,
cadmium and zinc in the sediments of the four locations within Lake Macquarie
(Table 3.2, Fig. 3.7). However, distinctions between Cockle Bay and Warner's Bay
were less marked than those reported in 2000. Lead concentrations in Cockle Bay

* S.E. 7) and Warner's Bay (249 p d g * S.E. 16) were sibmificantly greater
Kooroora Bay (84 p d g * 3) and Nord's Wharf (26 p d g * S.E. l), with

(265 p d g
than

concentrations in Nord's Wharf being significantly lower than all sites (Table 3.2, Fig.
3.7a). Multiple comparisons tests (SNK) for among site differences within locations
showed spatial differences in the mean concentrations of lead within all locations with
the exception of Cockle Bay. Concentrations of cadmium were significantly higher in

* S.E. 2.7) and Warner's Bay (21.0 pg/g * S.E. 2.0) than both
Kooroora Bay (6.5 p d g S.E. 1.0) and Nord's Wharf (2.3 p d g * S.E. 0.9), with

Cockle Bay (3 1.2 pg/g

Nord's Wharf being lower than all locations (Table 3.2, Fig. 3.7b). Differences
amongst sites within locations were not significantly different for cadmium. Zinc
concentrations within the sediments were significantly higher in Cockle Bay (709

*

p d g 1 S.E. 6) and Warner's Bay (677 p d g

* S.E. 45) than Kooroora Bay (30 1 p d g

* S.E. 10), with all locations having significantly higher concentrations than Nord's
.
comparisons tests detected
Wharf(l5 1 pg/g * S.E. 40) (Table 3.2, Fig. 3 . 7 ~ )Multiple
differences in the mean concentration of zinc within the sediments among sites within
Warner's Bay.

Table 3.1. Summary of results of analysis of variance for transformed sediment trace metal concentrations from
samples collected in winter 2000. Significant differences between locations detected by the SNK multiple comparisons of
means are presented in the SNK row. CB=Cockle Bay, WB=WamerYsBay, KB=Kooroora Bay and NW=Nord's Wharf.
Highlighted p values indicate a significant result.
a. Lead ( ~ g k )
b. Cadmium (p&)
Source of
df
c. Zinc (pdg)
F
P
F
P
Variation
MS
MS
MS
F
P
Location

3

5.06

Residual

12

0.06

SNK

CB>KB>WB>NW

87.4

<0.001

3.45

162

<0.001

0.02

1.89

29.7

C0.001

0.06

CB>KB>WB>NW

CB>KB=WB>N W

Table 3.2. Summary of results of analysis of variance for transformed sediment trace metal concentrations from
samples collected in summer 2003. Significant differences between locations detected by the SNK multiple comparisons of
means are presented in the SNK rows. Location abbreviations are the same as Table 3.1. Highlighted p values indicate a
significant result.
a. Lead ( ~ d g ')
MS
F
P

MS

3

18.8

291

~0.001

21.8

75.5

~0.001

8.46

89.2

<0.001

Site (Location) 12

0.06

8.51

~0.001

0.29

1.30

0.25 1

0.09

10.6

~0.001

Residual

0.0 1

Source of
Variation

df

Location

1 SNK Location

48

CB=WB>KB>NW

b. Cadmium (pg/g)
F
P

0.22

( CB=WB>KB>NW

MS

c. Zinc (pdg)
F

0.09

I CB=WB>KB>NW

P
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Figure 3.7. Concentrations of lead (a), cadmium (b) and zinc (c) in the sediments of
the sites from four locations within Lake Macquarie sampled in 2003. Dashed and
dotted lines represent the ANZECC/ARMCANZ (2000) ISQG-Low and ISQG-High
trigger values respectively (box and whiskers represent mean ~t1 S.E.).Location
abbreviations are the same as Table 3.1.

A VS/SEM

Concentration of simultaneously extractable metals (SEM) in the top and bottom
sediments followed patterns similar to those of nitric acid digested trace metal
concentrations within

the

fine sediments, with

significant

differences

in

concentrations occumng among sites (Table 3.3). Concentrations in the top sediments
(0-2 cm) were significantly higher in Cockle Bay (7.2 pmollg

*

1.4 S.E.) than

* 0.3 S.E.), Kooroora Bay (2.5 pmollg * 0.2 S.E.) and
Nord's Wharf (0.9 pmoVg * 0.1 S.E.); with all locations having significantly higher
Warner's Bay (3.4 pmollg

concentrations than Nord's Wharf. A similar pattern occurred in SEM concentrations
for sediments lower in the sediment column (2-5 cm), where concentrations in Cockle

* 0.2 S.E.) were significantly higher than Warner's Bay (3.8 pmollg
* 0.4 S.E.), Kooroora Bay (2.2 pmollg * 0.3 S.E.) and Nord's Wharf (0.7 pmollg *
Bay (6.0 pmollg

0.1 S.E.); with Nord's Wharf having concentrations significantly lower than all other
locations. Furthermore, SEM concentrations were significantly higher in the lower
sediments of Warner's Bay than Kooroora Bay. AVS concentrations in the 0-2 cm
section of the sediment column significantly differed among locations (Table 3.3).The
mean concentration in Kooroora Bay (1 1.68 pmollg

* 1.68 S.E.) was significantly

* 0.49 S.E.). Mean concentrations from Cockle
Bay (6.79 pmollg * 1 S 5 S.E. and Nord's Wharf (6.28 pmollg * 1.22 S.E.) did not

greater Warner's Bay (3.89 pmollg

significantly from the other locations. No significant differences in the mean AVS
concentrations in the lower sediment layer (2-5 cm) were detected among locations
(Table 3.3).
Highlighted rows in Table 3.5 designate sites where the molar concentrations of AVS
exceeded the molar concentrations of SEM, indicating the potential for trace metals to
be bioavailable. All incidences where AVS concentrations were exceeded by SEM
concentrations occurred within Cockle Bay, with the exception of one sample in
Warner's Bay (Site 3,2-5 cm). The greatest SEM:AVS ratio (3: l ) occurred in Cockle
Bay, Site 1 (0-2 cm).

Grain size
No significant location and time interactions were detected in any grain size classes

(Table 3.4); however, significant differences among locations were detected in the
mean percentages for all grain size classes (Table 3.4). Warner's Bay had a
significantly greater percentage of fine sediment (<63 pm) than all other locations,
with the proportion of fines also being greater in Cockle Bay compared to Nord's
Wharf (Table 3.4, Fig. 3.8a). Nord's Wharf had a greater proportion of sediment
within the 63-600 pm fraction, with Kooroora Bay having a significantly lower mean
percentage of this size class than the other locations (Table 3.4, Fig. 3.8b). Kooroora
Bay had a higher proportion of the sediments within the 600 pm-2 mm size range than
Warner's Bay, with Warner's Bay having a significantly lower mean percentage of
this size fraction than the other locations (Table 3.4, Fig. 3 . 8 ~ )Post-hoe
comparisons
.
(SNK) found Kooroora Bay sediments to have a significantly greater mean percentage
of gravel (>2 mm) than all other locations, with the mean proportion or gravel being
greater in Nord's Wharf than Warner's Bay.
Total organic carbon (TOC)
No significant interactions between location and time were detected in the percentage

-

of total organic carbon (TOC), nor were significant differences detected across time.
(Table 3.4, Fig. 3.8e). Sediments in Kooroora Bay (mean

1.5%) had a greater

percentage of TOC than all other locations, with the percentage of TOC being greater
) Warner's
in Nord's Wharf (mean = l . 1%) than both Cockle Bay (mean ~ 0 . 3 % and
Bay (mean 4 . 4 % ) .

Table 3.3. Summary ANOVA results for sediment AVS and SEM concentrations
from samples collected in summer 2003. Significant differences among locations
detected by the SNK multiple comparisons of means are presented in the SNK row.
Location abbreviations are-the same as Table 3.1; 'all' indicates all other locations.
Source of
Variation
Location
Residual
SNK

df

Source of
Variation
Location
Residual
SNK

df

3
12

3
12

I

a. SEM (0-2 cm)
MS
F
D
<0.001
28.6
68.2
0.42
CK>WB=KB>NW

I

c. AVS (0-2 cm)
MS
F
P
44.6
6.06
0.017
8.81
WB>KB, CB=all, NW=all

I
I

b. SEM (2-5 cm)
MS
F
D
<0.001
20.8
82.4
0.25
CK>WB>KB>NW
d. AVS (2-5 cm)
MS
F
P
17.36
3.03
0.072
5.73

Table 3.4. Summary of results of analysis of variance for different sediment grain size classes and total organic
carbon samples collected in winter 2000 and summer 2003. All variables were arcsine-transformed. Significant
differences among locations detected by the SNK multiple comparisons of means are presented in the SNK row
(all = all locations). Location abbreviations are the same as Table 3.1.

Source of
Variation
Time
Location
Location X time
Residual
SNK (location)
Source of
Variation
Time
Location
Location X time
Residual
SNK (location)

df
1
3
3
24

df
1
3
3
24

d. > 2mm (%)
MS
F
P
10.6
1.09 0.373
214
22.3 0.015
9.65
0.22 0.880
43.4
KB>all. NW>WB

e. Total organic carbon (%)
MS
F
P
1.88
7.82
0.068
0.001
31.3
130
0.24
0.12
0.950
2.09
KB>all, NW>CB&WB

Table 3.5. SEMIAVS results From Lake Macquarie sediments in 2003. Results presented are the means o f two samples. Highlighted
samples indicate results where on a molar basis SEM ratios exceeded AVS. * C [Ni, Cu, Zn, Cd and Pb]

Location

Location

Location

Location

Figure 3.8. Sediment characteristics from the four locations within Lake Macquarie in
2000 and 2003. (a) c63 pm (%); (b) 63-600 pm (%); (c) 600 pm-2 mm (%);
(d) >2mm (%); and (e) total organic carbon (%). Box and whiskers represent mean
1 S.E.

*

3.4.2 Benthic communities
Univariate measurements of benthic assemblages
For all indices examined, there were significant interactions between time and
location, indicating that the locations did not change over time in a predictable and
consistent manner. Significant differences occurred in most univariate measurements
and taxa abundances among locations and sites within each time (Tables 3.6 and 3.7).

2000 sampling occasion
In 2000, the number of individuals were significantly higher in the location closest
(Cockle Bay) and krthest (Nord's Wharf) from the smelter, with no significant
differences occurring between the two intermediate locations (Warner's Bay and
Kooroora Bay). (Tables 3.6 and 3.7, Fig. 3.9a). Both diversity (H') and taxa richness
(d) increased with distance from the smelter, with Kooroora Bay and Nord's Wharf
being significantly more diverse and taxa rich than both Cockle Bay and Warner's
Bay (Tables 3.6 and 3.7, Figs 3.9b and c). The number of polychaetes was
significantly greater numbers in Cockle Bay than all other locations (Tables 3.6 and
3.7, Fig 3.9). No significant difference in the mean number of capitellid polychaetes
were detected among the locations (Tables 3.6 and 3.7, Fig 3.10a). The abundance of
bivalves was greater in Nord's Wharf and Kooroora Bay than both Cockle Bay and
Warner's Bay (Tables 3.6 and 3.7, Fig. 3.10~).Nord's Wharf had a significantly
higher abundance of crustacea than all other locations (Tables 3.6 and 3.7, Fig. 3. lob),
with gastropods being significantly more abundant in Nord's Wharf and Kooroora
Bay than both Cockle Bay and Warner's Bay (Tables 3.6 and 3.7, Fig. 3.10d).

The K-dominance curve for Cockle Bay was more elevated than the curves for the
other locations, illustrating a heavy dominance of a small number of taxa, with
polychaetes from the family Spionidae alone contributing to over 65% of the average
abundance for this location (Fig. 3.1 la). In Warner's Bay and Nord's Wharf, the
dominance of a small number of taxa is less evident, and the elevated curve in
Warner's Bay suggests a less even assemblage than Nord's Wharf. The K-dominance
curve for Kooroora Bay illustrates a more diverse and even assemblage in comparison
to the other three locations.

Changes in the mucrobenthic assemblages in locations between 2000 and 2003
There was a significant decrease in the number of individuals, diversity (H'), richness
(d) and the abundance of all major taxa in Nord's Wharf between 2000 and 2003
(Tables 3.6 and 3.7, Figs 3.9 and 3.10). Significant declines also occurred in Cockle
Bay in the number of individuals, polychaetes, capitellids and crustacea (Tables 3.6
and 3.7, Figs 3.9 and 3.10). Bivalves were the only taxon to significantly decline in
abundance in Warner's Bay (Table 3.7, Fig. 3.10~).In Kooroora Bay, there was a
significant reduction in diversity, richness, and the number of crustacea (Table 3.7,
Figs 3.9 and 3.10).

2003 sampling occasion
Trends along the trace metal gradient were considerably different in 2003 than 2000,
reflecting the significant decrease in all biotic variables in Nord's Wharf in 2003 (Figs
3.9 and 3.10). All locations had a significantly higher abundance than Nord's Wharf,
with Cockle Bay also supporting a significantly greater number of individuals than
Warner's Bay (Tables 3.6 and 3.7). Diversity and richness in Warner's Bay and
Kooroora Bay were significantly greater than other locations (Table 3.7). The number
of polychaetes declined along the gradient, with all locations having a significantly
greater abundance of polychaetes than Nord's Wharf, and Cockle Bay and Warner's
Bay having significantly more polychaetes than Kooroora Bay (Table 3.7, Fig. 3.9d).
A similar trend occurred with the abundance of capitellids (Table 3.7, Fig. 3.10a). The
abundance of crustacea was significantly greater in Warner's Bay than Nord's Wharf
(Table 3.7, Fig. 3.10b), with no significant differences detected among locations.
Cockle Bay had significantly more bivalves than Warner's Bay and Nord's Wharf,
(Table 3.7, Fig. 3 . 1 0 ~ )with Kooroora Bay having a significantly higher abundance of
gastropods than all other sites. (Table 3.7, Fig. 3.10d).

K-dominance curves from 2003 illustrated the significant dominance of a few taxa in
Cockle Bay, with a similar, but less pronounced trend occurring at Warner's Bay (Fig.
3.1 lb). The curves for Kooroora Bay and Nord's Wharf show similar trajectories;
however, the shorter upward sloping line to the asymptote in the Nord's Wharf curve

illustrates the location's comparatively lower diversity and evenness.

Table 3.6. Summary of results from a three-factor analysis of variance for community indices and the abundance of selected taxa
sampled in Lake Macquarie benthic sediments in 2000 and 2003. Significant differences are in presented in bold (' Square root
transformed, Log10 transformed, p<0.01).
a. No. of individuals '
MS
F
P

MS

F

P

1
3
3
24
96

255
46.0
51.0
3.98
1.84

3.37
2.61
1.47
0.23
0.06

2.29
1.77
6.39
3.55

0.227
0.325
0.002
c0.001

Source of
variation

df

e. No. of capitellids
MS
F
P

Tinie
Location
Time X Location
Site (Time X Loc)
Residual

1
3
3
24
96

Source of
Variation

df

Time
Location
Time X Location
Site (Time X Loc)
Residual

0.29
6.88
6.45
0.53
0.25

5.02
0.90
12.8
2.17

0.04
1.07
12.2
2.14

0.1 11
0.533
C0.001
0.004

0.846
0.479
~0.001
c0.005

b. Diversity (H')

f. No. crustaceans3
MS
F
P
54.0
6.45
13.9
0.64
0.26

3.89
0.46
21.7
2.43

0.143
0.728
~0.001
0.001

c. Taxa richness (d)
MS
F
P
16.7
6.10
9.82
0.73
0.29

1.70
0.62
13.5
2.45

0.284
0.648
C0.001
0.001

g. No. of bivalves'
F
P

MS

10.9
0.84
1.70
0.47
0.26

6.45
0.50
3.63
1.76

0.085
0.710
0.027
0.028

d. No. of polychaetes
MS
F
P
18.6
14.6
4.28
0.32
0.20

4.34
3.40
13.3
1.58

0.129
0.171
C0.001
0.062

h. No. of gastropods '
MS
1'
P
3.09
5.77
1.73
0.15
0.10

1.79
3.34
1 1.3
1.52
.

0.274
0.174
C0.001
0.079

Table 3.7. Significant differences detected by SNKpost-ltoc tests from three-factor ANOVAs on
community indices and the abundance of selected taxa from Lake Macquarie in winter 2000 and summer
2003. Asterisks indicate transformed variables where pC0.01 was used due to significant differences in
homogeneity of variances as detected by Cochran's test. Location abbreviations are the same as Table 3.1.

among locations during 2000 and
2003.

Significant differences in locations
among times (2000 and 2003).

No. of individuals

2000 CB=NW>WB=KB
2003 CB>WB>KB>NW

CB2000>CB2003 WB2000=WB2003
KB2000 =KB2003 NW2000>N W3000

Diversity (H ')

2000 KB=NW>CB=WB
2003 KB=WB>CB=NW

NW2000>N W2003 WB2000=WB2003
KB2000>KB2003 N W2000=N W3000

Taxa richness (d)

2000 KB=NWXB-WB
2003 WB=KB>CB=NW

N W2000>N W2003 WB2000= WB2003
KB2000>KB2003 N W2000=N W3000

2000 CB=WB=KB=NW
2003 CB=WB>KB>NW

CB2000>CB2003 WB2000=WD2003
K B2000=K B2003 N W2000BN W2003

2000 CB>WB=KB=NW
2003 CB=WB>KB>N W

CB2000>CB2003
KB2000=KB2003

WB2000=WB2003
N W2000>NW2003

2000 NW>CB=WB=KB
2003 CB=KB=WB>NW
2000 NW=KB>CB=WB
2003 KB=CB>W B=N W

CB2000>CB2003
KB2000>KB2003
CB2000=CB2003
KB2000= KB2003

WB2000=WB2003
N W2000>NW2003
WB2000>WB2003
N W2000>N W2003

2000 KB=N W>CB=WB
2003 KB>CB=WB=NW

CB2000-CB2003
KB2000=KB2003

WB2000=WB2003
N W2000>N W2003

No. of polychaetes

*

No. of capitellids
No. of crustaceans
No. of bivalvcs
No. of gastropods

*

Bclde Bay

Figure 3.9. The mean (a) no. of individuals; (b)diversity (H'); (c) taxa richness; (d) no. of polychaetes fmm the four benthic sediment
locations in Lake Macquarie in 2000 (blue) and 2003 (red). Error bars represent f 1 S.E. Location means and errors are derived from four
sites, with four cores sampled at each site. NB: Y-axis scales differ among graphs.

Figure 3.10. The mean (a) no. of capitellids; (b) no. of crustaceans; (c) no. of bivalves; (d) no. of gastropods from the four benthic sediment
locations in Lake Macquarie in 2000 (blue) and 2003 (red). Location means and errors are derived from four sites, with four cores sampled
at each site. NB: Y-axis scales differ among graphs.
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V Warners M y
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Taxa rank
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Figure 3.1 1. Cumulative dominance curves (%) from benthic sedirnents in Cockle
Bay, Warner's Bay, Kooroora Bay and Nord's Wharf, Lake Macquarie: (a) winter
2000 and (b) summer 2003.

Multivariate measurements of benthic assemblages
The MDS ordination plot of the year 2000 data (Fig. 3.12a) showed a change in
benthic community structure along the gradient, with the Cockle Bay communities
being separated from both the Nord's Wharf and Kooroora Bay communities, and to a
lesser extent Warner's Bay. The dispersal of Kooroora Bay communities was greater
along both axes, with a number a sites overlapping within the Nord's Wharf
communities, and to a lesser extent the Warner's Bay communities. Due to the high
stress value of the ordination map (0.25), the positioning of the sites is not considered
definitive. Non-parametric multivariate analysis of variance (NPMANOVA) of the
2000 community data found significant differences among locations, and among sites
within locations (Table 3.8). Pair-wise analysis of among location differences found
all locations to be significantly different from each other (Table 3.9). Average
dissimilarities were significantly different among sites within Kooroora Bay, with no
other among site differences being identified within the other locations (Appendix 1).

In 2003, the MDS ordination plot also showed a graduation in the communities along
the gradient, with the exception of Nord's Wharf which was scattered along both axes,
with one site clearly being separated from all other sites and locations (Fig. 3.12b). As
with the 2000 ordination plot, the high stress value in 2003 plot (0.25) lends itself to a
broad interpretation. Aggregation of Warner's Bay sites was less in 2003, with several
sites displaying community assemblages similar to Cockle Bay and Kooroora Bay.
Similarly, several Kooroora Bay sites appeared to have community assemblages more
similar to sites within Nord's Wharf and Cockle Bay. Although the patterns from the
2003 ordination plots were less defined than those from 2000, NPMANOVA detected
significant differences among locations, and among sites within locations (Table 3.8).
In pair-wise comparisons, all locations were found to significantly differ from each
other (Table 3.9) with significant differences also being detected amongst sites within
Cockle Bay and Nord's Wharf (Appendix 1).

I

Nods Wharl

Figure 3.12. MDS ordinations of Bray-Curtis similarities from fourth-root
transformed species abundance data from cores taken from four benthic sediment
locations within Lake Macquarie: (a) 2000 and (b) 2003.

Table 3.8. Non-parametric MANOVA on Bray-Curtis distances for assemblages of
benthic organisms from four benthic sediment locations within Lake Macquarie in
2000 and 2003. Highlighted P values indicate significant results where Pc0.05.
Source
df
Location
3
Site (location) 12
Residual
48
Total
63

a. Lake Macquarie 2000
MS
F
P
8445
7.23 0.001
1167
1.30 0.035
899.7

b. Lake Macquarie 2003
MS
F
P
13524
6.7
2015.2
1.5
1331.0

Table 3.9. Results from among location NPMANOVA pair-wise
comparisons tests for the Lake Macquarie benthic sediments gradient
study in 2000 and 2003. Highlighted P values indicate sibmificant results
where Pc0.05.
Year
2000

Locations
CB,WB
CB,NW
CB,KB

WB, KB
W,KB

t

P
2.1803
4.0583
3.1983

0.0267
0.0330
0.0255

2.5084
2.2 165

0.0277
0.0322

SIMPER (2000)
Locations situated closer to each other showed a lower percent dissimilarity (Table
3.9)' with the most dissimilar locations being Cockle Bay and Nord's Wharf (avg.
dissimilarity = 60.04). Differences between these locations were primarily due to the
lower representation of isopods, and taxa from the families Tellenidae (bivalve) and
Nephytidae (polychaete) within Cockle Bay; as well as Cockle Bay's high abundance
of polychaetes From the families Spionidae and Opheliidae (Table 3.10). The
dominance of Spionidae, and to lesser extent Opheliidae, discriminated Cockle Bay
from all other locations. Excluding these taxa, the main differences between the fauna
of Cockle Bay and Warner's Bay (avg. dissimilarity

= 45.96)

were due to the higher

abundance of Oweniidae, isopods and Veneridae in Warner's Bay. Oweniidae and
decapods were more prevalent in Cockle Bay than Kooroora Bay, although isopods
were a more abundant in Kooroora Bay. Oweniidae and decapods were also more
prevalent in Warner's Bay than Kooroora Bay. However, two families of gastropods
(Potamididae and Trochidae) which were relatively abundant in Kooroora Bay were
absent in Warner's Bay, with the latter location also having a lower abundance of the
polychaete Cirratulidae. The higher abundance of isopods, amphipods and Nephytidae
in Nord's Wharf, and Oweniidae and Spionidae in Warner's Bay were the main taxa
discriminating these locations. The major differences in the assemblage of taxa
between Nord's Wharf and Kooroora Bay were attributed to Nord's Wharfs higher
average abundance of decapods, isopods, Nephytidae and Spionidae, and lower
representation of Oweniidae.

SIMPER (2003)
In 2003, the relationship between location distances and dissimilarity were more
marked than in 2000. Comparisons between the benthic assemblages at Nord's Wharf
and those from other locations showed the highest average dissimilarities, with the
location's low diversity and abundance attributing to these differences (Table 3.10).
The most dissimilar locations were Warner's Bay and Nord's Wharf (avg.
dissimilarity

=

74.33)' with Cockle Bay and Warner's Bay being more similar to each

other than Kooroora Bay. The primary difference in the assemblages of benthic
communities between Cockle Bay and Warner's Bay were due to the relatively higher

average abundances of amphipods, Opheliidae and Cirratulidae in Warner's Bay, and
Tellenidae and Oweniidae in Cockle Bay. Relatively high abundances of Spionidae
and Tellenidae in Cockle Bay, and Potamididae, Oweniidae and Mytilidae in
Kooroora Bay contributed most to dissimilarities between these locations. Relatively
higher abundances of Spionidae, Opheliidae, amphipods and Cirratulidae in Warner's
Bay, and the location's absence of Potamididae, contributed most to differences
between Warner's Bay and Kooroora Bay.

3.4.3 Relationship between biological and environmental patterns

2000
Weighted-Spearman rank correlations linking biotic and abiotic variables (BIO-ENV)
from 2000 showed cadmium had the greatest correlation with benthic community
structure (p,

=

0.74) (Table 3.1 1). Cadmium was also present in every optimal

combination derived from the ten best results. The second highest ranking
combination of environmental variables was cadmium and zinc (p,

=

0.73)' with a

combination of cadmium and lead being the third highest ranking combination (p,

=

0.70). Ordination plots with superimposed cadmium, lead, and

-

-

to lesser degree

zinc concentrations support these findings with sites containing similar concentrations
being grouped together, emphasising the strong correlations previously described
between these three metals and benthic community structure (Fig. 3.13a-c).
Superimposed manganese patterns also support the separation of sites; however, this
pattern was inverse to that found for lead, zinc and cadmium (Fig. 3.13d).

2003
Product-movement correlation analysis of the transformed environmental data from
the 2003 survey indicated that the zinc concentrations were highly correlated with
lead (0.98). Consequently, zinc was not represented in the BIOENV procedure
(Clarke and Ainsworth, 1993). A combination of cadmium and iron concentrations
were the strongest environmental variables to correlate with benthic community
structure (p,

= 0.73)

(Table 3.12). The addition of lead as an extra variable marginally

reduced the correlative relationship (p,= 0.72)' providing the second best explanation

Table 3.10. Summary of results from SIMPER analyses showing Bray-Curtis % dissimilarities among locations for 2000 and 2003,
and the five taxa contributing most to these dissimilarities. Location abbreviations are the same as Table 3.1

I Year

( Locations

%

1 5 major taxa contributing to dissimilarities

of the correlative relationship between the abiotic and biotic data sets. Either cadmium
or lead was present in all optimal combination derived from the ten best results. In
general, lead, cadmium and zinc concentrations superimposed on the ordination plots
add credence to these metals being the primary correlates, with the exception of the
one site from Nord's Wharf which was grouped with the Kooroora Bay sites (Fig.
3.14a-c). Graphically, no strong relationship was visible between the concentrations
of iron and benthic community structure (Fig. 3.14d).
Table 3.1 1. Combinations of variables (k at a time) giving the largest weightedSpearman rank correlations between the biotic and environmental similarity
matrices from 2000: correlations (p,) are supplied in parenthesis. The bold type
indicates the best overall single or combination of variable(s).

IK

I Best combination of variable(s)

2

Cd, Zn (0.73)
Cd, Pb (0.70)

3

Cd, Pb, Zn (0.66)
Cd, Pb, Mn (0.62)
Cd, Pb, Fe (0.62)
Cd, Pb, <63pm (0.61)
Cd, Pb, Zn, Mn (0.61)
Cd, Pb, Zn, <63pm (0.61)
Cd, Pb, Zn, Fe (0.60)

4

Table 3.12. Combinations of variables (k at a time), giving the largest weightedSpearman rank correlations between the biotic and abiotic similarity matrices from
2003: correlations (p,) are supplied in parenthesis. The bold type indicates the best
overall single or combination of variable(s).

K
2

3
4

5

Best combination of variable(s)
Cd, Fe (0.73)
Cd, Pb (0.69)
Pb, Fe (0.67)
Cd, Pb, Fe (0.72)
Cd, Fe, 600pm-2mm (0.66)
Cd, Pb, Fe, 600pm-2mm (0.68)
Cd, Pb, Fe, Mn (0.67)
Cd, Pb, Fe, TOC (0.67)
Cd, Pb, Fe, 63-600pm (0.66)
Cd, Pb, Fe, 600pm-2 mm, > 2mm (0.65)

Figure 3.13. MDS ordinations of Bray-Curtis similarities fiom fourth-root transformed species abundance data from sites at four benthic
sediment locations within Lake Macquarie in 2000; superimposed circled areas are proportional to: (a) lead concentration of sediments
(@g); (b) cadmium concentration of sediments (pg/g); (c) zinc concentration of sediments (pg/g); (d) manganese concentration of
sediments (pglg). Location replicates are sites taken from the mean of four replicate cores.

Figure 3.14. MDS ordinations of Bray-Curtis similarities from fourth-root transformed species abundance data from sites at four benthic
sediment locations within Lake Macquarie in 2003; superimposed circled areas are proportional to: (a) lead concentration of sediments
(&g); (b) cadmium concentration of sediments (pg/g); (c) zinc concentration of sediments (&g); (d) iron concentration of sediments
(pglg). Location replicates are sites taken from the mean of four replicate cores.

3.5 Discussion
3.5.1 Trace metal concentrations within the sediments
The results from both sampling occasions demonstrated a distinct gradient in the
concentrations of lead, cadmium and zinc within the fine-fraction (<63pm) of Lake
Macquarie's sediments, with concentrations being significantly elevated in the
northern-most locations (Figs 3.3 and 3.7). These findings add credence to other
studies which have shown sediments near the Pasminco smelter and adjacent
industrial areas to be enriched with lead, cadmium and zinc, with concentrations
decreasing as a function of distance (Furner, 1979; Roy and Crawford, 1984; Batley,
1987; Burt, 200 1 ; Chambers, 2003).

In 2000 and 2003, lead, cadmium and zinc concentrations in the sediments from
Cockle Bay and Warner's Bay exceeded the high values (ISQG-High) of the
Australian interim sediment quality guidelines (ANZECC/ARMCANZ, 2000). A
review by Long et al. (1995) showed inverse biological effects in fifty percent of the
studies which

had

trace metal concentrations

exceeding the

ISQG-High.

Concentrations of SEM were found to marginally exceed AVS concentrations in a
number of sites (Table 3 . 9 , most notably in Cockle Bay, which indicates that
porewaters may be a potential route for trace metal exposure (Ankley, 1996). Using a
sea urchin larval development assay, Doyle et al., (2003) found a toxicological
response in porewaters collected from Cockle Bay and Warner's Bay, although the
author suggested that this was more likely induced by high manganese concentrations,
as porewater concentrations of lead, cadmium and zinc were believed to be too low to
exhibit an effect. Similar sediment concentrations for all three metals at both locations
in this study have recently been reported by Burt (2001) and Chambers (2003), with
these studies demonstrating that trace metals were bioavailable to bivalves and fish,
however the routes of exposure (i.e. sediment, porewater or food) were not quantified.
Burt (2001) demonstrated through the use of the 'scope for growth' assay that the
bioavailable fraction of trace metals within Cockle Bay and Warner's Bay sediments
were sufficient to induce a significant reduction in the physiological condition of the
bivalve Anadara trapezia.

Concentrations for all three metals in Kooroora Bay were generally above the lower
interim sediment quality guidelines, and with the exception of site 4 (Fig. 3 . 3 ~ ) ~
concentrations did not exceed the higher guideline values. Concentrations above the
lower range suggest that biological effects may be possible, and provide a trigger for
additional chemical analysis (normalization and AVSISEM) and biological studies
(ANZECCJARMCANZ, 2000). AVS concentrations were not exceeded by SEM
concentrations within this location, reducing the likelihood of porewaters as a major
route of trace metal exposure (Table 3.5). Porewater concentrations fiom a nearby
location (Fennel Bay) have been shown to be below the detection limits for lead and
cadmium, and low for zinc, which also reduces the likelihood of porewaters as an
exposure route (Doyle et al., 2003).

Concentrations for all metals were significantly lower in Nord's Wharf than all other
locations (Figs 3.3 and 3.7), with lead and zinc concentrations being below lower
sediment

guideline

values

(50

pg/g

and

200

pg/g

respectively)

(ANZECCJARMCANZ, 2000). However, on both occasions cadmium concentrations
exceeded the lower value of 1.5 pglg (ANZECCIARMCANZ, 2000), indicating a
low, but potential risk of cadmium-induced biological effects. It is emphasised that
the concentrations reported from this study are based on the fine fraction of the
sediment, and not the bulk sediment component used for guideline values,
consequently, an over-estimation of trace metal concentrations can be expected. The
comparatively low concentrations of SEM indicate that porewaters are not a likely
source of trace metal exposure (Table 3 . 9 , reducing the overall risks of trace metals
eliciting a biological effect within this location.

Variations in trace metal concentrations were generally greater among locations than
within locations, with major differences among locations being most likely
attributable to the smelter and its adjacent areas (Roy and Crawford, 1984; Batley,
1987). Sedimentation in the north of the lake is primarily fluvial driven, and although
the Cockle Bay sub-catchment makes up only 17% (106 km2) of the lake's total
catchment area (622 km2), it provides 44% of the lake's total sediment yield (MHL,
2002), emphasising the extent of erosion in the northern end of the lake. It has been

estimated that the sub-catchment deposits 14,500 tonnes of sediment per year into the
adjacent bay, with another 5,500 tonnes being dispersed further into the lake in
suspension (MHL, 2002). Modelling by Kilby and Batley (1993) using slightly more
conservative sediment yields estimated sedimentation rates to be 6

* 1 mm per year at

300 metres from the entrance of Cockle Creek, with rates decreasing with distance
from the creek's entrance: 3

*

1 mm at 1,100 m and 2

*

1 mm at 2,200 m.

Consequently, the sediments within the northern locations can be expected to reflect
the high concentrations of metals within the soils of the sub-catchment, which in some
areas are as high as 5,600-25,000 pg/g lead (CIEP, 1995). Wave action, wind,
structural modifications to the lake's borders, and, to a lesser degree boating, all
appear to have a role in the distributing sediments

- and

consequently trace metals

-

through the North Basin (MHL, 2002).

The relatively high sedimentation rates proposed by Kilby and Batley (1993) help
clarify why the stratified samples taken from the top of the sediment column in 2000
failed to show discrete chronological patterns in contamination rates, as these cores
would only reflect trace metal loadings into the Cockle Bay sediments over the past
15-20 years. Sediment mixing, and trace metal partitioning via a myriad of physical,
chemical and biological processes can also be expected to have a pronounced effect of
the stratification of the trace metals in the sediments, thus reducing the resolution of
any chronological changes to contamination which may have occurred in recent years.

Retention also appears to play a pivotal role in the spatial heterogeneity of sedimentbound trace metals within Lake Macquarie. An extensive sandbar running in an eastwest trajectory north of the lake's entrance restricts the southerly movement of
sediment within the lake (Robinson, 1982), assisting in retaining the contaminated
sediments within the Northern Basin. Furthermore, the lake's narrow entrance near
Swansea inhibits any significant tidal flushing, effectively retaining any sediments
deposited into the lake (Roy and Crawford, 1984).

The spatially hierarchical design employed in 2003 found significant differences
among sites in the concentrations of lead and zinc within several of the locations.

Trace metal spatial heterogeneity within sediments has been highlighted by Momsey
et al. (1994), who detected spatial differences at a resolution of 10 m, the smallest

spatial scale used in the study of Sydney estuarine sediments. Although the
distribution of contaminants on a lake-scale appears to be driven by diffusion from
point-sources (Roy and Crawford, 1984), intra-location variation is most likely further
amended by a complex interaction of physical, chemical and biological processes.
While these processes have not been specifically studied, the influence of fluvial
inputs; bioimgation; pH; mixing; oxidation of resuspended anoxic sediments;
chemical speciation; desorption; and hydrodynamic processes on the spatial
heterogeneity of trace metals contaminated sediments is well documented (Batley,
1987; Turner et al., 1991; Stumm and Morgan, 1996; Evangelou, 1998; Sklar and
Browder, 1998; Millward et al., 1999).

The spatial patterns of trace metals within Lake Macquarie may have been further
augmented by additional point sources of contaminants, such as stomwater drains,
sewage works, galvanised roofs, vehicle emissions (Roy and Crawford, 1984), and the
artificial movement of large masses of soils around the lake (CIEP, 1995). Until
recently, base slag from the smelter has been extensively used throughout the Lake
Macquarie region by the general public and the local council for landfill and the
paving of recreational areas (CIEP, 1995). Evidence of this practice is visible in many
regions around the lake's perimeter (Chariton pers. obs.); however, the influence of
this practice on the observed spatial patterns in trace metal concentrations is unclear.

Trace metal concentrations during 2003 (summer) were lower than those from 2000
(winter). Hatje et al. (2001) found seasonal differences in the concentrations of lead
and zinc in the sediments of Port Jackson, Sydney, with higher concentrations being
reported during winter. The authors concluded that the observed decreases during
summer were primarily attributable to the changes in the nature of the solid particulate
matter, with summer sediments having a higher biogenic component fiom increases in
primary production, effectively diluting the trace metal component of the sediment.
Similar observations have been made by Windom et al. (1989) when examining largescale patterns in the composition of particulate matter in southern USA. Besides the

continual introduction of contaminants into a system, the processes affecting the
spatial distribution and concentrations of trace metals can also be expected to
influence temporal changes, e.g. wind mixing, rainfall and benthic activity. The
contribution of spatial variability is difficult to partition From temporal patterns
(Monisey et al., 1994).

3.5.2 Benthic community patterns

Collectively, the benthic samples from Lake Macquarie produced a diverse variety of
taxa, with 46 taxa being represented at a relatively coarse scale of taxonomic
resolution (Appendix 2). Polychaetes were the most abundant taxon at all locations,
contributing to over 75% of the total abundance. Studies within Lake Macquarie by
Robinson (1982) and Gibbs (1986) also found polychaetes to be the most numerically
dominant and diverse taxon. Gibbs (1986) attributed the lake's high species richness
to its entrance being located in the middle of an eddy of the Eastern Australian
Current, thus permitting the in-flow of planktonic larvae from a broad
biogeographical range.

Benthic community patterns (winter 2000)
In 2000, benthic assemblages exhibited several distinctive trends in their community
indices and taxa abundances along the proposed trace metal gradient. Diversity (H')
and richness (d) increased with distance from the putative sources, with Nord's Wharf
and Kooroora Bay supporting the richest and most diverse fauna (Fig. 3.9). An
inverse relationship between trace metal concentrations and both diversity and
richness of fauna has been regularly reported in field studies. Similar responses in
benthic assemblages exposed to a mixture of urban run-off derived trace metals have
been reported in Sydney estuaries (Stark, 1998; Lindegarth and Hoskin, 2001).
Comparisons between control and impacted sites in Antarctica also found negative
correlations between trace metal concentrations and taxa diversity and richness (Stark
et al., 2003). Such contaminant induced structural changes to the assemblages of
benthic communities has been attributed to the dominance of a few tolerant or
opportunistic taxa, with a concordant reduction in diversity (Pearson and Rosenberg,
1978).

Even though the relationship between diversity and ecological stability is contentious
(May, 1975), there is general agreement that the retrogression of an ecological
community to a dominance of opportunistic species (or r-selected) is an indication of
ecological stress (Pearson and Rosenberg, 1978; Rapport et al., 1985; Gray, 1989;
Warwick et al., 1990; Dauer, 1993), with polychaetes often being the dominant taxon
in disturbed estuaries (Warwick, 1986). Polychaetes were more numerous in the more
contaminated locations in this study, with one of the more abundant families being
Capitellidae (Figs 3.9 and 3.10), which has been previously shown to be prevalent in
trace metal enriched sediments (Ward and Hutchings, 1996; Stark, 1998). Ward and
Hutchings (1996), who found high numbers of capitellids in sediments with trace
metal concentrations an order of magnitude greater than those reported in this study,
suggested that the taxon exhibits a high tolerance to trace metal exposure. With
respect to the taxon being viewed as 'metal tolerant', a more conservative view is
taken here, as similar findings with capitellids have been frequently reported in
response to other types of disturbances e.g. oxygen depletion, salinity changes, and
organic enrichment (e.g. Pearson and Rosenberg, 1978; Simboura et al., 1995;
Holmer et al., 1997; Lardicci and Rossi, 1998; Peeters et al., 2000; Saiz-Salinas and
Gonzalez-Oreja, 2000; Preston, 2002). It is not possible in this study to determine if
the high abundance of capitellids is attributable to their metal tolerance, or their
ability to exploit vacant niches created by the loss or avoidance of other taxa. As such,
it is plausible that the capitellid communities within these locations are not selfsustaining, and are thus continually replenished by recruits sourced from other areas
within the lake.

Although Pearson and Rosenberg (1978) found that the dominance of small,
opportunistic taxon such as Capitellidae in stressed locations generally lead to a
significant increase in total abundance, the total number of individuals was no greater
in Cockle Bay than Nord's Wharf. Although both locations possessed more
individuals than Warner's Bay or Kooroora Bay (Fig. 3.9), the models proposed by
Pearson and Rosenberg (1978) were based on organic pollutants, with such
contaminants also increasing the food supply. In the case of this study, the putative

contaminants (trace metals) are not a food source; consequently, the structural
response by the macrobenthic fauna can be expected to differ from organic
contamination (Rygg, 1986). Dauer (1993) utilised a five-year dataset from
Chesapeake Bay, and found total abundance to be an unreliable measure of ecological
stress. An additional plausible explanation for the high abundance of individuals
found in Nord's Wharf resides in the location's high diversity. If a significant
proportion of the taxa are specialist, and hence, utilise a relatively narrow ecological
niche, a reduction in competition for certain resources would permit an increase the
holding capacity of the community (Krebs, 1994). Structural complexity (e.g. seagrass
beds, rocks and other structures) and primary production may also be greater in
Nord's Wharf, as seagrass locations have been shown to support more numerous and
diverse benthic fauna within Lake Macquarie (Gibbs, 1986). Such data was not
collected, but may prove valuable in hture monitoring programs.

The abundance of crustaceans also increased with distance from the putative source,
with Nord's Wharf having a significantly higher abundance of crustacea than the
other locations. Crustaceans are known to be sensitive to trace metal contamination
(Rand and Petrocelli, 1985; Warwick, 2001), with amphipods being among the first
taxon to disappear from communities in contaminated sediment studies (BehanSantini, 1980). As a result, amphipods are frequently employed in single-species
toxicity tests (DeWitt et al., 1999). In situ evidence also supports the sensitivity of
crustacea to trace metals. After transplanting benthic communities to a contaminated
location in Antarctica, Lenihan et al., (1995) observed an almost complete loss of
crustaceans from the transplanted communities after a one-year period. Warwick
(2001) also found a complete absence of amphipods in the contaminated Fa1 Estuary,
England. In contrast, Ward and Hutchings (1996) found crustaceans as a taxonomic
group to be no more sensitive to sediments with very high trace metal concentrations
than polychaetes or molluscs. In the present study, the trend in crustacea along the
gradient was not consistent at all taxonomic resolutions, with Warner's Bay
supporting a greater abundance of decapods than the less contaminated Kooroora Bay,
which suggests that differential metal tolerances in crustaceans appears to occur at a
sub-order level of taxonomic resolution.

Comparisons between the macrofaunal assemblages among locations using nMDS
and NPMANOVA showed that all locations were significantly different from each
other. SIMPER analysis indicated that the percentage of dissimilarity between the
characteristic fauna from each location increased with distance, with Cockle Bay and
Nord's Wharf having the highest dissimilarity, whilst Cockle Bay and Warner's Bay
showed the least dissimilarity. Similarities in the benthos of contaminated locations,
and increasing dissimilarities between contaminated and 'reference' locations is a
common attribute of contaminant studies (Momsey et al., 2003). The over-arching
trend was a dominance of small, deposit-feeding polychaetes (Spionidae and
Opheliidae) in both Cockle Bay and Warner's Bay, with a higher prevalence of
amphipods and isopods at Kooroora Bay and Nord's Wharf. Further dissimilarities
between the locations arose from the higher proportion of larger taxa and more kselected taxa such as the polychaete families Nereididae and Nephytidae, and the
bivalve Tellenidae in Nord's Wharf. This general shift from small, opportunistic fauna
to a more k-selected taxa assemblages has frequently been reported in concordance
with a reduction of environmental contaminant concentrations (Pearson and
Rosenberg, 1978; Rygg, 1985; Dauer, 1993; Hall et al., 1996; Stark, 1998; Lindegarth
and Hoskin, 2001; Warwick, 2001). Although long-lived species are generally more
resilient to transient variations in environmental variables (Wilson and Jeffiey, 1994),
their lower fecundity and greater age of sexual maturity reduces their recovery time
fiom large and prolonged disturbances. Consequently, a significant reduction in their
representation is often considered an indicator of ecological stress (Dauer, 1993).

Benthic community patterns (summer 2003)
The distinctive trends in benthic patterns found along the gradient in 2000 were less
defined in 2003, primarily due to a marked impoverishment in the number of
individuals, the abundance of the major taxa, and community indices at Nord's Wharf
(Figs. 3.9 and 3.10). Evidence from several studies (MacIntrye, 1959; Robinson,
1982; Gibbs, 1986) has shown that the benthic fauna within Lake Macquarie are
dynamic, and strongly influenced by climatic events; with salinity stratification and
subsequent deoxygenation of the bottom waters having a profound effect on the lake's

macrobenthic fauna (MacIntrye, 1959). In 1976, Gibbs (unpublished, NSW Fisheries)
observed a hypoxic-induced decline in benthic species in sediments below a deep
water column. As the samples in the present study were collected in shallow waters,
the notion of a hypoxic-induced event seems unlikely. Even though salinity
measurements of the water column in Nord's Wharf during 2003 were similar to the
other locations (approx. 3 1% 0 ) and the previous sampling event, these measurements
were instantaneous, and therefore can miss or underestimate the magnitude and
duration any significant changes which may have occurred. Therefore, the cause of
any localised catastrophic events can only be postulated.

Although there were no significant changes in the annual rainfall for Lake Macquarie
between 2000 and 2002 (Bureau of Meteorology) (Fig. 3.15a), monthly patterns were
highly irregular, with large and prolonged rain events subsequently followed by
periods of very low precipitation (Fig. 3.15b). As a small fluvial input exists within
the centre of Nord's Wharf, it is conceivable that dramatic changes in the location's
freshwater input could have had a pronounced effect on salinity, resulting in a
localised catastrophic event. Even though many estuarine species can acclimatise or
avoid tidal and episodic changes in salinity, acute responses to a sustained change in
salinity are well documented (Stora and Amoux, 1983; Wolff, 1983; Cognetti and
Maltagliati, 2000). In the nearby Hawkesbury Estuary, Jones (1987) suggested that
temporal variability within the benthic communities was also driven by non-seasonal
changes in rainfall patterns. However, Jones' study was performed in a drownedvalley estuary with a large catchment, making it more susceptible than Lake
Macquarie to significant changes in rainfall. As no significant changes in the
proportion of fines (c63 pm) and the total organic carbon occurred between the two
sampling periods in Nord's Wharf, smothering from fluvial-derived particulate matter
appears to be an unlikely cause for the decline in fauna.

The ability for natural disturbances to obscure anthropogenic-induced changes in
benthic assemblages is common in estuarine studies (e.g. Wu, 1982; Nipper et al.,
1998; Saiz-Salinas and Gonzalez-Oreja, 2000; Mistri et al., 2001; Morrisey et al.,
2003). In a comprehensive assessment of North Carolina's estuaries, Hyland et al.,
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Figure 3.15. Rainfall (mm) from Earring Bay, Lake Macquarie (1993-2003): (a)
annual;(b)monthly (data source, Bureau of Meteorology 2004). The red dotted-line
in figure (a) represents the mean annual rainfall recorded at the station between 1994
and 2003.

(2000) found 27

* 6% of the region studied contained impaired benthic assemblages

where no significant concentrations of contaminants were identified, suggesting the
influence of natural disturbances andor unmeasured contaminants. In the current
study, with the exception of bivalve abundances, declines occurred between 2000 and
2003 in all the univariate characteristics of the fauna within the North Basin.

Although seasonal changes in mortality and recruitment can be expected to occur
within Lake Macquarie, Gibbs (1986) found temporal variability mainly affected
species abundance and not composition within New South Wales's bamer lagoons.
Differential responses to rainfall events between the benthic fauna in the North and
South Basins were also reported by Robinson (1982), with benthic fauna in the North
Basin being more resilient to such events. Although the importance of pelagic derived
larvae on the structure of Lake Macquarie's fauna has been identified (Gibbs, 1986),
the role of intra-lake hydrodynamic processes on the internal distribution of larvae has
yet to be ascertained. As a majority of estuarine macrobenthic fauna have a planktonic
larvae form

-

amphipods being the notable exception

-

the bamers and physical

processes (i.e. sand-bars, currents and wind) which restrict the distribution of
contaminants between the two basins may also be influencing larval dispersal. If so,
faunal recovery and responses to stressors may differ significantly between the two
basins, confounding comparisons between northern and southern locations under the
current 'gradient' frame of reference.

Regardless of the changes that occurred in Nord's Wharf and the general decline in
abundances and indices in the North Basin, the trends which were symptomatic of
ecological stress in 2000 were again evident in the northern locations in 2003 (Figs
3.9 and 3.10). These were expressed as a reduction in faunal richness and diversity in
Cockle Bay, concurrent with a higher total abundance, and a higher number of
polychaetes, including the numerically dominant Capitellidae. As in 2000, gastropods
were more numerically abundant in Kooroora Bay than the other northern locations. A
similar increase in gastropod abundance was also found by Stark (1998) in Sydney
estuaries. Differences in feeding strategies and sediment exploitation have been
identified as major factors influencing the exposure and uptake of trace metals to
benthic invertebrates, with many deposit-feeders accumulating metals through the
ingestion of trace metal contaminated sediments (Wang and Fisher, 1999a). Some
gastropods selectively feed on the fine, organically-rich surface sediment, i.e.
sediments with a large surface area and a high affinity for trace metals, which may
further increase their exposure through dietary intake (Millward et al., 2001). This
potentially increases trace metal exposure, and may therefore influence the abundance

and distribution of gastropods within Lake Macquarie.

In contrast to the 2000 survey, bivalve abundance was greater in Cockle Bay than the
other locations. Inconsistencies in the response of higher taxonomic groups between
studies within similar regions were recognised by Lindegarth and Underwood (2002),
with the authors identifjhg species-specific responses as a possible factor. Even
though some taxa illustrate similar feeding strategies, e.g. siphon-filtering of the overlying waters in the families Tellenidae and Arcidae (Gilbert, 1977; Hadfield and
Anderson, 1988), morphological and anatomical differences in their internal filtration
and particle selection processes may result in the ingestion of different food sources,
varying their uptake of trace metals (Batley et al., 2002). Furthermore, internal
mechanisms for dealing with exposure and bioaccumulation vary across species and
genetic strains (Phillips and Rainbow, 1993; Barata et al., 2002). Qualitative evidence
within Lake Macquarie adds credence to the notion of inter-specific responses to trace
metals within bivalves, with the Sydney Cockle (Anadara trapezia) being notably
absent from Cockle Bay, even though the species was exceedingly abundant as
ichnofossils within the sediments below a depth of ten centimetres (Chariton, pers.

obs). Furthermore, the name of the bay anecdotally suggests that this species was
formerly common within the location. As indicated, Burt (2001) found physiological
impairment in Anadara trapezia transplanted into Cockle Bay sediments.
Collectively, the anecdotal, qualitative and experimental evidence suggest that the
effects of contaminants in Lake Macquarie are not ubiquitous across bivalves, with
some taxa still being prevalent whilst others have effectively suffered localised
extinctions.

Multivanate analysis (NPMANOVA) found significant differences in the benthic
assemblages between locations. Although this can be expected in the case of Nord's
Wharf, these differences indicate that some variable(s) are influencing benthic
communities along the gradient. SIMPER analysis also showed that the composition
of the benthic fauna was most similar between Cockle Bay and Warner's Bay, with
both locations having similar levels of dissimilarity to Kooroora Bay. Consequently,
the strong relationship between spatial proximity and dissimilarity found in 2000 was

not preserved between the Northern Basin locations during 2003. The fauna1
composition of Cockle Bay and Warner's Bay were again dominated by small
opportunistic polychaetes including Spionidae, Capitellidae and Oweniidae, however,
there were some changes in the fauna which characterised the two locations. For
example, in Cockle Bay, the former dominant bivalve Veneridae was replaced by
Tellenidae, with a notable a reduction in the representation of the polychaete
Opheliidae. Although bivalve numbers (predominately Tellenidae) were greater in
Cockle Bay, differences between locations occurred at a family level, with the
presence of Potamididae and the higher prevalence of Mytilidae in Kooroora Bay
aided in discriminating between these locations. Potamididae was also absent from the
Warner's Bay fauna. In Warner's Bay, amphipods replaced isopods as the dominant
crustacean. The observed increase in amphipod abundances was characteristic of
sampling during the warmer seasons (Robinson, 1982), however, the taxon's higher
representation in the Warner's Bay sediments was unexpected due to its traditional
use as a sentinel for contaminated sediments. Consequently, at a family level
amphipods appear to be a poor indicator of trace metal contamination within Lake
Macquarie. In line with a disturbance event, the fauna of Nord's Wharf was highly
dominated by opportunistic capitellids (66% of the total abundance) (Pearson and
Rosenberg, 19781; Warwick, 1986; Dauer et al., 1992). However, from a risk
assessment perspective, there is little value in comparing the findings from this
location to other locations along the contamination gradient.

Even though in some incidences spatial variation in both the univariate and
multivanate measurements occurred at a within-location scale, among-location
variability was significantly greater, with multivanate analysis consistently separating
the benthic assemblages from all four locations across the gradient. Variability in
benthic assemblages at a comparable scale was also found by Monisey (1992),
emphasising the need to incorporate appropriate spatial scales into contaminant
gradient studies. Although many of the taxa in 2003 were sampled across all
locations, their relative abundance and the contribution of rarer taxa differed across
the study, with Cockle Bay and Warner's Bay having community assemblages more
similar to each other than with other locations. This trend, and the relationship

between location distances and benthic assemblage dissimilarities found in 2000,
suggests that extrinsic process(es) are modifying the communities along the gradient.

3.5.3 Relationship between environmental variables and benthic communities
The findings of this study provide strong, albeit correlative, evidence that trace metals
are playing a major role in modifying benthic assemblages within Lake Macquarie. In
2000, groupings of sites in a manner consistent with benthic assemblage patterns were
best explained by sediment cadmium concentrations (p,

=

0.74), with additional

environmental variables reducing the overall strength of the relationship (Table 3.11).
In comparison to other studies, the correlation between the benthic communities and
cadmium concentrations was very high; it is a rare for one abiotic variable to provide
such a strong match with multidimensional fauna1 patterns (Clarke and Warwick,
1994). In general, cadmium and combinations of trace metals were the 'best' variables
which explained ecological patterns in both surveys, with sediment granulometry and
total organic carbon only being represented in the patterns when coupled with trace
metals (Tables 3.1 1 and 3.12). Concentrations of iron and manganese were also
identified as major correlates with benthic assemblages, with both metals being
inversely correlated with lead and cadmium concentrations, a relationship also
identified within Lake Macquarie by Burt (2001). Although the influence of these
metals on benthic patterns does not appear to be toxicologically related, a decline in
their availability as a resource cannot be discarded as a limiting factor.

As variability and concordant relationships between natural and contaminant variables
often add ambiguity to gradient patterns between contaminants and benthos, the
strong explanatory patterns observed in this study were probably aided by the
relatively low heterogeneity in environmental variables between the sites. Although
statistical differences in granulometry occurred between some locations, these
differences did not reflect highly contrasting sedimentary environments, such as
coarse sands versus claylmuds. Furthermore, there is little evidence that grain size per
se governs community assemblages (Snelgrove and Butman, 1994). Many studies

have shown a strong relationship between benthic assemblages and trace metals; but
direct comparisons are difficult due to study-specific differences in locations, design,

biota, measured variables, biogeochemistry and analytical techniques.

Cadmium, especially in its ionic form, is one of the more toxic trace metals to
estuarine and marine invertebrates, eliciting an acute response and chronic effects at
relatively low concentrations (Sadiq, 1992; Long et al., 1995; USEPA, 2000). As
cadmium is generally found in concert with other contaminants, its effect on in situ
benthic communities is less clear, with in situ experimental approaches on benthic
communities producing varying results. In a recolonisation experiment using
cadmium-spiked sediments with an initial concentration of 10 /.@g,

Lu and Wu

(2002) found cadmium to have little effect on the abundance, evenness and diversity
of recruits after a ten month recolonisation period; they suggested that cadmium may
have actually promoted recruitment during the initial stages of the experiment.
Similarly, Warren et al. (1998) observed no significant changes in differences in the
recruitment of macrobenthos into freshwater sediments spiked with cadmium
concentrations exceeding their molar equivalence of AVS by 2:l; however,
differences in the resident times of certain taxa, and therefore their bioaccumulation
potential, may have contributed to this finding. In contrast, Hansen et al., (1996) used
a novel planktonic recruitment approach to find that cadmium concentrations which
exceeded their molar equivalence in AVS had a significant effect on the abundance,
diversity and composition of the colonized fauna.

The current findings suggest that the concentrations of trace metals within the fine
fraction of the sediment provides a 'better tool' for discriminating the differences in
benthic assemblages within Lake Macquarie than the AVS:SEM ratios, with the latter
providing little correlative power. This relationship was expected, as SEM
concentrations rarely exceeded AVS concentrations, emphasising the caveat raised by
Batley et al. (2002) that AVSISEM is a "predictor of non-toxicity and not toxicity". In
this study, a major proportion of the fauna were deposit-feeding polychaetes, with
ecotoxicological principles suggesting that these taxa would be likely candidates for
high trace metal exposure through ingestion. In the case of capitellids, Selck et al.
(1998) found that up to 95% of the accumulated cadmium was sediment-bound, with
similar results being observed in the polychaetes Neresis succcinea and Neanthes

arenaceodentata (Wang and Fisher, 1999a; Lee et al., 2001). Consequently,
porewaters may not be the primary path for trace metal exposure for a considerable
component of the lake's fauna, even in cases where SEM concentrations may have
exceeded AVS. However, this does not discount the possibility that a more marked
change in benthic communities may have occurred if SEM concentrations consistently
exceeded AVS concentrations.

As the premise for community contaminant experiments is to encapsulate the response
of a community as a whole (including differential responses to mortality, avoidance
and fecundity), chemical measurements must not be inherently biased towards a
single pathway of exposure. No single chemical measurement can encompass all
potential and bioavailable sources of metals in the sediments, porewaters and
overlying waters, with a 'true' measurement of bioavailability yet to be determined
(Batley et al., 2002). Although total metal concentrations do not reflect
bioavailability, in the current study they are highly correlated with benthic structure,
which infers a relationship between sediment-bound trace metals and benthic
assemblages. Under a weight-of-evidence framework, such findings provide a
powerful cue for clarifying the role of metals and their potential risks to macrobenthic
communities in Lake Macquarie (Batley et al., 2002; Burton et al.. 2002).

3.6 Conclusion
Although the correlative design of this study does not permit direct links in causality
between

the observed patterns

in community

structures and trace metal

concentrations, there is considerable evidence to suggest that trace metals are having a
major influence on benthic assemblages within Lake Macquarie. On both occasions,
correlation analysis between the environmental variables and the Bray-Curtis
similarity matrices of the biotic datasets continually ranked trace metals as the
strongest variables which explain the spatial pattens in benthic assemblages in Lake
Macquarie, with the relationship to cadmium being particularly strong in 2000. The
concentrations of lead, cadmium and zinc were sufficiently elevated in Cockle Bay
and Warner's Bay to suggest a high probability of a biological response

(ANZECC/ARMCANZ, 2000), with the addition of porewaters as a potential route of
exposure in some incidences. Furthermore, the bioavailability of these metals to
benthic invertebrates and fish has been demonstrated in several studies (Fumer, 1979;
Burt, 200 1 ; Chambers, 2003).

Concurrent with metal concentration, the univariate and multivariate characteristics of
the benthic fauna studied generally illustrated trends characteristic of other
contaminant studies, and consequently adhered to the a priori hypotheses (section
3.1): that richness and diversity would decrease with increasing contaminant
concentrations; and communities exposed to higher concentrations would be highly
dominated by small, opportunistic taxa. As hypothesised, crustaceans were more
numerically abundant in the less contaminated locations; however, at a lower
taxonomic level, amphipods were found in greater numbers in Warner's Bay in 2003.
Deviations from these trends only occurred in 2003, with the decline in Nord's
Wharf's fauna.

The findings of this study emphasises the need to incorporate spatial and temporal
replication into gradient studies. In the case of trace metals, an increase in the spatial
sampling regime in 2003 found differences between Cockle Bay and Wamer's Bay
were more marginal than indicated in 2000. Spatial differences amongst sites were
also identified in the abundance of several taxa, community indices, and in
assemblages. Temporal changes in benthic assemblages also occurred within the
locations, with Nord's Wharf undergoing the most significant change. Furthermore,
this finding suggests that the lake's two basins may be operating semi-independently.
Although additional 'reference' locations in the South Basin were considered in the
initial experimental design, an extensive reconnaissance of the area failed to find
locations of similar substrate which were not potentially affected by thermal pollution
or selenium contamination. The difficulty in finding suitable reference locations has
been recognised by other researchers (Underwood, 1993).

From a risk assessment view, it essential to recognise factors which may have
confounded the evidence described above. Firstly, the exposure history, in concert

with the fundamental intrinsic and extrinsic factors which continually modify
communities, will have a considerable effect on the benthic community being
sampled. Ad hoe sediment quality measurements aimed at assessing the current health
of the sediments do not truly reflect the previous biogeochemical conditions faced by
the sampled communities, and the indirect effects this exposure may have had on the
community. Consequently, the relationship between biotic and sediment health is
temporally confounded, increasing the ambiguity of relating exposure to benthic
community structure.

There was a distinct gradient in the concentrations of lead, cadmium and zinc within
sediments sampled from Lake Macquarie, with concentrations in the northem-most
locations often exceeding ISQG-High trigger values. Although there was general
acceptance in the a priori hypotheses relating to biotic changes along the gradient, it
is emphasised that these hypotheses were developed from ecological responses to
stressors, and were not specific to trace metal induced stress. The findings of this
study indicate that trace metals contamination is a potential risk to the macrobenthic
communities in Lake Macquarie, however, experimental evidence is required to
further test this assumption.

Chapter 4
Recolonisation of translocated estuarine sediments
by macrobenthic communities.

Step 2
Experiment 1: Recolonisation of Lake
Macquarie sediments.

4

I

4.1 Aim of the experiment
The study presented in Chapter 3 illustrated a strong correlation between sediment
trace metal concentrations and benthic macroinvertebrate communities in Lake
Macquarie. The aim of this study was to ascertain if the correlations observed in Lake
Macquarie were primarily attributable to an inherent component of the sediments, or
an ecological response to unmeasured variable(s) or process(es), e.g. larval dispersal
patterns within the lake, nutrient levels, biotic interactions, and habitat complexity. A
variety of univariate and multivariate approaches were employed to examine
differences in the benthic macroinvertebrates which recolonise translocated sediments
sourced from three locations within Lake Macquarie (Nord's Wharf, Cockle Bay and
Warner's Bay). The main objective was to evaluate this approach as a tool to assess
location-specific risks which may then aid in evaluating the ecological health of
contaminated estuarine environments.

Specific objectives:
1 ) To identify if Lake Macquarie sediments translocated from three locations with
different concentrations of contaminants are recolonised by different relative
abundances and compositions of benthic macroinvertebrates.

2) To examine the influence of location on the reproducibility of the experiment.

3) Evaluate the use of translocated sediment recolonisation experiments as a locationspecific risk assessment tool to complement correlative field studies.

A priori hypotheses

H,: The benthic assemblages which recolonised the sediments translocated from
Cockle Bay and Warner's Bay sediments will be more similar to each other than those
which recolonised the sediments translocated from Nord's Wharf.

H2: Benthic assemblages which recolonise the Nord's Wharf sediments will be more
diverse, rich, even and contain a higher overall mean abundance than the assemblages
that recolonise the Cockle Bay and Warner's Bay sediments.

H3: Hypotheses one and two will be reproducible at several locations.

H4: The benthic assemblages within the ambient sediments (surrounding the
experiment) will be significantly different from the recolonised assemblages within
the translocated sediments.

4.2 Introduction
Elevated concentrations of trace metals within estuarine sediments have the potential
to modify benthic assemblages (Ford, 1989; Traunspurger and Drews, 1996; Ward
and Hutchings, 1996). These changes are often reflected as a decline in diversity,
richness and evenness due to the loss and reduction of sensitive taxa, concurrent with
an increase in the relative abundance of more resilient and resistant taxa (Gray, 1989;
Keough and Quinn, 199 1 ; Warwick, 1993). As benthic communities are continually
modified by numerous abiotic and biotic processes, the correlative models which
underpin many of these studies (survey and gradient) do not permit a direct link to
causality (Luoma, 1996). Furthermore, the influences of natural variability, sampling
error, and additional (often unidentified) contaminants can confound the findings of
survey studies, thereby reducing the ability to confidently identify and assess the
ecological risks associated with a particular location (Suter and Bamthouse, 1993;
Batley et al., 2002).

In order to clarify correlative studies and to increase our understanding of how
contaminants affect benthic communities, the testing of models founded on cause and
effect is essential (Underwood, 1989). These include laboratory-based single and
multi-species toxicity tests, mesocosms tests and manipulative field experiments. The
strength of laboratory toxicity tests is that they permit the effects of a toxicant to be
studied under controlled conditions, reducing the influence of potential confounding
factors. Their disadvantage is that the tests are performed under conditions which are
designed to be optimal for the survivorship of the controls, with such optimal
conditions being unrealistic of conditions faced by benthos in the field. In field studies
environmental conditions are realistic; however, the influence of confounding factors
increases with ecological complexity, reducing the explanatory power of the
relationship between the biota and the contaminant (Lenihan et al., 1995). Because all

approaches contain strengths and weakness, the optimum approach(es) are determined
by the hypotheses; issues relating to the choice of media; chemical species; exposure
routes; and ecologicaVbiologica1 end-points (Luoma, 1995).

Manipulative field experiments are being increasingly used to test the effects of
contaminant(s) on benthic communities, to evaluate bioavailability models and
biogeochemical assays, and to clarify location-specific relationships between
contaminants and benthos, with the latter generally involving a mixture of
contaminants (Monisey et al., 1996; Warren et al., 1998; Roach et al., 2000; Kline
and Stekoll, 2001; Lindegarth and Underwood, 2002; Stark et al., 2003). Three main
approaches are used in location or sediment-specific benthic community studies: the
translocation of benthic communities to reference and contaminated sediments (e.g.
(Stark, 1996)); the artificial formulation of sediments which contain concentrations
similar to those reported in the field, either through spiking or the addition of
contaminated field sediments (e.g. Lindegarth and Underwood, 2002); and the
translocation of contaminated field sediments (e.g. (Roach et al., 2000; Kline and
Stekoll, 2001). The third approach, which was utilised in this study, examines
differences among the benthic assemblages which recolonise defaunated, translocated
sediments. Variations in the univariate and multivariate attributes of the assemblages
are then used to identify and measure the effect of the treatment.

As illustrated in Chapter 3, there is considerable correlative evidence to show that
benthic assemblages within Lake Macquarie are being modified by trace metals:
locations with higher concentrations of lead, cadmium and zinc contained distinct
assemblages which were less diverse, rich and even. However, additional factors such
as rainfall, habitat structure and larval dispersal are potentially confounding or
dictating the observed patterns along the contaminant gradient. Coupled with this is
the possibility that the observed changes in the benthic communities were a response
to former trace metal concentrations, and are not indicative of current trace metal
concentrations. Consequently, the experimental approach employed in this study is
designed to reduce the confounding influence of sediment location and etiology.

The underlying hypothesis of this study is that the benthic assemblages that recolonise
sediments sourced from the reference location (Nord's Wharf) will differ significantly

from those which recolonise sediments sourced from the putatively impacted
locations (Cockle Bay and Warner's Bay). As is the case with all experiments, the
methods employed will influence the experimental outcomes. In this instance, the
structure and composition of the recolonised assemblages would be affected by the
length, timing and positioning of the experiments; the influence of the containers;
defaunation of the sediments; and the mobility of endemic fauna (Hayward et al.,
2001). Hence, it was assumed that the recolonising fauna will differ from those
inhabiting the area from where the sediments are sourced. To clarify the effect of the
experimental methods on the underlying ecological hypothesis, the concept of
disturbance (the cause of perturbation) and perturbation (the cause and effect), as
defined by Glasby and Underwood (1996), are integrated into the main hypothesis.
Hence, the reference sediments are viewed as being subjected to a 'protracted pulse'
perturbation - an initial pulse disturbance (defaunation) which has a protracted effect
on the benthic community by creating a vacancy in space and resources. As a result,
the sediments are then recolonised by opportunistic fauna, resulting in a community
composition which differs from that which inhabited the sediment prior to
defaunation. In the case of the treatments translocated from the putatively-impacted
locations, it is hypothesised that assemblages will be subjected to a 'protracted press'
perturbation: the disturbance

-

the toxic components of the sediments - will continue

to operate on the assemblage subsequent to recolonisation.

4.3 Materials and methods
4.3.1 Sediment collection, transplant locations and design
Approximately 90 litres of sediment was collected from each of three locations within
Lake Macquarie: Cockle Bay, Warner's Bay and Nord's Wharf (see Fig. 3.1).
Previous work has shown that the sediments within Cockle Bay and Warner's Bay are
enriched with similar concentrations of cadmium, lead and zinc (Table 3.4, Fig. 3.7),
however, differences in their macrobenthic assemblages were also observed (Tables
3.7 and 3.8; Figs 3.9 and 3.10). Sediments from Nord's Wharf have been shown to
contain substantially lower concentrations of lead, cadmium and zinc than those from
Cockle Bay and Warner's Bay, with benthic assemblages being distinct from the other
two locations (Tables 3.4, 3.7 and 3.8; Figs 3.7, 3.9 and 3.10).

Acid-washed plastic spades were used to collect the top 10 cm of the sediment - the
primary region of benthic fauna1 activity (Chariton, pers obs.). This section of the
sediment is reflective of trace metal concentrations deposited over the last 15-20 years
(Kilby and Batley, 1993). In each location sediments were placed in 3

X

30 L acid-

washed polypropylene vats, with the collected sediments evenly distributed between
the three containers. Upon returning to the laboratory, the sediments were defaunated
by purging each vat with high-purity nitrogen gas for a period of two hours, then
capped with nitrogen and stored at 4 'C. After seven days, three sub-samples were
collected from each vat and examined under a dissecting microscope to ensure that all
fauna were dead. Sub-samples were also obtained for trace metal analysis, total
organic carbon and grain size measurements.

In May 2002, at each of three locations (herein referred to as Locations l , 2 and 3)
within the South Basin of Lake Macquarie (Fig. 4. l), the defaunated sediments were
placed into 30 polyethylene containers (12.2 cm

X

12.2 cm

X

10.0 cm). Containers

were pre-drilled with five holes in the base to reduce sediment compaction, and a
porewater collection device (PCD) was placed into each container (see section 4.3.3).
At each location SCUBA divers placed ten containers of each sediment type. The
containers were placed in a random sequence into the substrata with their lids on,
distanced at 1 m intervals below a 2 m water column. The lips of the containers were
positioned to sit approximately 2 cm above the sediment-water interface (SWI), with a
plastic template used to ensure consistency in positioning. Although the positioning
of the containers in this manner has the potential to reduce the diversity andlor
abundance of recolonising fauna, a pilot study showed that it significantly reduced the
likelihood of ambient sediments being deposited into the containers. Once the
surrounding sediments settled, the positioning of the containers was checked, and a
single diver carefully removed the lids.

1

4
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Figure 4.1. Map of Lake Macquarie, NSW illustrating the positions of the locations
(Locations 1 , 2 and 3) used in the sediment translocation experiment.

After 22 weeks (October, 2002), the containers were covered and retrieved by divers.
Containers from Location 3 had been severely disturbed, and consequently were not
analysed. No signs of interference or deposition fiom the ambient sediments were
observed at the other locations. From each of the containers in Location 1 and 2, the
PCDs were removed for porewater analysis, and a 8 cm deep core (6 cm diameter)
was collected and sectioned vertically, one half of the core was homogenised for trace

metal analysis with the remainder sectioned in two (0-2 cm and 2-8 cm) for
AVSISEM analysis. The remaining sediment was sieved through a 1 mm mesh, with
the retained benthic fauna fixed in a 5% buffered formalin in seawater solution with a
Rose Bengal vital stain. After seven days fauna1 samples were washed with water to
remove the formalin, and preserved in a 70% ethanol solution. Samples were sorted to
the same taxonomic level used in Chapter 3: polychaetes (family), molluscs (family),
crustaceans (order), nemertans (phyla), and sipunculas (phyla). In addition, 10 cores
(10 cm diameter

X

8 cm depth) were obtained from surrounding sediments at each

location for benthic identification and numeration

-

herein referred to as ambient

samples, with the translocated sediments referred to as treatments. Preliminary work
found the volume of sediment sampled for benthic identification and numeration was
similar between the cores and the containers.

4.3.2 Chemical analysis of the sediments and granulometry
Trace metal concentrations within the fine-fraction (c63 pm) of the sediment, total
organic carbon, granulometry and acid-volatile sulfides/simultaneously extractable
metals (AVSISEM) were determined using the same methods described in Chapter 3
(3.3.4). AVSISEM was measured from three containers chosen at random from each
translocated treatment in both locations.

4.3.3 Porewater collection and analysis
In situ porewaters were collected using a novel and cost-effective approach developed
by the National Institute of Water and Atmosphere, New Zealand (Hickey, NIWA,
unpublished), with the porewaters being obtained by difhsion into membranecovered QuigenB 96-well micro-plates. Placed vertically, the wells enable porewaters
to be collected to a depth of 8 cm at a 1 cm resolution. Plates were initially prepared
by roughing the perimeter of the wells with a fine-grade sandpaper. The roughened
plates were then bathed in DeconB (48 hours), rinsed thoroughly with distilled water,
bathed in a 2% vlv nitric acid solution for 48 hours, and finally washed five times
with deionised (Millipore, Milli-Q) water. After drying in a laminar-flow cabinet,
40 pm acid-washed nylon-mesh was adhered to the front of the plates to create a
membrane. Preliminary trials conducted in Lake Macquarie employing a smaller mesh
size (25 pm) resulted in the membrane being clogged with algae, reducing the

efficiency of the technique (Chariton, unpublished). Once dried, the plates were
examined to ensure that membranes were firmly attached to the perimeters of the
wells, and any suspect Porewater Collection Devices (PCDs) were rejected. Oxygen
was removed from the PCDs by placing the units in a nitrogen-filled anaerobic
chamber (Forma Scientific, 1029 aerobic system) for a minimum of seven days.
Twenty-four hours prior to being placed into the field, the PCDs were submerged in
deoxygenated, deionised water and transferred into a vacuum chamber where the
nitrogen was removed from the cells and displaced with deoxygenated deionised
water. The PCDs were immediately wrapped in a non-permeable plastic wrap, and
placed back into the anaerobic chamber. PCDs were transported to the field in airtight
containers, which were purged and capped with nitrogen. On-site, PCDs were inserted
into each experimental container immediately prior to being handled by the divers.
The PCDs were positioned into the sediment with the first row immediately above the
SWI, enabling measurements to be obtained from this region.

Upon retrieval, stratified dissolved oxygen and pH measurements were immediately
obtained from two columns of wells within each plate using a calibrated Hannah
HI9025 microcomputer multi-probe. For trace metal analysis of the porewaters, the
contents of the remaining 10 wells in each row were collected into 5 mL acid-washed
syringes, and filtered through 0.45 pm (Minisart, Sartorius) disposable syringe-filters
into 10 mL acid-washed centrifuge tubes. The contents of each tube (approx. 3 mL),
was then fixed with a 1% v/v of concentrated Aristar-grade nitric acid, and stored on
ice.
Stratified porewater samples for trace metal analysis were obtained from four
randomly selected PCDs from each treatment at each location. Determination of trace
elements within the porewaters was performed on a Perkin-Elmer Elan 6000
Inductively Coupled Plasma Mass Spectrometer (ICP-MS), using a method adapted
from Willie et al. (1 998). This method employs a ~ o ~ o ~ e aAF-Chelate
rl@
650M resin
column (Tosohass, PA, USA)

-

an iminodiacetic acid resin with a macroporous

methacrylate backbone - as a chelation ion exchanger to sequester the trace elements
from the saline waters, reducing the interference of chlorine containing polyatomic
species. This technique preconcentrates the diluted samples, compensating for the
sample's initial low volume, and expected low concentrations of selected trace metals.

Prior to analysis, Aristar-grade nitric acid was prepared by sub-boiling through a
savillexa TeflonOdistillation unit, with all buffers and deionised water being cleanedup off-line through activated Toyopearl@ columns with a flow-rate of 1 mL per
minute.

All samples were diluted 1:4 with 1% v/v nitric acid prior to analysis.

Internal standards were used online with each injection, with a 10% v/v nitric acid
solution used as a 'flush' between samples. External standards (0.1 p d L , l &L,

10

pg/L and 100 ug/L ) constituting 10% of the samples were prepared for all major
elements in a 1% nitric acid solution made-up in deionised water, with comparisons
during trial runs detected no differences between standards prepared in deionised or
filtered seawater (Krikowa, University of Canberra, unpublished).

4.3.4 Data analysis
The calculations for diversity, richness and evenness were modified to accommodate
for the taxonomic resolution used in this study. The following indices were used:

Shannon-Weiner diversity (H')

H'= - C [p@)X log,(pi)]
Margalef s richness (d)
d = (S- 1 )/Log(n)

Pielou's evenness (J')
J'

= H'/Log(S)

Differences in trace metal concentrations, community indices and the abundance of
selected taxa were analysed using a balanced, two-factor ANOVA: with the first
factor 'location' being random, and the second factor 'treatment'
- being

-

the sediment type

fixed. In all biotic analyses, samples from the ambient sediments were treated

as an additional treatment. Normality was examined graphically, with homogeneity of
variances tested using Cochran's test. Where these assumptions were violated,
appropriate transformations were performed (Sokal and Rolf, 1995). In cases where
datasets remained heteroscedastic (Cochran's test: p<O.OS), the level of sipificance

was set at p<0.01 (Underwood, 1981). Student-Newman-Kuels test (SNK) was used
as a post-hoc procedure to evaluate significant differences among means. All
ANOVAs were performed using G-MAV5 (Institute of Marine Ecology, Australia).

Ordination of the biotic data was by non-metric multidimensional scaling (nMDS),
using the Primer v5 statistical package (Plymouth Marine Laboratory). Data was
double square-root transformed prior to analysis, with distances between samples
measured

using

Bray-Curtis

similarity coefficients.

Differences

in benthic

assemblages among treatments were tested by non-parametric multivariate analysis of
variance (NPMANOVA) (Anderson, 2001) on the transformed data with Bray-Curtis
dissimilarities between samples. Two-factor, pair-wise a posteriori tests based on
9,999 random permutations were used to identifying significant differences among
treatments and locations, and their interactions. The Primer v5 SIMPER procedure
was performed to identify which taxa contributed to any differences among the
sediment types, including both the translocated and ambient sediments.

4.4 Results
4.4.1 Initial trace metal concentrations, granulometry and organic content of

translocated sediments
Prior to translocation, Cockle Bay sediments contained higher concentrations of lead,
cadmium and zinc than the Warner's Bay and Nord's Wharf sediments, with the
Nord's Wharf sediments having the lowest concentrations of these three metals (Table
4.1). In contrast, manganese and iron concentrations were higher in the Nord's Wharf
sediments, as were copper and nickel, although concentrations of the latter two metals
were low with differences being marginal.

The Cockle Bay and Warner's Bay sediments had comparable percentages of fines,
sands and gravels, with both sediments containing over 50% sand

(63pm

-

2

mm), with the fine fraction (< 63pm) constituting over 40% of the dry-weight (Table
4.2). Sediments collected from Nord's Wharf had a higher percentage of sand (71%
mass/m,,), coupled with a lower percentage of fines (24% ""Ym,,)

than the other

translocated sediments. Total organic carbon (TOC) was higher in the Nord's Wharf

sediments (l%), than the Warner's Bay sediments (0.6%
, ) , , , /S" " "

which intum was
(Table 4.2).

marginally higher than the Cockle Bay sediments (0.4%

4.4.2 Trace metal concentrations in the translocated sediments

There was no difference in the mean concentrations of lead, zinc, copper and
manganese between the sediments translocated in Location 1 and 2 (Table 4.3).
However, mean concentrations of cadmium, nickel and iron were significantly higher
in the sediments translocated to Location 1 (Table 4.4).
Trace metal concentrations among the translocated sediments

The concentrations of the trace metals in each sediment treatment were generally
similar at the end of the experiment as reported prior to installation (Figs 4.2 and 4.3).
ANOVA detected significant differences in the concentrations of all metals among the
treatments (Table 4.3). Post-hoc analysis found concentrations of lead to be
significantly higher in the Cockle Bay (229 pg/g
Warner's Bay (194 pg/g

f4

*4

S.E.) sediments than the

S.E.) sediments, which in turn were significantly higher

than the Nord's Wharf (31 p d g

+ 1 S.E.) sediments (Table 4.4). A similar pattern

also occurred with cadmium (Cockle Bay 28.0 p d g

* 0.7 S.E. > Warner's Bay 13.6

* 0.3 S.E. > Nord's Wharf 1.3 pg/g * 0.7 S.E.) and zinc concentrations (Cockle
Bay 552 pg/g * 9 S.E. > Warner's Bay 402 p d g * 12 S.E. > Nord's Wharf 160 pg/g
* 3 S.E.) (Tables 4.3 and 4.4).
pg/g

Although generally low, concentrations of nickel were significantly higher in the

* 0.1 S.E.) than both the Cockle Bay (3.7 pg/g * 0.1
Bay (3.5 p d g * 0.1 S.E.) sediments, with no differences being

Nord's Wharf sediment (5.2 pg/g
S.E.) and Warner's

detected between the latter two sediment types (Table 4.4). Copper concentrations
within all treatments were low; however, Nord's Wharf (34.7 p d g

f

0.6 S.E.)

sediments contained significantly higher concentrations than the Warner's Bay (26.0
pdg

f

0.7 S.E.) sediments. No differences were detected in copper concentrations

between the Cockle Bay (30.5 pg/g

*

0.9 S.E.) sediments and the other two

translocated sediments. Concentrations of iron were significantly higher in the Nord's

* 400 S.E.) sediments than both Cockle Bay (12,200 p d g * 200
S.E.) and Wamer's Bay (9,400 p d g * 200 S.E.), with no differences being detected

Wharf (20,600 pg/g

between the latter. Mean manganese concentrations were highest in the translocated
Nord's Wharf (78 pg/g
(36 @g

*

* 2 S.E.) sediments, with concentrations in the Cockle Bay

1 S.E.) sediments being significantly higher than those found in the

Warner's Bay (40 p d g

* 1 S.E.) sediments.

Location-treatment interactions in trace metal concentrations

Significant interaction between location and treatments occurred in cadmium and
manganese concentrations in the translocated Cockle Bay and Warner's Bay
sediments (Table 4.3). Cadmium concentrations were greater in Location 1 in both the
Cockle Bay (Location 1 29.8

*

* 0.4 S.E.) and
13.0 p d g * 0.5 S.E.)

1.1 S.E.; Location 2 26.3 pg/g

Warner's Bay (Location 1 14.2 &g

* 0.4 S.E.; Location 2

sediments (Table 4.4). Manganese concentrations in the sediment treatments did not
differ among locations; however, concentrations among treatments within locations
did vary (Table 4.4). In Location 1, Nord's Wharf (75 p d g

* 2 S.E.) sediments

contained significantly higher concentrations of manganese than both the Cockle Bay
(38 pglg

*2

S.E.) and Warner's Bay (39 p d g

*

1 S.E.) sediments, with no

differences being detected in the latter two sediment types (Table 4.4). In Location 2,
manganese concentrations were significantly higher in the Nord's Wharf (8 1 p d g
S.E.) sediments, however, concentrations within the Warner's Bay (35 p d g

*4

* 1 S.E.)

sediments were significantly lower than those from the translocated Cockle Bay (42
pg/g

+ 1 S.E.) sediments (Table 4.4).

Table 4.1. Trace metal concentrations (mean + 1 S.E.) in the sediments collected From Nord's Wharf, Cockle
Bay and Warner's Bay in Lake Macquarie, NSW. Measurements were obtained after defaunation and
homogenisation, and prior to deployment.

I Cockle Bay

1 12,400 + 400 1 40 * l

PSj
Bay

9,600 + 200

1 260 + 6 1 30.7 + 0.6 1 548 + 7 1 32 + l 1 3.8 * 0. l I

j 42 * 1 j 221 + 4 j 15.0h0.8 j 392*5 j 27+

I

Table 4.2. Granulometry and total organic carbon (TOC %) (mean + 1 S.E.) of
sediments collected from Nord's Wharf, Cockle Bay and Warner's Bay in Lake
Macquarie, NSW. Measurements were obtained after defaunation and
homogenisation, and prior to deployment. All percentages are calculated on mass/
mass basis.
Sediment source <63 pm (%) 63 pm -2 mm (%) >2 mm (96) TOC (%)
Nord's Wharf
Cockle Bay

24 * 2

*

71 + 3

5+2

1 .O 0.1

56* 4

4

*2

0.4 + 0.1

3+1

0.6 + 0.1

j 3.6*0.11

Table 4.3. Summary of results of analysis of variance for transformed sediment trace metal concentrations from sediments translocated from
Cockle Bay, Warner's Bay and Nord's Wharf. ' ~ o 10
g transformed (p<0.05); * Log 10 transformed (p<0.01).
Source of variation

I

'

df

a) Lead

location
treatment
location X treatment
residual

1
2
2
54

MS
0.01
24.0
0.00
0.39

Source of variation

df

e) Nickel

location
treatment
location X treatment
residual

b) Cadmium
F
1.50
893
0.1 1

'

P
0.224
<0.001
0.903

MS
0.04
33.6
0.04
0.00

I

Iron

'

I;

5.46
849
5.33

'

c) Zinc L
MS
0.01
8.13
0.00
0.0 1

P
0.023
0.001
0.008

I

d) Copper

F
1.09
1977
0.40

g) Manganese

F
0.23
92.03
3.18

0.04
0.00
0.01

0.01

P
0.302
<0.001
0.671

'
P
0.936
0.011
0.049

MS
0.00
0.41
0.02
0.01

'
F
0.07
21.2
1.62

P
0.786
0.045
0.208

Table 4.4. Significant differences in sediment trace metal concentrations detected by SNKpost-hoe tests from the two-factor ANOVAs
(Table 4.3). n.s. indicates that no significant different differences were detected. CB = Cockle Bay, WB=Warner's Bay and NW= Nord's
Wharf.
Significant differences
detected among locations
Lead

Significant differences
detected among treatments

Significant differences in
treatments among locations

significant differences among
treatments within locations

CB Loc 1 > Loc 2

Loc 1: CB>WB>NW

WB Loc 1 > Loc 2

Loc 2: CB>WB>NW

CB>WB>NW

Cadmium

Zinc
Copper
Nickel

Manganese

LOC1 > Loc 2

Loc 1 . NW>WB>CB
Loc 2: NW> WB=CB

8.
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Figure 4.2. Concentrations of (a) lead, (b) cadmium and (c) zinc in sediments translocated fiom Nord's Wharf, Cockle Bay and Warner's Bay.
The red box and whiskers illustrate concentrations prior to deployment; green and blue box and whiskers illustrate concentrations at the
completion of the recolonisation experiment in Locations 1 and 2 respectively. Dashed and dotted lines represent the ANZECCIARMCANZ
(2000) ISQG-Low and ISQG-High trigger values respectively (box and whiskers represent mean 1 S.E.).

*

source ofsedtment

Figure 4.3. Concentrations of (a) copper, (b) nickel (c) manganese and (d) iron in
sedirnents translocated from Nord's Wharf, Cockle Bay and Warner's Bay. The red
box and whiskers illustrate concentrations prior to deployment; green and blue box
and whiskers illustrate concentrations at the completion of the recolonisation
experiment in Locations 1 and 2 respectively. The interim guideline concentrations
for copper (ISQG-Low 65 &g; ISQG-High 270 &g) and nickel (ISQG-Low 21
&g; ISQG-High 52 Clglg). Manganese and iron concentrations are presented as they
are important binding phases for sedimentary metals.

4.4.3 Physico-chemical measurements and concentrations of lead, cadmium, zinc,

copper and nickel within the porewaters

Although there was significant variation in the redox measurements from the PCDS,
the patterns showed an overall trend of redox values decreasing with sediment depth
(Fig. 4.4). Oxygen penetration was consistently deeper in the Nord's Wharf sediments
(approx. 4 cm) than the other translocated sediments. The Warner's Bay sediments
had the shallowest levels of oxygen penetration, with the oxic layer disappearing
within the first centimetre of the sediment column.

Porewater pH generally decreased with sediment depth, with the pH of the overlying
waters and porewaters (pH 7.2-7.8) being lower than the main water body of the lake
(pH = 8.4) (Fig. 4.5). The Nord's Wharf treatments showed a marginally higher pH in
the overlying the sediment-water interface (SWI), with all treatments having similar
pH values lower in the sediment column.

Concentrations for all metals were significantly higher in the waters overlying the
SW1 than the porewaters (Figs 4.6 and 4.7). In the waters sampled above the SWI, the
Cockle Bay treatment contained the highest mean concentrations of lead (Location 1
7.5 pg1L; Location 2 25 pdL), cadmium (Location 1 1.6 pgIL; Location 2 2.6 &L)
and copper (Location 1 4 pdL; Location 2 5 pg/L) (Figs 4.6 and 4.7).

Zinc

concentrations above the SW1 were higher in the Nord's Wharf (Location 1 41 pdL;
Location 2 43 p d L ) sediments, with nickel concentrations being marginally higher in
the Warner's Bay (3.5-4.5 &L)

sediments (Figs 4.6 and 4.7). The mean

concentrations of all metals were substantially lower in the more reduced portion of
the sediment column than those measured in the oxidised region above the SW1 (Figs
4.6 & 4.7). Lead concentrations were low in the porewaters for all treatments, with the
highest mean concentration occumng in the Cockle Bay sediments (2-3 p d L ) (Fig
4.6). Nickel concentrations were also low, with a maximum mean concentration of 2.5
pg/L occumng in the Warner's Bay sediments (Fig 4.7). Zinc was found in the
highest porewater concentrations, with a maximum mean concentration of =20 p d L
occurring in the Nord's Wharf sediments (Fig 4.7). In all treatments, cadmium was
not detected in the porewaters below a sediment depth of 2 cm (Fig 4.7).

Figure 4.4. Redox (mV) measurements obtained from the porewaters of the
translocated sediments at the completion of the recolonisationexperiment: (a & b)
Nord's Wharf Locations 1 and 2; (c & d) Cockle Bay Locations 1 and 2; (e & f)
Warner's Bay Locations 1 and 2. Box and whiskers represent mean l SE.

*

Figure 4.5. pH values obtained fiom the porewaters of the translocated sediments at
the completion of the recolonisation experiment: (a & b) Nord's Wharf Locations 1
and 2; (c & d) Cockle Bay Locations 1 and 2; (e & f ) Warner's Bay Locations 1 and
2. Box and whiskers represent mean 1 S.E.

*
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Figure 4.6 Stratified mean concentrations (n=4) of lead, cadmium and zinc obtained
fiom the porewaters of translocated sediments sourced from Nord's Wharf (NW),
Cockle Bay (CB) and Warner's Bay W).NB: concentrations in the oxic porewaters
appear to be artificially inflated due to an artefact of sampling (see section 4.5.1).
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Figure 4.7. Stratified mean concentrations (n=4) of copper and nickel obtained from
the porewaters of tramlocated sedirnents sourced from Nord's Wharf (NW), Cockle
Bay (CB) and Warner's Bay (WB). NB: concentrationsin the oxic porewaters appear
to be artificially inflated due to an artefact of sampling (see section 4.5.1).

4.4.4. Acid-volatile sulfides and simultaneously extractable metals (AVSISEM)
In both locations, mean concentrations of SEM in both the 0-2 cm and 2-8 cm layers
were greater in the translocated Cockle Bay sediments than those taken from
Warner's Bay and Nord's Wharf (Table 4.5). In the top layer of the sediment, the
mean concentrations of AVS fiom both locations were higher in the Cockle Bay
sediments (6.4 and 8.1 pmoVg; Location 2 10.8 moVg) than those from Warner's Bay
(3.4 and 3.4 pmollg; Location 2 10.8 mollg) and Nord's Wharf (4.8 and 5.0 pmollg;
Location 2 10.8 mollg). AVS concentrations within the lower component of the
sediment column (2-8 cm) were variable, with no distinct pattern occurring among the
treatments. Fifty per cent (n=12) of the samples analysed from the translocated
Cockle Bay sediments had SEM concentrations which exceeded their molar
equivalence in AVS, with the highest SEM:AVS ratio of 2:l occumng in a
translocated Cockle Bay surficial sediment in Location 2. One third of the samples
from the Warner's Bay translocated sediments had SEM concentrations greater than
their AVS equivalence, with the highest AVS:SEM ratio of 1.5:l occumng in a
surficial sediment in Location 2. SEM concentrations were consistently below their
AVS molar equivalence in all samples analysed fiom the translocated Nord's Wharf
sediments.

4.4.5 Univariate measurements of biota
A total of 3,371 individuals were sampled during the experiment, comprising 40 taxa,
including 19 polychaete, nine gastropod and seven bivalve families (Appendix 3).
Polychaetes were the most numerically abundant taxa, comprising over 79 per cent of
the total fauna sampled. Three taxa (Ampharetidae, Maldanidae and Aplysiidae)
sampled in the ambient sediments were not found in the transplanted sediments, but
were represented by only one or two individuals in the ambient sediments. Three taxa
(Hesionidae, Terebellidae and Collumbellidae) recolonised the translocated sediments
but were not sampled in the ambient sediments, with all three taxa being represented
by only 1 or 2 individuals across both experiments.

Table 4.5. SEMIAVS results h r n the translocated sediment. (0-2 cm and 2-7 cm) at the completion of the experiment.
Highlighted rows indicate results where on a molar basis SEM ratios exceeded AVS. B E M = [Ni, Cu, Zn, Cd and Pb]
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Location patterns in the univariate measurements of the recolonised benthic
communities
A total of 1,952 individuals from 34 taxa (including 16 families of polychaetes) were

sampled from the translocated sediments within Location 1, with 935 individuals from
37 taxa (including 17 polychaete families) being sampled in the translocated
sediments within Location 2. Total abundance and the abundance of the main taxa
(polychaetes, capitellids, and crustaceans) were consistently greater in Location
Molluscs were the only exception to this rule, with no significant differences
occumng between the two locations (Tables 4.6 and 4.7; Figs 4.8 and 4.9). No
significant differences in the community indices of richness (d), diversity (H') or
evenness (J') occurred between the two locations (Tables 4.6 and 4.7; Fig. 4.8).

Univariate attributes of macrobenthic communities among translocated treatments

The mean number of recolonised individuals (total abundance) was greater in the

* 11.0 S.E.) sediments, with no significant differences occumng
Cockle Bay (36.7 * 5.2 S.E.) and Warner's Bay (26.6 * 3.3 S.E.)

Nord's Wharf (8 1.3 1
between the

treatments (Tables 4.6 and 4.7; Fig. 4.8). Indices of diversity (H'), richness (d) and
evenness (J') did not significantly differ among the three translocated treatments
(Tables 4.6 and 4.7; Figs 4.8). Capitellids were more abundant in the Nord's Wharf
sediments (47.8

* 8.3 S.E.) than the other translocated treatments (Cockle Bay 16.4 i

3.2 S.E.; Warner's Bay 7.4 k 1.5 S.E.) (Tables 4.6 and 4.7; Fig. 4.9); however, this
difference was not significant when the p value was adjusted to p<0.01 to compensate
for heteroscedasticity. No significant differences were detected in the abundance of
polychaetes, molluscs or crustaceans between the treatments (Tables 4.6 and 4.7; Fig.
4.9).

Location and treatment interactions in the univariate attributes of the recolonised
communities

In all three translocated treatments, the mean number of individuals and the mean
abundance of polychaetes were greater in Location 1 (Tables 4.6 and 4.7; Fig. 4.9). In
the Nord's Wharf sediments, diversity and evenness were significantly lower in
Location 1 than Location 2. No other locationltreatment interactions were detected in
the other univariate measurements (Tables 4.6 and 4.7; Fig. 4.8).

Comparisons between the univariate attributes of the ambient and recolonised fauna
In Location 1, 282 individuals from 26 taxa were sampled (n=10) from the
surrounding (ambient) sediments, with 202 individuals from 18 taxa being sampled
from the ambient sediments within Location 2. No significant differences were
detected in the mean number of individuals in the ambient sediments between the two
locations (Location 1 28

* 4; Location 2 20 * 3 S.E.) (Tables 4.6 and 4.7; Fig. 4.8). In

both locations, ambient sediments sampled contained a significantly lower mean
number of individuals than the translocated Nord's Wharf sediments (1 13

* 14 S.E.);

however, this was not significantly different to the mean number of individuals in the

* 7 S.E.; Location 2 24 + 5 S.E.) and Warner's Bay
(Location 1 33 * 4 S.E; Location 2 20 * 5) treatments (Tables 4.6 and 4.7; Fig. 4.8).
Cockle Bay (Location 1 49

There was no overall difference in diversity between the ambient and translocated
fauna, although significant interactions between location and treatments occurred
(Tables 4.6 and 4.7; Fig. 4.8). In Location 1 the mean diversity of the ambient fauna

* 0.2 S.E.) did not differ from the recolonised fauna in all translocated treatments
(Nord's Wharf 1.4 + 0.1 S.E.; Cockle Bay 1.6 * 0.1 SE.; Warner's Bay 1.8 * 0.1
(1.7

S.E.) (Tables 4.6 and 4.7; Fig. 4.8). However, in Location 2, the recolonised fauna in
all translocated treatments (Nord's Wharf 1.7 + 0.1 S.E.; Cockle Bay 1.6

* 1 S.E.;

* 0.1 S.E.) were significantly more diverse than the surrounding
ambient fauna (1.2 * 0.2 S.E.) (Tables 4.6 and 4.7; Fig. 4.8).
Warner's Bay 1.7

Richness (d) was similar between the recolonised and ambient sediments (Table 4.7;
Fig. 4.8). There was no overall difference in the evenness between the resident and
recolonised fauna; however, evenness was higher in ambient communities sampled in
Location 1 compared to those which recolonised the Nord's Wharf sediments (Table
4.7; Fig. 4.8).

There was no overall difference in the mean abundances of polychaetes, capitellids,
crustacea or molluscs between the ambient communities and recolonised communities
(Table 4.7; Fig 4.9); however, differences in the abundance of polychaetes did occur
within the two locations. In Location 1, both the Nord's Wharf and Cockle Bay
treatments contained a higher mean abundance of polychaetes than the ambient
sediments; (Table 4.7; Fig. 4.9). In Location 2, polychaete abundances in the ambient

sediments were similar to those which recolonised the Cockle Bay and Warner's
treatments, although lower than that which recolonised the Nord's Wharf sediments
(Table 4.7; Fig. 4.9).

4.4.5 Multivariate community assemblages
The two-dimensional nMDS ordination plots of the biotic data for the experiments in
both locations showed reasonable clustering of the treatments on a two-dimensional
scale despite their relatively high stresses (stress

=

0.26) (Clarke, 1993) (Figs 4.10a

and b). In both locations, replicates from the translocated Nord's Wharf sediments
showed a higher degree of aggregation than the other treatments, indicating a lower
degree of variation between the benthic assemblages. The positioning of the replicates
from the ambient sediments in both locations suggests that the ambient assemblages
are relatively dissimilar to the translocated assemblages, with a degree of similarity
occumng among the recolonised assemblages.

Non-parametric multivariate analysis of variance (NPMANOVA) detected a
significant difference among treatments, with the differences among treatments
varying with location (Table 4.8). Differences between the recolonised assemblages in
the Cockle Bay and Nord's Wharf, Warner's Bay and Nord's Wharf, Cockle Bay and
Warner's Bay sediments were the same regardless of location; however, differences
between the Cockle Bay and ambient treatments varied within locations (Table 4.9).
Pair-wise analysis detected that the effect of location also varied with treatments, with
all treatments with the exception of Cockle Bay varying among locations (Table
4.10).

Table 4.6 Summary of results of from two-factor analysis of variance for community indices and the abundance of selected taxa sampled in the
translocated and ambient sediments from Locations 1 and 2 in Lake Macquarie. Significant differences are in presented in bold (' Log10
transformed, Log transformed with p<0.01) due to heteroscedasticity as tested by Cochran's test.

Source of variation

df

a) No. of Individuals
MS

F

'
P

b) Diversity (H')
MS

F

c) Taxa richness (d)
P

MS

F

d) Evenness (J')
P

MS

F

P

Location
1
treatment
3
Location X treatment 3
Residual
72
Source of variation

df

1
Location
treatment
3
Location X treatment 3
Residual
72

e) No. of Polychaetes '

f) No. of Capitellids

'

g) No. of Molluscs

'

h) No. of Crustaceans

'

Table 4.7 Significant differences detected by SNK post-ltoc tests in community indices and the abundance of selected taxa sampled in the
translocated and ambient sediments from Locations 1 and 2 in Lake Macquarie. Asterisks indicate transformed variables where p<0.01 due to
significant differences in homogeneity of variances as detected by Cochran's test (c0.05). n.s. = no significant differences detected.

Differences detected
among locations

Differences detected among
treatments

Differences in treatments
detected among locations.

Differences detected among
treatments within locations.

NW LOC2 > LOC1
Amb Loc 1 > Loc 2

Loc 1 WB>NW
Loc 2 albamb

NW Loc 2 > Loc l
Amb Loc 1> Loc 2
NW Loc 1 > Loc 2
CBLoc 1>Loc2
WB Loc 1 > Loc 2

Loc l All NW
Loc 2 WB>AMB=NW
Loc 1 NW> all, CB>amb
Loc 2 NW > all

No. of individuals
Diversity (H')
Richness (d)
.

Evenness (J')
No. of polychaetes

No. of capitellids*
No. of molluscs
No. of crustaceans

>

--

Treatment

Figure 4.8. The (a) total abundance; (b) diversity (H'); (c) richness; and (d) evenness
(J') measured from benthic communities sampled from the three translocated
sediments and ambient sedirnents in Locations 1 (red) and 2 (green). Box and
whiskers represent means k 1 S.E.

Treatment

Figure 4.9. The abundance of (a) polychaetes; (b) capitellids; (c) crustaceans; and (d)
molluscs sampled from the three translocated sediments and ambient sediments in
Locations 1 (red) and 2 (green). Box and whiskers represent means 1 S.E.

*

4.4.7 Composition of communities within the translocated and ambient

sediments
Polychaetes from the family Capitellidae were the most dominant taxa in both the
recolonised and resident assemblages, contributing to more than 50% of the total
abundance in all sediments, with the exception of assemblages which recolonised the
Warner's Bay sediments (Table 4.1 1). Polychaetes fiom the families Spionidae and
Oweniidae as well as isopods were also representative of the recolonised assemblages.
Cirratulidae and the bivalve Lucinidae were characteristic of the fauna which
recolonised the Cockle Bay and Warner' Bay sediments respectively. The gastropod
Trochidae was characteristic of the fauna residing in the ambient sediments in both
locations; and the fauna1 assemblages residing within Location 2 also contained
relatively high abundances of the bivalves Mytilidae and Arcidae.

The results from the SIMPER analysis found the highest mean Bray-Curtis
dissimilarity between the recolonised fauna in the Nord's Wharf and Warner's Bay
sediments (Table 4.12). The main taxa responsible for these differences were
Capitellidae, Spionidae, Oweniidae, Nereididae and Isopoda, all of which were more
abundant in the Nord's Wharf translocated sediments. Taxa contributing to
differences between Nord's Wharf and Cockle Bay were Capitellidae, Spionidae and
Nereididae (more abundant in the Nord's Wharf sediments), and Oweniidae and
Isopoda, which were more abundant in the translocated Cockle Bay sediments. The
significant taxa contributing to the dissimilarity between the recolonised assemblages
in the Cockle Bay and Warner's Bay sediments were the higher abundances of
Capitellidae, Oweniidae, Isopoda, Cirratulidae (all more abundant in the Cockle Bay
sediments), and Spionidae in the Warner's Bay sediments. The highest mean
dissimilarity between two treatments occurred between the assemblages which
recolonised the Nord's Wharf sediments and the resident (ambient) assemblages
within Location 2, with the differences being primarily due to the higher abundances
of Capitellidae, Spionidae, Oweniidae, Nereididae and Isopoda in the recolonised
assemblages. The main taxa contributing to dissimilarities between the resident fauna
in Locations 1 and 2 were due to the higher abundances of Capitellidae, Isopoda,
Oweniidae and Spionidae in Location 1, and the higher mean abundance of Mytilidae
in the Location 2 sediments.

Figure 4.10. Two dimensional nMDS ordination plots for the recolonisation
experiments in Location 1 (a) and Location 2 (b). CB = Cockle Bay; WB = Warner's
Bay; NW = Nord's Wharf; and Amb = ambient.

Table 4.8. Non-parametric MANOVA on Bray-Curtis distances for
recolonised assemblages of benthic organisms among locations and
among sediment types within locations.
Source
Location
Sediment
Location X sediment
Residual

Table 4.9. Among treatments results (including ambient fauna) within
locations from NPMANOVA pair-wise comparisons tests on recolonised
and resident fauna. Highlighted P values indicate significant results where
Pc0.05.
Location
Location l

Treatment (sediment type)
Nord's Wharf, Cockle Bay
I Nord's Wharf. Warner's Bav 1
I Nord's Wharf. Ambient
1
Cockle Bay, Warner's Bay
Cockle Bay, Ambient
I Warner's Bav. Ambient
1

t
1.73
2.06
2.29
0.98
1.34
1.90

Location 2

Nord's Wharf, Cockle Bay
Nord's Wharf, Warner's Bay
Nord's Wharf, Ambient
Cockle Bav. Warner's Bav
Cockle Bay, Ambient
Warner's Bay, Ambient

1S O
1.85
2.17
1.21
2.25
2.17

I
I

I

P
0.002
1 < 0.001 1
1 C 0.001 1
0.490
0.067
1
0.001 1

0.01 1

< 0.001
C 0.001

1

Table 4.10. Among location results (including ambient fauna)
within treatments from NPMANOVA pair-wise comparisons
tests on recolonised and resident fauna. Highlighted P values
indicate significant results where P<0.05.

I Treatment

I Location 1 Vs Location 2
t

L

Nord's Wharf
Cockle Bay
Warner's Bay
Ambient

1

1.901
1.269
1.566
1.483

P
cO.001
0.121
0.001
0.044

1
l

0.193
C 0.06
0.001

Table 4.11. The five most dominant taxa and their relative contribution (%) to the assemblages which recolonised the
translocated and sediments and which reside in the surrounding ambient sediments.

I Sediment type
Nord's Wharf

I Cockle Bay
p a r n e r ' s Bay
Location 1 - Ambient

1I 5 most dominant taxa and their contribution (%)

I Capitellidae (66 %), Spionidae ( l 4 %), Nereididae (5 %), Oweniidae (4 %), Isopoda (2 %)
I Capitellidae (5 1 %) Oweniidae (l 3 %), Spionidae (l2%), Isopoda (6 %), Cirratulidae (3 %)

1

Capitellidae (33%), Spionidae (26%), isopoda ( l 2%), Oweniidae (l 8 %), Lucinidae ( 6 x 7 1

I Capitellidae (63%), lsopoda (1 2%), Oweniidae (5%), Nereididae (4 %), Trochidae (4 %)
I

Location 2 - Ambient

II

Capitellidae (76%), Mytilidae (5%), Spionidae (5%) Arcidae (5%) Trochidae (5 %)

Table 4.12. Summary of results from SIMPER analyses showing Bray-Curtis % dissimilarities among fauna1 assemblages in the
translocated treatments and ambient sediments, and the five taxa contributing most to these dissimilarities.
.-

Sediment type (treatment)

I

Nord's Wharf & Cockle Bay

61.13

Capitellidae, Spionidae, Oweniidae, Isopoda, Nereididae

Nord's Wharf & Warner's Bay

68.89

Capitellidae, Spionidae, Oweniidae, Nereididae, Isopoda

Cockle Ray & Warner's Bay

63.25

Capitellidae, Spionidae, Oweniidae, Isopoda, Cirratulidae

Nord's Wharf & Location 1 Ambient

64.04

Capitellidae, Spionidae, Isopoda, Oweniidae, Nereididae
--

Cockle Bay & Location l ~ m b i k t

59.93

I Capitellidae, Isopoda, Oweniidae, Spionidae, Nereididae

Warner's Bay & Location 1 Ambient

62.65

Capitellidae, Isopoda, Spionidae, Oweniidae, Nereididae

Nord's Wharf & Location 2 Ambient

69.29

Cockle Bay & Location 2 Ambient

I Capitellidae, Oweniidae, Spionidac, Isopoda, Mytilidae

68.82

I Capitellidae, Spionidae, Isopoda, Oweniidae, Nereididae

I

I

Warner's Bay & Location 2 Ambient
~ o c a t i o n 2Ambient

/

Capitellidae, Spionidae, Oweniidae, Nereididae, Isopoda

66.97

I

&I - 1

5 major taxa contributing to dissimilarities

Dissimilarity (96)

I

54.99

Isopoda, Mytilidae, Oweniidae, Spionidae

4.5 Discussion
4.5.1 Characteristics of the translocated sediments
This study was designed to experimentally test the previously observed correlative
patterns between sediment trace metal concentrations and benthic assemblages along
a trace metal gradient in Lake Macquarie, New South Wales. A primary objective was
to translocate sediments with trace metal concentrations closely matching those
previously sampled from three locations in Lake Macquarie (Cockle Bay, Warner's
Bay and Nord's Wharf).

At the end of the experiment, trace metal concentrations within the translocated
sediments were similar to those previously observed in the field during the 2000
gradient study (Chapter 3). Findings revealed a more marked difference in trace metal
concentrations between Cockle Bay and Warner's Bay than reported in the more
spatial-intensive 2003 study (Chapter 3). The similarity to the 2000 gradient study is
most likely an artefact of the sediment collection process, as sediments were only
collected from one site within each location, and consequently did not capture the
spatial variability of the metals on a location scale. Although differences in cadmium
concentrations were detected between the sediments translocated from both Warner's
Bay and Nord's Wharf, these differences were relatively small, did not alter the
overall patterns between the treatments, and were most likely a result of cumulative
errors from sampling and analysis.

The translocated Cockle Bay sediments were similar to those reported in the field,
with the mean concentrations for lead, cadmium and zinc exceeding the Australian
interim sediment quality guideline (ISQG-High) concentrations of 220 p d g , 10 p d g
and 410 pg/g respectively, suggesting concentrations were sufficiently high in all
three metals to induce a biological effect (ANZECCIARMCANZ, 2000) (Fig. 4.2).
The Warner's Bay sediments contained lead and zinc concentrations lower than those
taken from Cockle Bay, and were marginally below the ISQG-High concentrations.
Cadmium concentrations within the translocated Warner's Bay sediments were
similar to those reported in the field, exceeding the ISQG-High concentration. In the
translocated Nord's Wharf sediments, concentrations of lead, zinc and cadmium were
significantly lower than the other translocated treatments, with the concentrations for

all metals being below the ISQG-values, although this was marginal in the case of
cadmium. Concentrations of copper and nickel were higher in the Nord's Wharf
sediments; however, these concentrations were significantly below the lower interim
guideline values of 65 pg/g and 21 pg/g respectively (Fig. 4.3.) The higher
concentrations of manganese and iron in the Nord's Wharf sediments were consistent
with patterns previously reported in the field (Chapter 4).

The physico-chemical measurements of the porewaters indicated that the sediments
had reached a state typical of biologically imgated sediments, with an identifiable
oxic layer penetrating into the sediment column followed by a dramatic decline in the
redox potential of the porewaters (Jorgensen and Revsbech, 1985). The increase in
biological activity which would be expected to coincide with the higher aggregation
of individuals observed in the Nord's Wharf sediments resulted in a deeper oxic layer
within these treatments. Although there was a significant level of variability in the
redox potentials from the sub-oxic/anoxic layers, especially in the Cockle Bay and
Warner's Bay sediments, these changes were not variable enough to suggest a state of
electrochemical disequilibrium (Grundl, 1995), but were more indicative of natural
sediments in which a full state of equilibria is never obtained (Pardue and Patrick,
1995).

The increased movement of solutes and particulates which occurs with biological
activity can have a pronounced effect on the physico-chemical status of sediments,
resulting in a mosaic of oxic, sub-oxic and anoxic environments (Rhoads and Boyer,
1982; Matisoff, 1995). These changes can alter the speciation of the metals,
influencing bioavailability and toxicity (Brezonik et al., 1991; Millward and Turner,
1995). In this study, the pH of the porewaters was lower that of the overlying water
column. This phenomenon is characteristic of bioinigated and bioturbated estuarine
sediments, and is primarily attributable to an increase in the production of protons
arising from the oxidation of Fe(I1) in the porewaters (e.g. 4 ~ e ~
+ '02 + 6H2O
FeOOH

+

-,

8 ~ ' ) . However, the decrease in pH was less evident in the surficial

sediments of the Nord's Wharf treatment, even though these sediments were more
oxic. Using imgated artificial burrows to simulate benthic imgation, Marinelli and
Boudreau (1996) observed a similar increase in the pH of extensively imgated

surficial sediments, which they attributed to an increased mixing of the more alkaline
overlying waters.

Concentrations of porewater metals repeatedly showed dramatic peaks above the SW1
and in the oxic layer, but were generally low in the anoxic layer. Low concentrations
of non-redox sensitive trace metals is common in estuarine sediments, including many
moderately disturbed locations, as the bacterial reduction of sulphate to sulfide creates
thermodynamically-favoured insoluble metal

sulfides (Curtis and Spears, 1968).

When acid-volatile sulfide concentrations exceed the cumulative concentrations of
sulfide insoluble Pb, Cd, Zn, Cu, Ni and Ag, ionic forms of the divalent metals are
sequestered from the anoxic porewaters (Di Toro et al., 1990; Ankley et al., 1996).
The higher concentrations of trace metals within the reduced porewaters from Cockle
Bay and Warner's Bay were consistent with sediments which contain a higher ratio of
SEM to AVS.
The partitioning of metals between labile and insoluble phases in oxic sediments is
primarily controlled by iron and manganese oxyhydroxides rather than sulfide
(Stumm and Morgan, 1996). Therefore the observed significant increase in porewater
trace metals within the oxic layer and above the SW1 cannot be solely attributable to a
reduction in sulfide concentrations due to oxidation. The highest concentrations of
trace metals are often reported in the oxic porewaters (Hong et al., 1995; Luther,
1995); in this study the highest concentrations of zinc were found in the porewaters
From Nord's Wharf, which contained the most oxic sediments, and the lowest overall
concentrations of zinc and SEM. It is proposed that these discrepancies are not a
direct reflection of the trace metal concentrations within the oxic waters (pore and
overlying), but rather an artefact from the precipitation of iron-oxide on the plates and
wells of the PCDs (Chariton pen. ohs.). When the reduced status of peepers is not
maintained

-

either during preparation, handling or deployment

-

oxygenation of

Fe(I1) and Mn(I1) in the anoxic porewaters can result in the precipitation of iron and
manganese oxyhydroxides on the surface of the peepers and the formation of colloids
within the wells (Teasdale et al., 1995). This can artificially increase the
concentrations of the obtained porewaters in two ways: the colloidal material below
the membrane size of the filter (0.45 PM) can be redissolved when fixing the samples
in acid; or by increasing the fluxing of metals into the peepers as they try to establish

an equilibrium whilst simultaneously absorbing and CO-precipitating with iron and
manganese oxyhydroxides formed on the surfaces of the plastics (Teasdale et d . ,
1995). Although the true concentrations of metals within the oxic porewaters are not
available, sea urchin toxicity tests by Doyle et al. (2003) using oxic porewaters from
Cockle Bay and Warner's Bay, indicated that manganese and possibly copper were
the only trace metals found in sufficient concentrations to cause an effect.

4.5.2 Recolonisation of benthic assemblages
The findings of this study supported the original hypothesis that recolonised benthic
communities within the translocated Nord's Wharf sediments would differ fiom those
which would recolonise the translocated sediments sourced from locations with higher
concentrations of trace metals (Cockle Bay and Warner's Bay). As predicated by the
perturbation models underlying this hypothesis, the Nord's Wharf sediments
responded in a manner which was consistent with a 'protracted pulse' perturbation.
That is, they contained a significantly higher total abundance, primarily attributable to
the dominance of opportunistic taxa (capitellid polychaetes) (Glasby and Underwood,
1996). Although the definition of r-selected taxa is arbitrary, capitellids are
synonymous with being r-selected in estuarine environments due to the taxa's ability
to exploit environments which are unpredictable or contain ephemeral resources
(Wilson and Bossert, 1971; Grassle and Grassle, 1974; Grassle and Grassle, 1976). It
is emphasised, however, that capitellids are not confined to perturbed environments.
The taxa is represented across of broad range of estuarine environments (Grassle and
Grassle, 1974), evidenced by its dominance in all treatments and the surrounding
ambient sediments. Higher abundances in newly recolonised sediments in comparison
to ambient sediments have been reported in several studies (Berge, 1990; Olsgard,
1999). However, initial increases in the abundance of opportunistic taxa in newlycolonised habitats may not be sustainable, with subsequent declines occumng in
conjunction with increasing biotic interactions (e.g. predation and resource
partitioning) as the community becomes more established (Peterson, 1979; Krebs,
1994).
The higher concentrations of trace metals within the translocated Cockle Bay and
Warner's Bay sediments resulted in recolonised communities comprising lower

numbers of individuals and polychaetes, in particular capitellids; however, no
differences occurred in the abundances of molluscs and crustacea. The dispersal and
recolonisation of larval and adult marine benthos display both passive and active
components (Eckman, 1996). Passive dispersal is primarily dictated by hydrodynamic
processes, and has a more pronounced effect on the recolonisation of benthos on a
meso, or larger, scale; whilst active selection
established benthos

- appears

-

including the interaction with

to be the dominant process on smaller scales (Farrell et

al., 1991; Turner et al., 1997; Bradbury and Snelgrove, 2001). Due to the small
surface area of the containers and their random placement within the sediments, the
influence of hydrodynamic forces can be expected to be similar across all translocated
treatments within each location. This indicates that polychaetes (especially capitellids)
were either preferentially recolonising the Nord's Wharf sediments, or were being
subjected to lower rates of mortality, avoidance or immigration than the fauna in the
Cockle Bay and Warner's Bay sediments. As the Nord's Wharf treatment was a
reference sediment and not a true control, it is not possible to establish if additional
inherent characteristics of the sediments - other than lower trace metal concentrations
-

were influencing settlement. Experimental flume studies and field recolonisation

experiments have shown that the granulometry and organic content of the sediments
can

also

influence

recolonisation

via

active-selection

and

alterations

to

hydrodynamics (Butman et al., 1988; Snelgrove and Butman, 1994; Wu and Shin,
1997; Ford et al., 2001). In general, abundance is a poor measure of community stress
as it is intrinsically modified by variables such as food availability, predation, and
active site selection (Dauer, 1993). Furthermore, abundance can have a bidirectional
response, with changes occurring from an increase in the preferential settlement of
larvae or a reduction due to active avoidance and toxicity.

Community indices of the Cockle Bay and Warner's Bay treatments did not reflect
responses symptomatic of a contaminant-induced 'protracted-press perturbation', with
all translocated treatments having similar measurements in diversity, richness and
evenness. Survey and gradient studies have frequently demonstrated a negative
correlation between community indices and sediment trace metal concentrations
(Ward and Hutchings, 1996; Warwick, 2001), including that previously reported in
Lake Macquarie (Chapter 3). Although the pool of manipulated trace metal studies
against which comparisons can be made is small, in most incidences a marked

response in univariate indices has only been demonstrated in studies which have used
highly elevated concentrations of trace metals within the sediments andtor the
porewaters. For example, Watzin and Roscigno (1997) found changes in the
abundances of some taxa with zinc concentrations between 250-5,000 p d g . Very high
concentrations of cadmium (28,000-174,000 p d L ) within the porewaters has also
been shown to have a significant influence on the abundance and composition of
recolonised benthic communities (Hansen et al., 1996). In studies using trace metal
concentrations closer to those found in this experiment, the findings are generally
more tenuous, with inconsistent responses occumng in taxa and indices. For example,
Stark et al. (2003) detected no difference in the total abundance, abundances of the
main taxa, and community indices between control and metal-contaminated sediments
(Cu -12-20 p d g ; Pb d o - 6 0 pg/g; Zn 4 0 pdg; Ni -1 p d g ; and Cd =l p d g ) after
an eleven-week recolonisation period in Antarctica. In sediments artificially enhanced
in the field to be representative of trace metal concentrations found the sediments of
urbanised Sydney estuaries (zinc 149-523 p d g , lead 173-214 @g, copper 55-83
pglg), Lindegarth and Undenvood (2002) found no differences in the total abundance
or diversity of residing macrofauna; with the authors emphasising an inconsistency
between the manipulated communities and patterns observed in the field.

A number of trace metal manipulative studies have suggested that low concentrations

of trace metals in the porewaters could be the cause of reduced responses in univariate
metrics (Olsgard, 1999; Lindegarth and Underwood, 2002; Stark et al., 2003). In the
case of this study, the aim was not see if trace metals could elicit a toxic response, but
to investigate if the sediments from Lake Macquarie affect benthic recolonisation. As
previously indicated, concentrations of lead, cadmium and zinc within the porewaters
of Lake Macquarie appear to be low (Doyle et al., 2003); however, all three metals
have been shown to bioaccumulate in the lake's invertebrate macrofauna and fish
(Furner, 1979; Burt, 2001; Chambers, 2003). Burt (2001) also found a strong
correlation between trace metal concentrations in transplanted bivalves and lead
concentrations within the lake's sediments, with a reduction in the physiological
conditions of the bivalves occumng with increased tissue concentrations. These
studies and the findings in Chapter 3 suggest that porewaters may not be the primary
source of trace metal exposure within the lake; however, other potential trace metal
sources (sediment-bound or overlying waters) may be significantly enriched to induce

an effect at both an organism and community level. As the probability of toxic
biological responses escalates with increasing exceedance of sediment quality
guidelines (Long et al., 1998; Hyland et al., 1999), a response in the indices of
recolonised benthic communities should still be attainable within the more
contaminated translocated sediments, regardless of the relatively low porewater trace
metal concentrations.

Primary differences between survey studies and recolonisation experiments include
the roles of larvae and exposure times. In macrobenthic field studies, the sampled
communities reflect multi-generational exposure to trace metals encompassing a range
of life-stages and relationships with the sediments (White, 1988; Dauer, 1993;
Warwick, 1993). In recolonisation experiments, exposure may be dependent upon the
taxa's life-cycle stage, utilisation of the sediment, and residence time within the
sediment (Warren et al., 1998). Several studies have illustrated that pre-adults (larval,
post-larval and juvenile) are the primary life-stages for recruited fauna, with adult
immigration only contributing to 10-30 per cent of the recolonised fauna (Santos and
Simon, 1980; Diaz-Castaneda et al., 1993). As larvae and juveniles are considered to
be more sensitive to trace metals than adults (Watzin and Roscigno, 1997), and the
composition of recruited larvae was not monitored, changes in community indices at
these life-stages may have occurred.

With the exception of higher abundances within the Nord's Wharf sediments, the
recolonised benthos contained community indices scores and taxa abundances similar
to that of the resident ambient fauna. In addition, a high proportion of the taxa were
represented in both the recolonised and ambient communities, suggesting that the
duration of the experiment, container size and placement of the containers was
acceptable to gain a representative sample of the local macrobenthic fauna. However,
recolonisation consists of a succession of recruitments (Diaz-Castaneda et al., 1993),
and residence time within the transplanted sediments is expected to differ among
individuals and taxa (Zajac and Whitlatch, 2003). As trace metal accumulation, and
therefore potential toxicity, can be influenced by the period of exposure (Hare, 1995),
the composition of the recolonised fauna does not necessarily infer that the average
residence time within the sediments was sufficient to elicit a toxicological response in
the recolonised fauna. Warren et al. (1998) suggested that the residence time was a

potential factor influencing the uptake of cadmium by freshwater biota; however,
species-specific behaviour and interactions with the sediment - i.e. burrowing and
sediment feeding

-

were the primary factors influencing the accumulation of

cadmium. In addition, the authors found that although the AVS model was strong
predictor for ionic cadmium concentrations within the porewaters, the relationship
between bioaccumulated cadmium concentrations and concentrations within anoxic
porewaters was weak due to the biota's avoidance of or limited interaction with
anoxic porewaters.

In contrast to the univariate community indices, multivanate analyses (NPMANOVA)
demonstrated that sediment treatments had a significant effect on the composition of
the recolonised assemblages (Table 4.8). Recolonised assemblages in the Nord's
Wharf sediments were distinct from those which recolonised Cockle Bay and
Warner's Bay sediments, with the latter containing similar assemblages (Table 4.9).
SIMPER analysis found several taxa (Capitellidae, Spionidae, Oweniidae and
Isopoda) were characteristic of all recolonised assemblages, with the increased
presence of Nereididae in the Nord's Wharf treatments aiding discrimination between
the assemblages in this treatment and those which recolonised the other translocated
sediments (Tables 4.12). A number of studies have reported high abundances of
nereids in anthropogenic contaminated estuaries (Bryan et al., 1987; Stark, 1998;
Lindegarth and Hoskin, 2001), whilst Lindegarth and Underwood (2002) found no
difference in the abundance of nereids to communities exposed to artificially elevated
trace metal concentrations. Discrepancies in the response of taxa between field and
experimental observations highlight the spatial differences between survey studies and
recolonisation experiments. In the former, a broad dispersal of contaminants may
result in a system in which fauna cannot preferentially avoid potentially toxic
sediments; in recolonisation experiments, taxa have a greater opportunity to reject
unfavourable sediments through active avoidance and migration. Hence, the presence
of taxa in a perturbed environment does not indicate that the taxa has a preference for
these conditions, only that it can tolerate them.

Multivariate analysis also identified differences between the established ambient
assemblages and the recolonised assemblages, with the exception of the Cockle Bay
treatments in Location 1. A major difference between the established and recolonised

assemblages was the low representation in the treatment containers of large bivalves
From the families Arcidae and Mytilidae. This may have been due to several factors,
for example the rims of the containers may have hindered the movement of these taxa
into the containers; unsuccessful recruitment; or the sedentary nature of these taxa.

Recruitment and recolonisation are complex processes which ultimately dictate the
composition of the macrobenthic fauna (Turner et al., 1997; Ellien et al., 2000;
Pinedo et al., 2000). The initial establishment of pioneering taxa can ameliorate the
sediment, facilitating the recruitment of subsequent taxa, which will in turn influence
the future biotic relationships within the sediments (Gray, 1974; Thrush et al., 1992;
Snelgrove and Butman, 1994). Conversely, recruitment is in itself a disturbance,
creating a substrate with a high level of biological activity (e.g. bioturbation and
bioimgation), which can attenuate survivorship and reproductive output through an
increase in smothering and predation (Breitburg, 1992; Hall, 1994). Ragnarsson and
Rafaelli (1999) found that the experimental addition of the mussel Mytilus edulis
reduced the abundance of the polychaetes Eteone longa and Pygospio elegans, and
promoted the recruitment of Capitella spp. Marinelli and Boudreau (1996) proposed
that as a survival mechanism, some taxa will actively avoid disturbed environments
by obtaining cues from the sediments and its solutes. This suggests that the
biogeochemical status of the sediment, even in the absence of toxicants, can have
profound effect on the composition of the recolonised fauna, potentially altering the
composition of future established assemblages.

The ecological ramifications, and hence risks, of the observed differences in benthic
assemblages are difficult to define. A pertinent factor determining the long-term status
of perturbed ecological systems is whether the observed effect will persist, or will be
diluted over time by immigration, migration, reproduction and mortality (Gilpin,
1987). Several studies have shown inconsistent temporal responses in community
indices and taxa in the recolonisation of trace metal contaminated sediments (Watzin
and Roscigno, 1997 #52; Momsey, 1996; Lindegarth and Underwood, 2002; Lu and
Wu 2003). For example, Morrisey et al. (1996) found a decline over time in the
abundance of the syllid polychaetes exposed to copper; however, differences in the
total abundance of polychaetes between the treatments and controls varied throughout
the duration of the experiment. In a recolonisation experiment using cadmium-spiked

sediments, Lu and Wu (2003) found an initial increase in the abundance of taxa within
the spiked sediments, with no differences between the treatments being evident at the
completion of the experiment (14 months). Although in some incidences the
contaminant may be having a direct effect on the composition of the recolonised
communities, the biotic interactions which occur in the residing taxa can also directly
influence the community composition (Thrush et al., 1992). It has been well
documented that the adult forms of some taxa can significantly influence the
survivorship rates of recruiting larvae (Woodin, 1976; Thrush et al., 1992). In
addition, experimental studies manipulating abundances and taxa have demonstrated
significant differences in predator-prey interactions, and competition for resources
(Peterson, 1979; 0lafsson et al., 1994). These multifaceted responses highlight the
need for assemblage-sensitive multivariate statistical techniques, with the loss of
ecological information associated with reducing complex biotic patterns down to
simple univariate metrics being criticised by Clarke and Warwick ( 1 994). Many of the
univariate

indices

usually

considered

symptomatic

of contaminant-induced

perturbation have been derived from disturbance-ecology theory based on the
responses of established communities, with little precedence to indicate if these
measures are transferable or relevant to the recolonisation of trace metal contaminated
sediments.

4.6 Conclusion
At the completion of the experiment, the trace metal concentrations, AVSISEM,
physico-chemical properties of the porewaters, organic content, and granulometry
were similar to those recorded in the field, resulting in experimental sediment
treatments representative of field sediments. Both the univariate and multivariate
patterns of the macrobenthic fauna clearly demonstrated that recolonisation was
influenced by the source of the sediment. Assemblages in the two most contaminated
sediments (those taken from Cockle Bay and Warner's Bay) were generally similar,
with both treatments' assemblages significantly differing From that which recolonised
the sediment taken From Nord's Wharf.

Although the recolonisation experiment was desibmed to overcome some of the
constraints associated with the gradient study, as noted by Morrsisey et al., (1996),
manipulative field experiments have their own limitations. In the current experiment,
the lack of a control hinders the ability to identify if the higher abundance in the
Nord's Wharf sediments was indicative of a natural recolonisation, or artificially
inflated due to some quality of the sediment (including its interaction with the
container). In future experiments, the defaunation of areas within the ambient
sediments, and the incorporation of the ambient sediments as an additional treatment
may assist in clarifying this response.

Another important factor in this study was the inability to estimate the residence time
of the taxa within the treatments. Several studies have reported significant changes in
the recolonisation of benthic assemblages in both controls and treatments through the
course of a recolonisation experiment (Morrsiey et al., 1996; Lu and Wu, 2003). As
samples were only collected on one occasion, it is not possible to establish the
recolonisation rates of the assemblages or specific taxa. Measures to retain the
recolonised fauna during the experiment by the placement of a mesh may aid in
attenuating additional recruitment; however, the effect of this method on the mortality
of the retained fauna would need to be investigated. The addition of bioaccumulation
measurements of some of the key fauna may also provide pertinent information
regarding exposure periods and the potential sources of exposure, i.e. porewaters,
ingestion or water column.

The findings of this study raise important issues regarding the framework commonly
used to assess ecological perturbation in macrobenthic invertebrates. Although
univariate community indices did not elicit a response indicative of contaminantmediated perturbation, significant differences in the assemblages were detected using
multivariate analysis. This signifies that the sediments were influencing the
composition and relative abundance of the recolonised fauna, potentially inducing a
deterministic response which may alter the ecological trajectories of the communities.
As emphasised by Luoma (1 995), ecological responses in marine benthos to metals is
esoteric and often compensatory, and therefore difficult to define from a human
perspective. In terrestrial and aquatic environments it has been well established that at
higher levels of biological organisation the loss, replacement or change in the relative

abundances of both keystone and basal taxa can alter the energetics and functioning of
communities (Morowitz, 1968; Krebs, 1994). Studies which have added and removed
taxa have demonstrated that such changes can have a pronounced effect on benthic
assemblages (Peterson, 1979; 0lafsson et al., 1994). This suggests that the sediments
in Cockle Bay and Warner's Bay have the potential to alter the future composition of
benthic communities (a protracted press perturbation); however, quantifying these
changes under the current framework of 'ecological risk' is difficult.

Regardless of the various limitations associated with the technique used in this
experiment, the translocation of endemic sediments shows strong potential as a
location-specific risk assessment tool. While no single approach can provide a
confident and robust assessment of the ecological status of a location; translocation
experiments, when coupled with survey studies, have the potential to provide useful
ecological information which can be integrated into a weight-of-evidence approach
for assessing the risk of trace metal contaminated sediments (Batley et al., 2002). The
technique is simpler and more accurate than spiking with a complex mixture of
contaminants, and incorporates other chemicals which may have been overseen.
Defaunation and homogenisation under anoxic conditions appears to provide
sediments treatments which are resilient, enabling them to restore a biogeochemical
status to conditions similar to that observed in the field. Furthermore, as the approach
focuses on recolonisation, it examines the potential toxicity of metals on communities
in a different state of organisation to that of established field communities, and may
therefore provide pertinent information regarding the potential ecological responses to
sediment remediation.

Chapter 5
Recolonisation of cadmium-spiked sediments by
sub-tidal macrobenthic assemblages

contomhation gradient.

Experiment 1:Recolonisation
Lake Macquarie sedlments.

Step 3
Experiment 2: Recolonisation of
cadmium-spiked sediments.

5.1 Aim of the experiment
The previous studies, as recorded in Chapters 3 and 4, indicate that some inherent
component of the sediments within Lake Macquarie influenced the structure of
resident and recolonising macrobenthic assemblages. Correlative evidence from these
two studies suggested that enriched concentrations of cadmium, lead and zinc within
the sediments are potential casual agents. Although AVS concentrations were
exceeded by SEM in some sites, the low concentrations of trace metals within the
porewaters of the translocation experiment indicated that the trace metals are
primarily sediment-bound.

The primary aim of this study was to ascertain if elevated concentrations of cadmium
-

one of the main contaminants in Lake Macquarie

-

has the potential to alter the

recolonisation patterns of benthic assemblages at concentrations of environmental
relevancy. The study also aimed to test this hypothesis using sediment-bound
cadmium, thereby reducing the influence of porewaters as a potential trace metal
exposure pathway. An additional aim of the experiment was to assess the viability of
an anaerobic spiking procedure as a means of creating experimental treatments which
were similar to sediments commonly observed in the field.

Specific objectives:

1) To identify if different concentrations of sediment-bound cadmium influence the
relative abundances and compositions of recolonised benthic macroinvertebrates.

2) To examine the influence of location on the reproducibility of the experiment.
3) To evaluate the use of anaerobically spiked sediments as an approach for spiking
large masses of sediment.

A priori hypotheses

H,: Benthic assemblages which recolonise the control sediments will have a greater
mean abundance; be more diverse, rich and even; and contain communities of

significantly different structure to the assemblages that recolonise the Low-Cd and
High-Cd treatments.

H2: Assemblages which recolonise the Low-Cd will have a greater mean abundance;
be more diverse, rich and even; and contain communities of significantly different
structure than the assemblages that recolonise the High-Cd treatments.

H,: The benthic assemblages within the ambient sediments (surrounding the
experimental plots) will be significantly different from the assemblages which
recolonise the control and cadmium-spiked treatments.

5.2 Introduction
Cadmium is a comparatively rare divalent metal found in natural crustal
concentrations between 0.15-0.2 lg/g (Sadiq, 1992). It occurs in greater natural
concentrations in organic-rich shales, manganese nodules, marine phosphorites and
oceanic sediments ( = 1 p d g ) (Sadiq, 1992). The processing and refinement of
cadmium, smelting, and he1 combustion can lead to concentrations becoming
anthropogenically enriched (Forstner and Wittmann, 1979; Burton and MacPherson,
1995). In Australia, high concentrations of cadmium (267 /.@g) have been reported in
estuarinelmarine environments near point-sources such as smelters (Ward and
Hutchings, 1 996), with concentrations between < 1 to 13 lg/g occurring in urbanised
areas such as Sydney harbour and its estuaries (SKM, 1996; Irvine and Birch, 1998;
Matthia and Birch, 2000).

Cadmium is considered to be one of the five most toxic metals. Its high toxicity is
attributed to its long biological half-life, low excretion rate, and retention within the
liver and kidneys (Phillips, 1980 b). Several studies - including the findings from the
gradient study within Lake Macquarie (see Chapter 3) - have indicated that cadmium,
in association with other contaminants, has the ability to alter benthic community
structure (Olsgard, 1995; Ward and Hutchings, 1996). In contrast, a review of the
effects of cadmium on biota by McLeese et al. (1987) suggested that cadmium is not

toxic in concentrations of environmental relevancy. Consequently, there is a need to
evaluate the response of benthic communities to environmentally relevant cadmium
concentrations and guideline values, as well as a localised need to incorporate
ecological end-points which utilise endemic fauna under regional environmental
conditions.

In recent years there has been an increase in the use of sediment-spiking field
experiments as a means of identifying the effects of trace metals on benthic organisms
(e.g. (Watzin et al., 1994; Monkey et al., 1996; Watzin and Roscigno, 1997; Warren
et al., 1998; Olsgard, 1999; Boothman et al., 200 1 ; Lindegarth and Underwood, 2002;

Lu and Wu, 2003). In a number of these studies, the experimental premise has been
founded on validating or testing in situ the AVSISEM model as a predictor of
porewater metal concentrations, bioavailability and its relationship to benthic
recolonisation (Warren et al., 1998; Boothman et al., 2001). Other studies have
examined a more general relationship between bulk trace metal concentrations and
benthic recolonisation (Watzin et al., 1994; Momsey et al., 1996; Watzin and
Roscigno, 1997; Lindegarth and Underwood, 2002; Lu and Wu, 2003).

Although AVSISEM studies provide pertinent information and enable a mechanistic
understanding of both the partitioning between soluble and insoluble phases of trace
metals, and the biological effects of elevated concentrations of metals in the
porewaters; sediment treatments in these studies are generally spiked with very high
concentrations of trace metals in order to ensure that SEM concentrations exceed
AVS concentrations several-fold. This is especially evident in studies using estuarine
and

marine

soft-sediments,

because

they contain

naturally high

sulphide

concentrations (van den Hoop et al., 1997). Consequently, the concentrations of
metals employed in these studies are rarely representative of environmental
concentrations. As AVS concentrations in a large proportion of anoxic, soft-estuarine
sediments can only be expected to be exceeded in highly polluted environments, other
potential trace metal exposure routes relating to sediment-bound metals (ingestion of
sediments and food-source) may be more important than porewaters in many
moderately contaminated environments.

Of the small pool of studies which have examined the effect of bulk metal
concentrations on benthic recolonisation, findings have generally shown that benthic
recolonisation is only affected in sediments containing trace metal concentrations
which substantially exceed the high-trigger values or effects range-median used in the
interim Australian guidelines and in the United States (Long et al., 1995;
ANZECC/ARMCANZ, 2000). For example, Lu and Wu (2003) and Trannum et al.
(2004) found no significant change in the recolonisation of benthos into sediments
containing cadmium concentrations between 2-10 p d g and 9-23 p d g respectively,
where cadmium has an ISQG-High

=

20 &g.

Olsgard (1999) found copper

concentrations of approximately 300 p d g (ISQG-High

= 270

p d g ) had no significant

effect on benthic recolonisation; however, a significant effect was expressed at higher
concentrations (900 and 2000 pglg).

While in situ recolonisation experiments are designed to clarify the confounding
effects of correlative field studies, the approach is not void of logistical and spatiotemporal problems (Momsey et al., 1996). Some of the limitations are inherent as
they arise from extrapolating broader-scale recruitment patterns down to an
experimental scale (Momsey et al., 1996; Clements, 1997b; Lindegarth and
Underwood, 2002); whilst others relate to the methodology. Of the latter, a difference
in the approaches used to spike sediments appears to be a major area which requires
reassessment, as this provides the basis of the technique.

Although the problems associated with the spiking, handling and storage of
manipulated sediments has been recently raised in the laboratory bioassay literature
(Sae-Ma et al., 1998; USEPA, 2001; Bull and Williams, 2002; Lee et al., 2004;
Simpson et al., 2004); with the exception of small pool of studies, (Northcott and
Jones, 2000a; Northcott and Jones, 2000b; Simpson et al., 2004), analogous issues
relating to spiking large masses of sediment for field experiments have generally been
overlooked. The underpinning philosophy for spiking sediments is to provide
treatments which, with the exception of the added contaminant, are representative of
natural sediments. Although different approaches relating to the homogenisation of
the prepared sediment

-

such as drying, sieving and the water content of the spike

slurry - may significantly disrupt the geochemical partitioning and aggregation of the
sediments (Ditsworth and Schults, 1990; USEPA, 2001); the capacity for the

sediments to sequester the added metals, and the indirect effects of the metals and the
media carrying the solute must also be considered, as these will directly influence the
bioavailability of the metals (USEPA, 2001). For example, under oxic conditions, the
oxidation of porewater Fe(I1) can cause the porewater pH to decrease (equation l),
altering the partitioning of metals between insoluble and labile forms (Simpson et al.,
2004). Furthermore, as the binding phases for metals in oxic sediments (e.g. Fe or
Mn-(hydro)oxides) are weaker than the sulphide phases found in anoxic sediments, a
longer equilibration time can be expected for sediments spiked under oxic conditions

(Di Toro et al., 1992; Chapman et al., 1998; Simpson et al., 2000).
4 ~ e+
~ 6H20
'
+ O2 -, 4FeOOH + 8 ~ (equation
'
1)
With the exception of studies directly relating to the AVSISEM model, basic
information pertaining to changes in pH, redox and the primary phases of the metals
are generally negated by the experimental methodology in metal-spiked recolonisation
experiments. This commonly results in unsubstantiated assumptions regarding the
links between trace metal bioavailability and the experimental outcomes. In order to
accurately evaluate the influence of sediment-bound trace metal concentrations on
marine benthos - and to enable comparisons among studies and laboratory bioassays
- it

is critical that a more methodical approach for spiking is incorporated into metal-

spiked field experiments.

The primary aim of this study was to examine the effects of environmentally relevant
sediment-bound concentrations of cadmium on benthic recolonisation. As in the case
of the recolonisation experiment presented in Chapter 4, the concept of disturbance
(the cause of perturbation) and perturbation (the cause and effect)

-

as defined by

Glasby and Undenvood (1996) - are integrated into the main hypothesis. That is, the
control sediments are viewed as being subjected to a 'protracted pulse' perturbation,
whilst it is hypothesised that the benthic assemblages which recolonise the cadmiumspiked treatments will be subjected to a 'protracted press' perturbation. In addition to
the ecotoxicological aims of the study, the study was also performed to evaluate the
use of a spiking protocol based on storing, spiking and equilibrating sediments under
anoxic conditions. It was envisaged that the experiment would provide additional
field-based ecotoxicological information regarding the potential effects of sediment-

bound cadmium, whilst providing an impetus for the continual refinement and
eventual development of a protocol for spiking large sediment masses for
manipulative field experiments.

5.3 Methods
5.3.1 Collection and spiking of sediments
In order to obtain soft, fine sediment with a low cadmium concentration (below ~ 0 . 1
pglg), sediment was sourced from a location outside of the experimental study
location of Lake Macquarie. Sediment was collected from Durras Lake, a saline
coastal lake located in the Murramarang National Park, approximately 240 km south
of Sydney (150.305 longitude; -35.639 latitude). The lake's catchment is heavily
vegetated by a dry-sclerophyll forest which consists primarily of Eucalyptus maculata
(spotted gum), with a Macrozamia communis (burrawang) understorey. Towards the
south-west edge of the lake, where the sediment was collected, the vegetation was
dominated by Casuarina glauca, Juncas spp., Phragmites australis, Melaleuca
ericifolia and Leptospemum attenuatum. The lake's location, and the size and density

of the catchment, suggest that the sediment within this location would contain low
concentrations

of

anthropogenically

derived

contaminants.

A

preliminary

investigation confirmed that the sediment contained low concentrations of trace
metals (<O. 1 Cd pglg dry mass), as well as a diverse macrobenthic community.

Sediment was obtained from the top 10 cm and transferred into 9

X

30 litre acid-

washed polypropylene sealable drums. Upon returning to the laboratory, the contents
of the drums were spread onto a clean plastic surface, and all visible pieces of
vegetation and rocks were removed by hand. The sorted sediment was transferred
back into the drums, and purged with high-purity nitrogen gas for two hours to both
defaunate the sediment and to create an anaerobic environment. After being stored for
seven days at 4OC, three sub-samples were collected from each container to ensure
that all macroinvertebrate fauna were dead. Redox and pH measurements of the
sediment were taken using a Hannah HI9025 microcomputer multi-probe. Three
samples were also collected from each drum for granulometry, total organic carbon,

wetldry ratios, acid-volatile sulphides and trace metal analysis. Total organic carbon
and acid-volatile sulphide were determined as described in section 3.3.4.

Prior to spiking, the sediments within each drum were made into a slurry by adding
one litre of deoxygenated seawater to every four litres of sediment. The headspace of
the drums were capped with nitrogen, and the drums were placed inside a concrete
mixer and rotated for two hours. Based on the estimated dry sediment mass of each
drum, three drums were each spiked with the appropriate amount of hydrated CdClz to
create three treatments: control (CO. 1 &g), Low-Cd ( =l 5 p d g ) and High-Cd ( =l 50
pdg). Cadmium chloride solutions were prepared in 2 L of deoxygenated filtered
seawater and added to the sluny in four aliquots. Between the additions of each
aliquot, the drums were capped with nitrogen and rotated in the concrete mixer for 10
minutes, with the rotation time increased to 90 minutes afier the final aliquot. Control
sediments were treated in an identical manner to the cadmium-spiked treatments with
the exception of the addition of cadmium chloride in the spiking solution. Sediments
were stored at 4 "C throughout the equilibration period.

On five occasions over a 25-day period, each drum was rolled for two hours in a
cement mixer. Prior to rolling, porewater pH and redox were measured, and a third of
the sediment was transferred among the drums of the same treatment to increase
treatment homogeneity. On two occasions (day two and 16), varying amounts of 2M
NaOH(,,, were added to the slumes to increase the porewater pH to above 7.6. Prior
to rolling on day six, 16, 21 and 25, triplicate porewaters were collected for cadmium
analysis. The porewaters were obtained by centrifuging 50 mL of sediment for five
minutes at 3,000 rpm. Displaced porewaters were filtered through 0.45 pm disposable
membranes (Minisart, Satonus), and preserved with 1% vlv Aristar-grade nitric acid.
For the determination of dissolved cadmium, porewaters were pre-concentrated on a
Toyapearl column and measured using ICP-MS (as described in section 4.3.3). On
day 25, the overlying waters were decanted from the drums, and triplicate sediment
samples were collected from each drum for cadmium analysis. Sediments were
homogenised and oven-dried at 40°C, with the fine fraction (c63 pm) used for
analysis. Sediments were microwave-digested in concentrated Aristar-grade nitric
acid and determined using ICP-MS as described in section 3.3.4.

5.3.2 Transplant, collection and analyses of treatments
In February 2003, the sediments were placed into 30 polyethylene containers (12.2 cm
X

12.2 cm

X

10.0 cm) at each of three locations (herein referred to as Locations A, B

and C) within the South Basin of Lake Macquarie (Fig. 5.1). Initially, the experiment
was implemented in September (2002) to coincide with the highest period of benthic
recruitment; however, this experiment was significantly damaged
trawling

-

-

possibly by

and consequently was repeated at a less than ideal period for benthic

recolonisation. The transplantation and recovery procedures for the containers were
identical to that previously described in (see sections 4.3.1 and 4.3.2), as was the
implementation of porewater collection devices (PCD, see section 4.3.3). After a 20week (June, 2003) recolonisation period, the containers were collected from Locations
A and B; however, samples were discarded from Location C due to extensive
sediment deposition on top of the manipulated sediments.

Procedures for benthic numeration, physico-chemical measurements of porewaters,
and trace metal analysis of sediments and porewaters were identical to those presented
in Chapters 3 and 4. In addition, porewaters from a sediment depth of both 1 cm and 7
cm were randomly selected from two PCDs from each treatment for total ammonia
analysis. Total ammonia was analysed using a Lachat flow injection analyser (model
AE), with pH and temperature corrections used to calculate concentrations of
unionised ammonia (ANZECC, 2000). Statistical procedures, both univariate and
multivariate, were as described in section 4.3.4.

5.4 Results
5.4.1 Sediment characteristics and trace metal concentrations in control

sediments (Durras Lake)
The control sediment collected from Durras Lake was a siltylclay-sand (68% mass/m,,
siltklay, 26% mass/m,, sand), which contained small amount of quartz gravel (6 %
mass/m,,) (Table 5.1). The sediment was organically rich (2.3%
sulphidic (AVS 16.3 pmoVg

TOC) and

* 0.6 S.E.). The concentration of cadmium within the

fine-fraction of the sediment was below the detection limit of 0.1 pdg; with low

concentrations reported for all the major trace metals (Pb 10.5pdg

*

*

*

* c0.1 S.E.; Cu

13pg/g 0.1 S.E.;Ni 5.6 pdg c0.1 S.E.;Zn 32.2 pgtg 0.1 S.E.) (Table 5.2).

Figure 5.1. Map of Lake Macquarie, NSW, illustrating the positions of Locations A,
B and C used in the cadmium-spiked sediment experiment.

5.4.2 Porewater measurements and cadmium concentrations of the sediments

prior to deployment
Two days after spiking, the pHs of the porewaters in the Low-Cd and High-Cd
treatments were approximately 0.8 units lower than the initial (prior to spiking) pH of
8.0 (Fig. 5.2). Subsequent to the addition of NaOH(,,, the pH increased in the
cadmium-spiked treatments, reaching a pH similar to that of the control sediments ( =
7.8) after six days. Ten days later (day 16), the pH of the Low-Cd and High-Cd
sediments decreased to approximately 7.0, with a 0.2 decline in the control sediments.
The addition of varying quantities of NaOH(,,, to all treatments resulted in all
treatments having a pH between 7.8-7.9 after 21 days, with the pH remaining
relatively stable (*0.2) until deployment (25 days).

During the equilibration period, cadmium concentrations in the porewaters of the
control sediments were consistently below the detection limit (0.1 &L),

and are

consequently not reported. In the Low-Cd spike treatment, the mean cadmium
concentration of the porewater was approximately 8 p d L after six days, and 5 p d L
after 16 days (Fig. 5.3). After a 21 -day equilibration period, approximately 1 pg/L of
cadmium was still present within the porewaters of the Low-Cd treatments, with
similar concentrations being measured at the end of the 25-day equilibration period. In
the High-Cd treatment, the mean porewater concentration of cadmium was 3 1 p d L
a

after six days, declining to 23 p d L after 16 days (Fig. 5.3). After 21 days, the mean
cadmium concentration of the porewaters was approximately 1.6 p@,

marginally

declining to 1.3 pgIL at the end of the equilibration period.

The cadmium concentration within the fine fraction of the control treatment was
below the detection limit prior to deployment. At the end of the spiking equilibration
period (25 days), both the Low-Cd and High-Cd treatments had cadmium
concentrations which exceeded their respective target concentrations of 15 and 150
p d g (Fig. 5.4); with mean concentrations of 17 p d g f 2 S.E. and 183 p d g f 12 S.E.,
respectively.

Table 5.1 .Granulometry, total organic carbon and acid-volatile sulphide concentrations of Lake Durras sediments after
defaunation. All percentages are calculated on a masdmass basis.
<63 pm (%)
siltlclay
68*3

63 pm - 2 mm (%)
sand
26 3

*

Total Organic Carbon

> 2 mm (%)
gravel
6*2

(X)
2.3

* 0.2

Acid-volatile sulphides
(~nlol/g)
16.3 + 0.6

Table 5.2. Concentrations of trace of metals (mean + 1 S.E. pdg) in the fine-fraction (C63 pm) of sediments collected
from Lake Durras.
.. .

Iron
16080*130

Manganese
89.1k0.5

Lead
10.5*0.1

Cadmium
CO. 1

Copper
13 0.1

*

Nickel
5.6 0.1

*

Zinc
32.2 0.1

*

Chromium
CO. 1

r Control
k L a w Cd

e High Cd

0

1

2
6
16
Days after spiking

21

25

Figure 5.2. Mean porewater pH measurements from the three treatments collected
during the equilibration period. Dotted vertical lines indicate the occasions where
aliquots of NaOq,, were added to the slurries to increase porewater pH.

(+

High - Cdl

6 days

16 days

21 days

25 days

Days after spiking

Figure 5.3. Mean concentrations of cadmium collected from the porewaters after
spiking. Concentrations within the control sedirnents were below the detection limit
throughout the equilibration period and therefore not presented.

5.4.3 Porewater measurements and cadmium concentrations in the sediments at

the completion of the experiment
At the end of the experiment, the mean concentrations of cadmium in the sediment of
the Low-Cd and High-Cd treatments (0-8 cm) were lower than measured prior to
transplanting in the field (Fig. 5.4). In the Low-Cd treatment in Location A, there was
a 19% overall reduction in the concentration of cadmium within the treatment, with
the most significant reduction ( ~ 3 0 % occumng
)
in the surficial sediments (0-2 cm)
(Fig. 5.5). A similar pattern occurred in the Low-Cd treatment in Location B, with a
12.5% overall reduction in sediment concentrations of cadmium, and a 32% reduction
in cadmium concentrations in the surficial sediments. Concentrations in the lower part
of the sediment column (5-8 cm) of Low-Cd treatment were between 3 and 7% lower
than that measured prior to transplanting. Proportionally, the reduction in cadmium
concentrations in the High-Cd treatment was similar to that of the Low-Cd treatment
(Fig. 5.5). In Location A, cadmium concentrations in the High-Cd treatment declined
13%, with a 32% decline in the surficial sediments. In Location B, an overall decline
of 17.5% occurred, with a 37% decline in the surficial sediments. At the completion
of the experiment, cadmium concentrations were between 2 and 4% lower in the 5-8
cm portion of the sediment column in High-Cd treatment.

In Location A, the redox profiles for all treatments were similar, with the sediments
being reduced within the first centimetre below the sediment-water interface (SWI)
(Fig. 5.6). In Location B, redox profiles for the control and High-Cd treatments
showed a more pronounced oxic layer penetrating 2-3 cm into the sediment. The oxic
layer was shallower in the Low-Cd treatment, with the oxic layer only occumng
within the first centimetre of the sediment column.

The pH of the control sediments in Location A increased fiom 27.3 to -7.5 with
sediment depth, with a high level of variability occumng within some of the stratified
layers (Fig. 5.7a). In the Low-Cd treatment, pH remained relatively stable at 27.6
was a strong increase in pH with depth in the High-Cd treatment,
(Fig 5 . 7 ~ ) There
.
with a mean pH of 6.9 occumng near the SW1 increasing to 7.6 at a depth of 7 cm
(Fig. 5.7e). pH profiles were similar in all treatments at Location B (Figs. 5.7 b,d,f),
with little change occumng with depth and mean pHs ranging between 7.5 and 7.6.

The mean porewater concentrations of cadmium within the Low-Cd treatments were
low at both locations (Figs 5.8a and b), with concentrations generally below 0.5 pg/L,
and peaking at 0.7 p@. In the High-Cd treatment, cadmium concentrations were
higher and more variable in the upper-layer of the sediment. The highest mean
concentration of 4.0 pg/L occurred at 3 cm deep in the sediments transplanted in
Location B (Fig. 5.8d). In Location A, mean cadmium concentrations were below 0.5
pg/L in the deeper part of the sediment column, with marginally higher concentrations

(0.6 &L) occurring in the sediments at Location B at similar sediment depths.
Porewaters sampled just below the SW1 had lower concentrations of total ammonia
(2-140 pg/L) than the porewaters obtained from a sediment depth of 7 cm (640-2700
p g k ) (Table 5.3). The maximum unionised ammonia concentration in the porewaters

fiom surficial sediments was 1.3 pg/L, and 2 1 pg/L at a sediment depth of 7 cm.

Loc&m A

-

Low C6 aplka

-

L o ~ t l o nB
Low C d r)lke

Location A

-

High Cd spike

-

~ o c a ~ l oBn
Hlgh Cd spke

Figure 5.4. Mean sediment cadmium concentrations (+ 1 S.E.) at different sediment
depths (0-8, 0-2, 2-5, 5-8 cm) from the cadmium-spiked treatments collected at the
completion of the experiment from locations A and B. Dash and dotted lines represent
the mean initial cadmium concentrations of the Low-Cd and High-Cd treatments prior
to transplanting, respectively.
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Figure 5.5. Percentage reduction (%) in sediment cadmium concentrations from the
cadmium-spiked treatments in locations A and B. Reductions are based on the
difference in the mean concentrations of the treatments prior and post the
recolonisationperiod.
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Figure 5.6. Redox (mV)measurements obtained from the porewaters of the spiked
sediments at the completion of the recolonisation experiment: (a & b) Control
sediments, locations A and B; (c & d) Low-Cd spiked sediments, locations A and B;
(e & f) High-Cd spiked sediments, locations A and B. Box and whiskers represent
mean 1 S.E.

*

Figure 5.7. pH measurements obtained from the porewaters of the spiked sediments at
the completion of the recolonisation experiment: (a & b) Control sediments, Locations
A and B; (c & d) Low-Cd spiked sediments, Locations A and B; (e & f) High-Cd
spiked sediments, Locations A and B. Box and whiskers represent mean 1 S.E.

*

Figure 5.8. Stratified cadmium concentrations from the porewaters of the spiked
sediments at the completion of the recolonisation experiment: (a & b) Low-Cd spike
Locations A and B; (c & d) High-Cd spike Locations A and B. Box and whiskers
represent mean 1 S.E. Cadmium concentrations fiom the porewaters of the control
sediments were below the detection limit, and are therefore not presented. NB:
concentrations in the oxic porewaters appear to be artificially inflated due to an
artefact of sampling (see section 4.5.1).

*

Table 5.3. Mean ammonia (pg/L) and corrected unionised ammonia
concentrationsk m porewaters collected at 1 and 7 cm sediment depths.
Unionised ammonia concentrations corrected for pH and temperature
(ANZECC, 2000).
Treatment
Control
Low-Cd mike
a

~ i ~ h spike
k d

Sediment
depth (cm)
1
7
1
7
1
7

Mean total
ammonia
(pg/L)
140
2700
2
640
2
1820

Unionised
ammonia

0r.a)
1.3
21
0.2
4.9
0.2
11

5.4.4 Univariate measurements of macroinvertebrates
A total of 1,197 individuals were sampled during the experiment, comprising 42 taxa,
including 19 polychaete, nine gastropod and eight bivalve families (Appendix 5).
Polychaetes were the most numerically abundant taxa, comprising over 83% of the
total fauna sampled. All but three taxa sampled in the ambient sediments recolonised
the transplanted treatments; the bivalve Mactridae, the gastropod Vitrinellidae and
Nemerteans.

Five

Terebellidae

and

polychaete

(Ampharetidae,

Trichobranchidae)

and

two

Lumbrineridae,
gastropod

Opheliidae,

(Littorinidae

and

Pyramidellidae) families were only found in the recolonised assemblages.

No significant differences among locations were detected in the number of
individuals, community indices scores (e.g. diversity, richness and evenness), or the
abundances of the main taxa (Table 5.4; Figs 5.9 and 5.10). No significant differences
in diversity (H'), richness (d) or evenness (J') were found among treatments or their
interactions with locations (Table 5.4). Significant differences among treatments were
detected in the total number of individuals, the number of polychaetes and the number
of molluscs (Table 5.4). Post-hoc analysis found the mean number of individuals to be

* 4.2 S.E.; Location B 29.4 * 3.7
S.E.) than the control sediments (Location A 7.9 * 0.8 S.E.; Location B 10.7 * 1.7
S.E.), Low-Cd spiked (Location A 10.7 * 1.4 S.E.; Location B 11.2 * 1.6 S.E.) and
High-Cd spiked sediments (Location A 7.8 * 0.8 S.E; Location B 11.6 * 1.8 S.E.)

greater in the ambient sediments (Location A 30.4

(Table 5.5; Fig 5.9); with no significant differences detected among the transplanted
treatments. Ambient sediments (Location A 21.9

4.4 S.E.; Location B 19.7

* 2.3

S.E.) contained a greater mean abundance of polychaetes than the control (Location A

* 0.9 S.E.), Low-Cd spiked (Location A 4.5 * 1.0 S.E.;
Location B 4.7 * 0.9 S.E.) or High-Cd spiked (Location A 3.6 * 0.7 S.E.; Location B
5.4 * 1.2 S.E.) treatments; with no significant differences being detected among the

3.8* 0.7 S.E.; Location B 4.5

transplanted treatments (Table 5.5; Fig 5.10). Mollusc abundances followed a similar
pattern as the number of individuals and number of polychaetes, with the ambient

* 0.9 S.E.; Location B 6.8 * 2.2 S.E.) containing a greater
mean abundance than the control (Location A 1.3 * 0.6 S.E.; Location B 2.1 * 0.50
S.E.), Low-Cd spiked (Location A 1.9 * 0.3 S.E.; Location B 2.4 * 0.6 S.E.) or HighCd spiked (Location A 1.7 * 0.3 S.E.; Location B 1.3 * 0.3 S.E.) treatments, with no
sediments (Location A 5.7

differences occumng between the transplanted treatments (Table 5.5; Fig 5.10). No

significant difference among locations or treatments was detected in crustacea
abundances; however, a significant interaction between location and treatments was
detected. Post-hoc analysis found the ambient sediments (Location A 1.1

* 0.4 S.E.;

Location B 0.4 i 0.2 S.E) in both locations contained a lower mean abundance of
crustacea than the control (Location A 2.6

* 0.3 S.E.; Location B 4.0 * 0.8 S.E.),

Low-Cd spike (Location A 4.2 i 0.6 S.E.; Location B 4.1
spike (Location A 2.5

0.7 S.E.) and High-Cd

* 0.6 S.E.; Location B 4.9 * 0.7 S.E.) treatments (Table 5.5; Fig

5.10). In addition, the abundance of crustaceans was greater in the High-Cd spike
treatments in Location A than in Location B (Table 5.5; Fig 5.10).

Table 5.4. Summary of results of from two-factor analysis of variance for community indices and the abundance of selected macroinvertebrate
taxa sampled in cadmium-spiked and ambient sediments in Locations A and B in Lake Macquarie. Significant differences are presented in bold
(' ~0~10-transformed,
p<O.O1 due to heteroscedasticity as tested by Cochran's Test).

Source of variation

df

a) No. of Individuals
MS

F

'

c) Taxa richness (d)

b) Diversity (H')

d) Evenness (J')

P

L

MS

F

P

Location

1

0.000

0.03

0.852

treatment

3

0.177

16.7

0.023

Location X treatment

3

0.011

1.47

0.231

Residual

72

0.007

Source of variation

df

e) No. of Polychaetes

'

g) No. of Crustaceans

f) No. of Molluscs
MS

F

P

MS

1:

P

Location

1

0.12

4.43

0.516

11.3

3.66

0.060

treatment

3

4.47

13.9

0.029

46.4

4.66

0.1 19

Location X treatment

3

0.32

1.l5

0.334

10.0

3.23

0.027

72

0.28

Residual

3.08

169

Table 5.5. Significant differences detected by SNKpost-koc tests in community indices and the abundance of selected macroinvertebrate taxa
sampled in the cadmium-spiked and ambient sediments fiom locations A and B in Lake Macquarie. Asterisks indicate transformed variables
where p<O.O1 due to significant differences in homogeneity of variances as detected by Cochran's test (<0.05). n.s. = no significant differences
detccted.
Differences detected
among locations

Differences detected among
treatments

Differences in treatments detected
among locations.

Differences detected
among treatments
within locations.

Loc A: control=low=high>amb
Loc B: control=low=high>amb

Control: Loc A = Loc B
Low: Loc A = Loc B
High: Loc B> Loc A
Amb: Loc A = Loc
R
- .-

7
--t

'No. of individuals

Diversity (H')

*

Richness (d)

I----

Evenness (J')

*

I
No. of polychaetes

I
No. of molluscs

r
No. of crustaceans

Figure 5.9. The (a) total abundance; (b) diversity (H'); (c) richness (d); (d) evenness
(J') measured fiom benthic macroinvertebrate communities sampled fiom the three
cadmium-spiked treatments and ambient sediments in Locations A (red) and B
(green). Box and whiskers represent means 1 S.E.

*

Figure 5.10. The abundance of (a) polychaetes, (b) molluscs and (c) crustaceans from
benthic communities sampled from the three cadmium-spiked treatments and ambient
sediments in Locations A (red) and B (green). Box and whiskers represent means h 1
S.E.

5.4.5 Multivariate community assemblages
The two-dimensional nMDS ordination plots of the macroinvertebrate data for both
locations clearly separated the ambient assemblages from the recolonised treatments,
with this separation being more defined in Location B (Fig. 5.1 1). In both locations,
non-parametric multivariate analysis of variance (NPMANOVA) detected a
significant difference among treatments, with the differences among treatments
varying with location (Table 5.6). Pair-wise analysis found the ambient assemblages
to be significantly different to all recolonised treatments in both Location A and B,
with no other differences among treatments being detected in either location (Table
5.7). No differences in treatments among locations were detected (Table 5.8).

5.4.6 Composition of macroinvertebrate communities within the cadmium-

spiked and ambient sediments
Decapods were the most dominant taxa in all three cadmium-spiked treatments,
contributing to more than 50% of the total abundance (Table 5.9). The second most
dominant taxa in the spiked treatments was the polychaete Capitellidae, which made
up 23% of the total abundance in the control and High-Cd treatment, and 13% in the
Low-Cd treatment. All other major taxa contributed to less than 8% of the total
abundance of the spiked treatment assemblages. Capitellidae contributed to 71% of
the total abundance of the ambient assemblages (Table 5.9). Polychaetes from the
families Spionidae and Nereididae contributed to 6% and 5% of the abundance
respectively, with the bivalve Trochidae and Nemerteans making up 6% and 3%
respectively. Neither decapods nor isopods contributed significantly to the
composition of the ambient assemblages.

The results from the SIMPER analysis found the lowest mean Bray-Curtis
dissimilarity occurred among the assemblages in the spike treatments, with similar
high levels of dissimilarity occumng between the spiked treatment assemblages and
the ambient assemblages (Table 5.10). In all cases, the relatively higher abundances of
Capitellidae, Spionidae, Trochidae and Nemertean, and the lower abundance of
decapods in the ambient assemblages, contributed most to the dissimilarities between
the ambient and recolonised assemblages.

Figure 5.1 1. Two-dimensional nMDS ordination plots of the benthic
macroinvertebrate assemblages in the cadmium-spiked and ambient sediments
recolonisation in (a) Location A and (b)Location B, Lake Macquarie.

Table 5.6. NPMANOVA on Bray-Curtis distances for benthic
assemblages among locations and among sediment treatments
within locations.
Source
Treatment
Location X Treatment
Residual

13974
2805

4.98
1.64

0.245
~0.001
0.040

Table 5.7. Among treatments results (including ambient fauna) within locations
from NPMANOVA pair-wise comparisons tests of macroinvertebrate
assemblages. Highlighted P values indicate significant results where Pc0.05.
Location
Location 1

Location 2

I

I Treatment (sediment type)
1 Control

(
1

l

I

Vs Low-Cd
Control Vs High-Cd
Control Vs Ambient
Low-Cd Vs High-Cd
Low-Cd Vs Ambient
I High-Cd Vs Ambient

I Control

Vs Low-Cd
I Control Vs High-Cd
Control Vs Ambient
Low-Cd Vs High-Cd
1 Low-Cd Vs Ambient
I High-Cd Vs Ambient

1

t
1.28
1.32
2.80
1.62
2.96
2.77

1

1

P
0.092
0.1 10
CO.001
0.016
C0.001
CO.001

I

0.95
1.33
2.90
0.93
2.97
3.13

1

1
1
1

0.558
0.085
CO.OO1
0.549
C0.001
cO.001

Table 5.8. Among location results (including ambient fauna)
within treatments from NPMANOVA pair-wise comparisons
tests on macrobenthic assemblages.

I Treatment

I Location 1 Vs Location 2

1

I Control

1
1

I

I

Low-Cd
High-Cd
1 Ambient

I

1
1

1.25
1.32
1.57
1.48

1
1

0.144
0.076
0.245
0.100

I

(

1
1

Table 5.9. The five most dominant macroinvertebrate taxa and their relative contribution (%)
.
. to the assemblages
- of the
cadmium-spiked and ambient sediments.
Sediment type

5 most dominant taxa and their contribution (%)

Control
Low-Cd
High-Cd
Ambient

Decapoda (59%), Capitellidae (23%), Trochidae (8%), Isopoda (2%), Nereididae (2%)
Decapoda (60%), Capitellidae (1 3%), Pectinaridae (5%), Nereididae (5%), Spionidae (4%)
Decapoda (52%), Capitellidae (23%), Spionidae (6%), lsopoda (5%), Trochidae (5%),
Capitellidae (71%), Spionidae (6%), Trochidae (6%), Nereididae (5%), Nemertean (3%)

Table 5.10. Summary of results from SIMPER analyses showing Bray-Curtis (%) dissimilarities among fauna1 assemblages in the
cadmium-spiked and ambient sediments, and the five macroinvertebrate taxa contributing most to these dissimilarities.
Dissimilarity (%)
Control vs Low-Cd
Control vs High-Cd
Control vs Ambient
Low-Cd vs High-Cd
Low-Cd vs Ambient
High-Cd vs Ambient

-

5 major taxa contributing to dissimilarities
Decapoda, Capitellidae, Spionidae, Trochidae, Nereididae
Capitellidae, Decapoda, Spionidae, Trochidae, Isopoda
Capitellidae, Decapoda, Spionidae, Trochidae, Nemertean
Decapoda, Capitellidae, Spionidae, Pectinaridae, Isopoda
Capitellidae, Decapoda,-Spionidae,
Trochidae, Nemertean
.
Capitellidae, t%capoda, Spionidae, Trochidae, Nemertean

5.5. Discussion
5.5.1 Spiking and equilibration of sediments
Measurements obtained during the spiking and equilibration period clearly illustrated
that the process of spiking had a significant effect on the physico-chemical properties
of the sediment (Figs. 5.2 and 5.3). Even under anaerobic conditions, porewater pH
declined, particularly in the treatments spiked with cadmium. This is most likely
caused by the hydrolysis of cadmium which effectively acts as acid by producing
protons through the dissociation of water molecules (Benjamin, 2002). The addition
of the metal used for the spike can result in porewater Fe(I1) being oxidised to Fe(III),
further decreasing porewater pH (Simpson and Batley, 2003). In brackish marsh
sediments, Gambrell et al. (1991) found that a reduction in pH from 8 to 6.5 did not
significantly increase the solubility of cadmium under anoxic conditions; however,
concentrations of soluble cadmium increased by up to an order of magnitude when the
pH was reduced under aerobic conditions. As pH and redox are strongly coupled, and
both are major moderators of trace metal bioavailability (Morse, 1994; Simpson et al.,
1998; Simpson et al., 2004), the approach used in this study for spiking under
anaerobic conditions is essential

for maintaining low dissolved cadmium

concentrations.

Similar decreases in the concentrations of porewater cadmium with equilibration time
occurred in both the low and high cadmium treatments (Fig. 5.3), illustrating a
temporal shift in the cadmium from labile or weakly-bound phases to more insoluble
phases (Lee et al. 2004). The sediments used in this study were rich in iron and
sulphides, and remained anoxic (< -200 mV) throughout the equilibration period. It
can therefore be assumed that the dissolved cadmium was primarily sequestered by
sulphide phases (Stumm and Morgan, 1996). The ability for sulphide to sequester
metals in anoxic sediments is well documented, with concentrations of several
divalent metals within the porewaters generally being reported as very low and often
absent in sediments where the concentrations of AVS exceed SEM (simultaneously
extractable metals) on a molar basis (Di Toro et al., 1990; Ankley et al., 1996).

Even though sediments were spiked with relatively low concentrations of cadmium,
the high sulphide concentrations suggests that the dissolved cadmium was not

kinetically constrained in forming precipitates. Low concentrations of cadmium (0.5 1 pg1L) were still detected in the porewaters of both spiked treatments at the end of
the equilibration period. This phenomenon was most likely attributable to the
formation of cadmium-binding colloids which were smaller than the filter size of 0.45
Pm.
In this study, sediment-bound concentrations of cadmium were observed to peak after
21 days, even under conditions where relatively low spike concentrations were used
and the redox and pH statuses were mediated. Simpson et al. (2004) found that
estuarine sediments spiked with cadmium took up to 45 days to reach equilibrium,
with the equilibration time being influenced by the amount of fines, sulphides and
organic material. The authors also found the equilibration time to be shorter in
reduced sediments in comparison to oxic/sub-oxic sediments. In common with Lee et
al. (2004) and Simpson et al. (2004), metal sequestering was most rapid during the
initial equilibration period where faster complexation kinetics occur (Stumm and
Morgan, 1996). The slower partitioning processes (e.g. microbial mediated) which
occur in the latter stages of equilibration, may have also been attenuated by storing the
sediments at 4 "C, thereby extending the overall equilibration period (Nyffeler et al.,
1984; Jannasch et al. 1988; Stumm and Morgan, 1996).

As the pH, redox and partitioning coefficients of the spiked metal can vary temporally
(Pardue and Patrick, 1995; Van Cappellen and Wang, 1995), the period between
sediment amendment and the commencement of subsequent bioassays may influence
the experimental outcomes. For example, Sae-Mae et al. (1998) found a decrease in
the bioaccumulation factor of midges with extended periods of storage for cadmium
spiked sediments, with an increase in the LCso and LDso suggesting that temporal
changes in the speciation of cadmium between labile and soluble forms was a major
factor in reducing the bioavailability of cadmium. Similarly, Lee et al. (2004) found a
decrease in the mortality of the amphipod Leptocheirus plumulosus exposed to zincspiked sediments with an increase in equilibration time. In the case of bioassays using
field-collected sediments, Standard Sediment Toxicity Guidance (ASTM, 1998)
suggests that the storage time of sediments should be kept to a minimum and should
not exceed two weeks. In contrast, the findings of this and other studies (Sae-Mae et
al. 1998; Lee et al. 2004; Simpson et al. 2004) indicate that for spiked sediments, the

equilibration time, rather than a defined temporal period, should be used to estimate
the appropriate duration between sediment preparation and the commencement of the
bioassay. Without the effective monitoring of the sediment's physico-chemistry and
metal partitioning, comparisons within a study (i.e. between controls and treatments),
as well as among studies (both field and laboratory), are difficult, as differences in the
bioavailability of the metal and the physico-chemical environment of the sediments
and porewaters may influence the experimental outcomes.

5.5.2 Trace metal concentrations and porewater measurements at the completion
of the experiment
At the end of the recolonisation period, porewater profiles were indicative of
sediments with minimal biological activity, with the transplanted sediments having
relatively shallow oxic layers and poorly defined pH gradients (Jorgensen and
Revsbech, 1985) (Figs 5.6 and 5.7). Although a reduction in pH can be expected from
the oxidation of the porewater iron, heavily imgated sediments have been shown to
have a higher pH near the sediment-water interface due to an increase of mixing with
the overlying waters (Marinelli and Boudreau, 1996). Visual inspection of the
containers prior to their collection found evidence of bioimgation caused by the
presence of the Thalassinidea (including Thalassinidae and Callianassidae), with a
majority of the containers having several well-spaced burrows. Although
Thalassinidae burrows can significantly increase the area of the sediment-water
interface, they are well-defined vertical structures which have little effect on the
horizontal integration of the sediment (Coelho et al., 2000). Consequently, changes to
the physico-chemistry of the porewaters caused by the presence of Thalassinidae can
be expected to be both localised and patchy. With the exception of the Thalassinidae
burrows, the sediments for all treatments showed only sporadic indicators of
biological activity from the horizontal movement of benthos (tracks), with the
surficial sediments generally being smooth and compressed.

Upon retrieval, sediment concentrations of cadmium within the spiked treatments
were significantly lower than the concentrations prior to deployment, with this being
most evident in the surficial sediments where reductions in cadmium concentrations
ranged between 29 and 37% (Fig. 5.5). Other trace metal manipulative experiments

have also shown significant declines in sediment trace metal concentrations or high
variability in concentrations within treatments (Momsey et al., 1996; Watzin and
Roscigno, 1997; Boothman et al., 2001; Lindegarth and Underwood, 2002; Lu and
Wu, 2003), with the latter suggesting either a significant differential loss in metals
within a treatment, or high heterogeneity in delivering the spike into the substrate. In
cadmium-spiked sediments, Lu and Wu (2003) observed a mean reduction in the
concentration of sediment-bound cadmium from 10 p d g to 2 p d g within one month
of the sediments being deployed. In a series of short-length (7-9 day) recolonisation
experiments using sediments spiked with various concentrations of zinc (250-5000
pglg), Watzin and Roscigno (1997) frequently observed > 50% reductions in the
concentrations of zinc in both the surficial (0-2 cm) and lower (2-6 cm) sediments,
with the surficial sediments often having higher zinc concentrations than the lower
sediments. The authors suggested that the loss of zinc was probably attributable to the
short equilibration period (i.e. low K,),

with the higher concentrations in the surficial

sediments being the result of an upward diffusion of the metal in porewaters towards
the water column.

Although fluxes of trace metals from the porewaters can occur by diffksion between
higher concentrations in deeper layers to lower surficial concentrations (Burgess et
al., 1993), this was probably not the major reason for the reduction in cadmium in the

present study, as porewater concentrations were low both prior to and during
deployment, and cadmium losses in the lower sediment layer were minimal.
Furthermore, as a major proportion of the sediment in all treatments was reduced
(below -150 mV), it can be assumed that the cadmium was primarily present as CdS,
and therefore insoluble under the anoxic conditions (Stumm and Morgan, 1996).
Other processes such as bioimgation, bioturbation or the oxidation of sediments at the
sediment-water interface may have also contributed to the loss of cadmium (Calmano
et al., 1993; Reidel et al., 1997); however, the sediments were not extensively

oxygenated or recolonised, and therefore the effect of these factors can be expected to
be minimal.

Physical rather than chemical processes may have played a pivotal role in the
observed reduction in cadmium concentrations. As the transfer of sediment between
containers has been shown to result in the preferential settlement of smaller particles

near the sediment surface (Bull and Williams, 2002), it is probable that transplanted
containers had a higher proportion of fine particles near the sediment-water interface,
making them more susceptible to resuspension by hydrological forces created by the
resistance between the water column and the surficial sediments (Calmano et al.,
1993; Huettel et al., 2003; Eggleton and Thomas, 2004). Since finer particles
generally contain higher concentrations of sediment-bound metals (Stumm and
Morgan, 1996), removal of this fraction from the surficial sediments could have
resulted in a significant reduction in cadmium concentrations. The deposition of the
surrounding sediment on to the treatments may have also contributed to a dilution of
cadmium concentrations in the surficial sediments, although visual inspection of the
containers prior to their collection found no obvious indications of deposition from
the surrounding coarse sediment.

5.5.3 Comparisons between the recolonised and the established ambient

assemblages
The total number of individuals which recolonised the transplanted treatments in both
locations was low, with the mean number of individuals being significantly lower in
the recolonising assemblages compared to the ambient assemblages (Table 5.5; Figs
5.9 and 5.10). In the translocated study presented in Chapter 4, the mean number of
individuals was between 37 and 81 per container in the recolonised reference
sediments (Nord's Wharf), compared to the eight to 12 individuals per container in
the control sediments in the present study. Both experiments were deployed in a
similar region of the lake and had similar recolonisation periods (20-22 weeks), with
the primary difference being the seasonal period in which the experiments were
conducted. The former study was performed between May and October (2002), whilst
the current study occurred between February and June (2003). Evidence obtained in
Lake Macquarie by Robinson (1982) indicates that benthic recolonisation peaks
during spring and early summer, with increases in established fauna already being
observed by January. As pelagic derived larvae have been shown to contribute 7090% of the recolonised fauna, and benthic recolonisation is strongly influenced by
seasonal patterns, it is probable that the experiment was conducted during a period of
low larval recruitment, which consequently resulted in poor recolonisation (Santos
and Simon, 1980; Arntz and Rumohr, 1982; Diaz-Castaneda et al., 1993). Although

the spatial scale of the experiment, and the size of the experimental containers may
influence recolonisation patterns (Amtz and Rumohr, 1982; Momsey et al., 1996;
Lindegarth and Underwood, 1999), these variables were similar to the previous study
(Chapter 4), and closely resemble those used by Roach et al. (2000) in a successful
contaminated sediment recolonisation experiment in Sydney.

The spiking procedure may have contributed to the low recolonisation rate in the
sediments through the creation of toxic artefacts such as ammonia and hydrogen
sulphide (Burton and Maceherson, 1995; Wang and Chapman, 1999). Total ammonia
concentrations in the porewaters of the surficial sediments (0-2 cm) were low (2-140
pg/L), and substantially below the lower Australian guideline value of 500 p d L
which offers protection to 99% of species (ANZECC, 2000). Concentrations were
significantly higher (max. 2,700 pgIL) in the lower portion of the sediment (7 cm),
exceeding the upper guideline of 1,700 &L,

which aims to provide a level of

protection for 80% of species (ANZECC, 2000). Laboratory toxicity tests have
demonstrated that both acute and chronic responses to ammonia are generally
threshold based, vary greatly across taxa, and are influenced by changes in pH,
salinity and temperature (USEPA, 1989; Borgmann, 1994; Boardman et al. 2004). In
a three-week assay, Moore and Dillon (1992) found a 100% survivorship in the
juvenile polychaetes (Nereis arenaceodentata) exposed to 10,000 p d L of total
ammonia, with a small, but statistically insignificant, decrease in survivorship at
20,000 &L. Concentrations exceeding 40,000 pg/L resulted in 100% mortality. In a
North American species of shrimp (Palaemonidae: Palaemonetes pugio), 48-hr LC50
concentrations for unionised ammonia concentrations range between 2.57 and 3.48
m d L (USEPA, 1989; Boardman et al. 2004). This suggests that the porewaters in the
anoxic component of the sediment are potentially toxic; however, sustained
interactions between benthic biota and reduced waters is minimal, as animals which
inhabit these environments generally reside in well-imgated burrows which contain
physico-chemical conditions derived from the overlying waters (Aller, 1982 ;
Jorgensen and Revsbech, 1985).

Although ammonia concentrations have been shown to increase with sediment storage
time (Greenstein et al. 1995), ammonia was not measured in the current study prior to

spiking or transplantation, and consequently the influence of spiking and storage
(equilibration) on ammonia concentrations cannot be quantified.

An increase in the production of hydrogen sulphide may have also occurred during the
experiment, although temporal changes or final concentrations were not taken. In its
unionised form, hydrogen sulphide is both more abundant and toxic than ammonia
(EPA, 1986). As the sediments were organically rich, anoxic, pungent, and in some
incidences slightly acidic towards the end of the experiment; hydrogen sulphide,
rather than the less toxic ionic sulphide, can be expected to be the dominant species in
the porewaters (Wang and Chapman, 1999). In future studies, a more rigorous
approach in the monitoring of ammonia and sulphide may help identify the potential
confounding influence of these toxicants on benthic recolonisation.

The recolonised assemblages contained similar levels of diversity, richness and
evenness to the ambient assemblages; however, distinct differences in the abundances
of the major taxa were observed between the two assemblages (Tables 5.4 and 5.5;
Figs 5.9 and 5.10). Polychaetes and molluscs were significantly more abundant in the
ambient assemblages, whilst crustaceans were numerically dominant in the
recolonised fauna. Stark differences in the abundances of the major taxa, concurrent
with no significant differences in the community indices, adds credence to the
concerns raised by several authors regarding the relative insensitivity of univariate
indices to discriminate amongst potentially stressed and unstressed assemblages
(Warwick and Clark, 1993; Olgard 1999).

The a priori hypothesis that the recolonising assemblages would differ to the
established ambient assemblages was supported by the clear discrimination of the two
assemblages using multivanate procedures (nMDS and NPMANOVA) (Fig. 5.11 and
Table 5.7). SIMPER analysis identified that these differences were primarily due to
the relatively high abundance of decapods in the recolonised fauna

-

which were

almost exclusively Thalassinidae - and capitellids in the ambient assemblages (Tables
5.9 and 5.10). In comparison to the locations examined during the Lake Macquarie
gradient study (see Chapter 3), including locations with high trace metal
concentrations, the total number of individuals and diversity in the ambient sediments
was low in both locations, but similar to the previous recolonisation experiment (see

Chapter 4). The low measurements in the univariate attributes of the ambient
communities and the dominance of capitellids suggest that these locations are either
episodically or continually disturbed (Grassle and Grassle, 1974; Grassle and Grassle,
1976; Boesch and Rosenberg, 1981; Gray, 1989). The profound influence of physical
factors on shallow sub-tidal assemblages generally results in community dominated
by robust organisms, with high diversity occumng under more stable environmental
conditions (Boesch and Rosenberg, l98 1 ; Snelgrove and Butman, 1994; Olsgard,
1999).

5.5.4 Reponses in recolonised assemblages to cadmium-spiked sediments
The overall poor recolonisation of the experiment restricts the confidence with which
the relationship between cadmium concentrations and benthic recolonisation can be
interpreted. As there were no significant differences between the univariate
measurements and multivanate attributes of the assemblages, the findings reject the a
priori hypotheses which predicted that benthic assemblages would differ with

increasing concentrations of cadmium. Several laboratory assays, meiofaunal studies
and the composite data used for the basis for the Australian Interim Sediment Quality
Guidelines have shown that cadmium concentrations significantly below that used in
the highest treatment in this study are sufficient to elicit a toxicological response in
estuarine biota (Swartz et al., 1985; Sundelin and Elmgren, 199 1 ; Long et al., 1995).
However, direct comparisons are difficult to make, due to differences in the fauna,
experimental design, sediment chemistry, water chemistry, and bioavailability. For
example, cadmium appears to be more toxic in less saline conditions due to a greater
proportion of the metal occurring as fiee cadmium (Engle and Fowler, 1979).
Other in situ benthic recolonisation studies using similar concentrations of cadmium
have also demonstrated a lack of response. Trannum et al. (2004) found no significant
differences in assemblages which recolonised sediments containing 9-23 &g Cd, as
did Lu and Wu (2003) in sediments with a final concentration of 2 p d g Cd. In
experiments founded on testing the AVSISEM assay
significantly higher concentrations of cadmium

-

-

and therefore using

mixed responses in benthos have

been observed. In a 118-day chronic larval recolonisation experiment, Hansen et al.
(1996) found an inverse relationship between nominal cadmiudAVS ratios of 0.1,

0.8 and 3.0 and the abundance and diversity of recolonised fauna. However, the
response in this assay was most likely due to the very high concentrations of cadmium
in the porewaters (28,000 - 174,000 p d L in the 3.0 treatment), and therefore
unrepresentative

of an experimental

increase

in sediment-bound

cadmium

concentrations per se. Warren et al. (1998) found no differences in the univariate
attributes of communities which recolonised Freshwater sediments with a cadmium
concentration of 843 pglg; with the exception of a significant decline in the
abundance of sphaeriid bivalves and tubificid oligochaetes.

Several possibilities may explain the relative insensitivity of the recolonising fauna to
increased concentrations of sediment-bound cadmium. Firstly, the recolonisation of
defaunated experiments is an ecological response to a disturbance, with the initial
stages of recolonisation analogous with patterns which would occur subsequent to a
natural disturbance event (Glasby and Underwood, 1996). In both field and
experimental studies the pioneering phase is generally dominated by opportunistic and
robust taxa which appear to be more resilient to both physically disturbed and
contaminated environments (Grassle and Grassle, 1976; Boesch and Rosenberg, 1 98 1 ;
Diaz-Castaneda et al., 1993). With the exception of the decapods, the most abundant
recolonising taxa (e.g. capitellids, spionids and nereids) were similar to those
previously observed in the contaminated locations Lake Macquarie (Chapter 3) and in
the contaminated treatments of the translocation experiment (Chapter 4). In the case
of capitellids, chronic assays confirm the taxa's resilience to cadmium with Selck et
al. (1 998) finding no difference in the growth of capitellids exposed to a concentration
of 25 udg. As a taxa's ability to reside in contaminated sediments is influenced by a
myriad of processes, including its interaction with the sediment and ability to detoxify
contaminants (Phillips and Rainbow, 1993; Hare et al., 1994; Absil et al., 1996;
Chapman et al., 1998; Warren et al., 1998; Hare et al., 200 l), the limited number of
taxa which recolonised the experiment may have resulted in samples which were
either ecologically or biologically metal-tolerant, and therefore unrepresentative of a
majority of the lake's fauna.

The lack of response in the biota to the increased sediment concentrations of cadmium
may have also been due to the spiking of a single metal rather than a mixture. A
number of authors have suggested that the toxicological effects of contaminants

(PAHs and metals) are not independent or antagonistic, but rather additive, or in some
incidences, synergistic (Bryan and Langston, 1992; Fairey et al., 2001; Dirilgen and
Dogan, 2002; Ross and Bidwell, 2003). This implies that several contaminants at
moderately enriched concentrations have the potential to elicit a response at
cumulative concentrations lower than that of a single, significantly enriched
contaminant.

Polluted aquatic systems often contain numerous contaminants, which in many cases
are derived from the same source, and thus co-occur. For example, in Lake Macquarie
the putative primary source of the contamination gradient is the Pasminco 1eadJzinc
smelter, which simultaneously deposits lead, zinc and cadmium into the lake (Batley,
1987; Roach, 2005). Consequently, the relationships between the benthic
communities and trace metal concentrations within the lake as shown in the gradient
and translocation chapters (Chapters 3 and 4), are likely due to the combination of
metals rather than a specific metal. Using ERM quotients (ERMQ) adapted from Long
and Macdonald (1998), Roach (2005) classified the north of Cockle Bay as a 'high
priority site'. Sites and locations hrther away from the point source produced lower
ERMQs, emphasising the potential toxicity of the Cockle Bay sediments due to their
relatively high concentrations of several metals (Pb, Zn, Cd, and Hg). This is
supported by acute 1O-day juvenile amphipod (Melita plumulosa) toxicity tests on the
sediments from Cockle Bay, Warner's Bay and Nord's Wharf, which found a 19%
decline in the survivorship in the Cockle Bay sediments in comparison to reference
sediments, with no significant increases in mortality occumng in the other two
sediment types (Gale unpublished, NSW Department of Environment and
Conservation). Conversely, additional acute 10-day toxicity tests found Melita
plumulosa to be relatively insensitive to sediment-bound cadmium (LC50 1,990 Cd
udg), with toxicity only occumng when porewater concentrations were significantly
elevated (LC50 520 Cd &L)

(King, unpublished, CSIRO). Collectively, the

information from the current study, King's amphipod toxicity data, and the
recolonisation experiments by Warren et al. (1998), Lu and Wu (2003) and Trannum
et al. 2004 suggests that the current Australian guideline concentrations for cadmium
(ISQG-Low

=

1.5 &g and ISQG-High

=

10 pg/g) are conservative when viewed as

single element contaminant. However, as contaminants are rarely found in isolation, a

high level of conservatism may be desirable as a means of accounting for the potential
additive and synergistic interactions between cadmium and other contaminants.

The higher densities of crustacea (predominantly Thalassinidea) within the
transplanted sediments, and the rarity of this taxa within the ambient assemblages,
indicates that the sediment used in the experimental treatments may have artificially
influenced recolonisation, with Thalassinidea actively selecting these sediments in
preference to the surrounding ambient sediment. As the presence of certain pioneering
taxa can influence the composition of subsequent colonisations (Rhoads and Boyer,
1982), it is possible that the relatively high abundance of Thalassinidea, and the
biogeochemical and ecological conditions that it created, may have significantly
altered the composition of the recolonising fauna. Thalassinidea have been shown to
increase the organic carbon content and microflora populations of sediments (Katrak
and Bird, 2003). This suggests that the taxa may ameliorate the sediments in a manner
which would be favourable to sediment ingestors. Conversely, the high level of
bioturbation, and the ubiquitous presence of the taxa in its burrow may have inhibited
the settlement of other taxa (Brenchley, 1982; Katrak and Bird, 2003). As
Thalassinidea are depositldetritus feeders which have a diet mainly consisting of
seasasses, epiphytes and benthic phytobenthos, it can be assumed that this taxa did
not directly influence the recolonised fauna through predation (Boon et al., 1997).

5.6 Conclusion
The primary aim of this experiment was to experimentally test if elevated
concentrations of sediment-bound cadmium influence the composition of recolonised
benthic assemblages. In order to provide treatments with increasing concentrations of
sediment-bound

cadmium

simultaneously

with

consistently

low

porewater

concentrations, sediments were spiked under anaerobic conditions with the pH of the
porewaters artificially mediated. Even under anaerobic conditions, hydrolysis still
resulted in a decrease in porewater pH, and an equilibration period of 21 days was
required to create treatments with low porewater concentrations of cadmium. These
findings suggests that the current approaches used for spiking sediments in a majority
of sediment bioassays may result in treatments which contain highly elevated

porewater concentrations of metals, and thereby over-estimate the bioavailability of
the metals; significantly alter the physico-chemical properties of the porewaters; are
subject to a high level of variability, and susceptible to fluxing. Although the spiking
procedure used in this study may have produced additional artefacts which potentially
confound the treatments, e.g. ammonia and hydrogen sulphide, the technique does
provide the basis of a protocol which could be developed to increase consistency
amongst in situ assays, and provide test sediments which could be used for
comparisons between laboratory and field bioassays.

The poor recolonisation of the all the treatments highlights some of issues relating to
the selection of appropriate experimental locations, time of deployment, and the
recolonisation period. Although the experiment was performed in locations with low
ambient diversities and fauna1 densities, the locations have been previously
demonstrated to be suitable for recolonisation experiments (Chapter 4). Furthermore,
the coarseness of the ambient sediments reduces the potential deposition of the
surrounding sediments into experimental treatment containers. Whilst the depth of the
experiments was similar to that sampled in the gradient survey (Chapter 3), it would
appear that the locations' vulnerability to harsh physical conditions, in conjunction
with the implementation of the experiment subsequent to the most prolific period of
larval

recruitment,

resulted

in

low

recolonisation

densities,

comprising

characteristically robust taxa. Although the results of this study add credence to that
of Lu and Wu (2003) and Trannum et al. (2004), which found no evidence that
environmentally relevant concentrations of cadmium were influencing benthic
recolonisation, these findings are tentative due to the issues regarding the artefacts of
spiking and recolonisation discussed above.

The Australian Interim Sediment Quality Guidelines (ANZECC, 2000) are primarily
founded on toxicological information obtained from assays employing nonindigenous fauna (Long et al., 1995). In order to refine the guidelines to conditions
which are of regional relevancy, it is essential that additional and robust information
is obtained regarding the sensitivity of endemic taxa to trace metals (Batley, pers.

comm. CSIRO). The continual development of a standard protocol for sediment
spiking may assist in validating future studies, and provide a technique which can be
used to calibrate differential responses in various hierarchical levels of fauna to

varying concentrations of trace metals, and field to laboratory comparisons (Giesey
and Hoke, 1990). The continual refinement of in situ experiments, and clarification of
the technique's strengths and limitations, will further assist in assessing the risks
associated with trace metal contaminated sediments.

Chapter 6: Synthesis
The aim of the research presented in this thesis was to provide additional and regionspecific

information

regarding the

relationships between estuarine benthic

assemblages and enriched concentrations of trace metals in the estuarine sediments.
The impetus for the study was the proposed extension of the Australian Interim
Sediment Quality Guidelines to include in situ changes in benthic communities as an
additional ecological end-point (Simpson et al., in prep).

Although a considerable number of studies have demonstrated a strong relationship
between increased sediment concentrations of trace metals and various attributes of
benthic communities (e.g. Ward and Hutchings, 1996; Stark et al.. 2003), the actual
effects of trace metals on benthic communities is still poorly understood. This is
principally due to the high natural temporal and spatial variability in the distributions
of benthos, as well as the influence of other putative contaminants (Warwick, 1993;
Hyland et al., 2000; Momsey et al., 2003). Furthermore, bulk measurements of trace
metal concentrations have been shown to be a poor measure of trace metal
bioavailability, and thus toxicity, further reducing the strength of any linear
relationships between trace metals and benthic assemblages (Ankley et al., 1996).

Lake Macquarie, NSW, was chosen for the trace metal gradient study (Chapter 3), as
it is a relatively stable environment with a strong gradient of trace metals in the
sediments (Burt, 2002; Roach, 2005). Previous research had shown elevated
concentrations of several metals in the biota, with concentrations in some locations
significant enough to alter the physiological condition of bivalves (Furner, 1979;
Batley, 1987; Burt, 2002; Chambers, 2003). Although the composition of benthic
assemblages within Lake Macquarie has been examined from ecological and
biogeographical perspectives (Robinson, 1982; Gibbs, l986), the relationship between
benthic assemblages and trace metals had yet to be examined. It is envisaged that the
information from this study may provide an additional line of evidence which could
be used to assess the health of the lake's sediments, as well general relationships
between metals and benthic assemblages.

The initial findings from the gradient study in winter 2000 identified several structural
differences in benthic communities along the gradient (e.g. diversity, abundance of
crustacea), supporting a majority of the literature-derived a priori hypotheses, and
affirming the validity of incorporating univariate measurements. Multivariate analyses
also found significant differences in benthic assemblages along the gradient, with
these strongly correlating with sediment concentrations of cadmium, lead and zinc.
However, the findings from the summer 2003 study emphasised that even in a
relatively stable environment, significant natural events can occur which can
dramatically alter the temporal and spatial distribution of benthos. The magnitude and
uneven influence of such events can reduce or obscure patterns which may have
formally discriminated between uncontaminated and trace metal contaminated
locations.

Without the support of additional lines of evidence

-

in this case, previous research,

concurrent amphipod toxicity tests and the winter 2000 gradient study, the
information obtained from the summer 2003 study may have created a vastly different
scenario from a risk assessment standpoint. For example, in isolation, a location with
low metal concentrations and depauperate benthic fauna (e.g. Nord's Wharf in 2003)
could suggest the influence of an unidentified contaminant(s) (Chapman, 1990) - and
potentially result in incorrect managerial and research decisions. This emphasises the
need for a temporal component in gradient studies, as well as multiple lines of
evidence which can be used to weigh potential scenarios, thereby minimising any
capricious conclusions.

In order to extend past correlative relationships between benthos and environment
variables, including contaminants, recolonisation experiments were employed in two
components of this thesis. Firstly, to assess differences in the recolonisation of benthic
assemblages in sediments translocated from three of the locations used in the gradient
study (translocation study, Chapter 4). Secondly, to examine the effect of increased
concentrations of sediment-bound cadmium on benthic assemblages (cadmium-spiked
sediment experiment, Chapter 5). In the translocation study, the experiment provided
robust, study-specific information regarding the potential risks associated with
sediments sourced within Lake Macquarie. As the technique removed the spatial
component of the gradient study, and initiated with defaunated sediments, effectively

resetting colonisation, a clearer relationship between the sediments and benthos was
established. Although time-consuming, translocation experiments have the potential
to provide site-specific risk assessment information which cannot obtained through
correlative studies. This approach can also be used in cases where marked differences
in the physical, chemical and morphology attributes occur between reference
(unimpacted) and putatively impacted locations. As previously emphasised, these
attributes alter the spatial and temporal distribution of macrobenthic invertebrates, that
is, the hndamental attributes used to discriminate between impacted and unimpacted
assemblages.

The spike study (Chapter 5) was implemented to provide additional information about
the effects of increased concentrations of sediment-bound cadmium on benthic
assemblages. One of the most important features of this study was the manipulation of
the sediment metal concentrations. The methodology employed, i.e. spiking under
anaerobic conditions, was effective in creating treatments with high concentrations of
cadmium, whilst still maintaining low porewater concentrations. The findings of this
study emphasise the need for relatively long equilibration periods (several weeks in
this case), and the maintenance of stable pH and redox conditions. This approach
provides a template for future spiked-sediment studies, and will enable greater
harmonization of findings among studies, inevitably leading to a better understanding
of how prescribed concentrations of metals may affect benthic assemblages.
Furthermore, the spiking technique enables researchers to examine the effects of
sediment-bound metals, a potential trace metal exposure route which is frequently
overlooked under the current porewater-dominated paradigm. This is of local
significance, as although high metal concentrations may exceed the binding capacity
of AVS in low sulfide freshwater environments, with the exception of grossly
contaminated locations; this appears to be rare in the relatively sulphidic estuarine
soft-sediments of New South Wales (Simpson, CSIRO, pers. corn.).

The two recolonisation experiments highlighted some of the difficulties and
complexities associated with this type of study. These include issues regarding the
temporal and spatial scales of the experimental units; suitability of locations; external
interference; sediment handling; and, especially in the latter study, the need for the
experiments to encapsulate periods of maximum larval dispersal and settlement. The

findings from these studies also emphasise that recolonisation studies are founded on
the principles of larval ecology and recolonisation, and consequently, the processes
which affect and influence these life-cycle stages may be strikingly different to those
which affect established, adult-dominated assemblages.

In order to progress the use of benthic community studies in trace metal sediment risk
assessment programs, several fundamental areas of research need to be addressed. A
greater understanding of the differences between trace metal exposure on colonising
larval assemblages and established adult communities will enable a more cohesive
comparison between field and manipulative studies. More information is required
regarding the ecological ramifications of structural changes to benthic assemblages. In
essence, there is a need to identify if structural changes affect the long-term viability
of benthic assemblages, and ecological roles of benthos (e.g. productivity, trophic
interactions and nutrient cycling).

The information presented in this thesis illustrates that benthic community studies,
both passive and experimental, provide pertinent information which can be used to
assess the risks associated with metal contaminated sediments. Community studies
encapsulate temporal and spatial scales, and a biological, ecological and
biogeochemical complexity, which cannot be achieved with other risk assessment
tools such as laboratory bioassays. However, responses in benthic assemblages are
often confounded by other factors (both natural and anthropogenic), and are
susceptible to a high level of variability. This emphasises the need to incorporate
benthic communities as a line of evidence, rather than definitive single end-point,
when assessing the risks associated with metal contaminated sediments.
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Appendix 1. Results from among site NPMANOVA pair-wise comparisons tests for
the-lake Macquarie gradient study in 2000 and 2003:~i~hli~htedvalues indicate
significant results where Pc0.05.
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Appendix 2. Taxa sampled in Lake Macquarie during the 2000 and 2003 gradient
studies.

Phylum Annelida
Class Polychaeta
Family
Ampharetidae
Capitellidae
Chaetopteridae
Cirratulidae
Eunicidae
Glyceridae
Hesionidae
Lumbrineridae
Magelonidae
Maldanidae
Nephytidae
Nereididae
Opheliidae
Orbiniidae
Oweniidae
Pectinaridae
Phyllodocidae
Pilargidae
Polynoidae
Sabellidae
Serpulidae
Sigalionidae
Spionidae
Syllidae
Terebellidae
Trichobranchidae

Phylum Mollusca
Order Castropoda
Family
Aplysiidae
Cerithidae
Columbellidae
Doridiidae
Littorinidae
Muricidae
Nassariidae
Naticidae
Potomididae
Pyramidellidae
Trochidae
Vitrinellidae
Tumdae

(Appendix 2 - continued)

Order Bivalvia
Family
Arcidae
Corbulidae
Latemulidae
Lucinidae
Mactridae
Mytilidae
Semelidae
Tellenidae
Trapeziidae
Veneridae

Phylum Nemertinea
Nemertean spp.

Phylum Sipuncula
Sipunculid spp.

Phylum Arthropoda
Class Crustacean
Order Amphipoda
Decapoda
Isopoda
Stomatopoda

Appendix 3. The total abundance of each taxa sampled in the three translocated sediments (Nord's Wharf, Cockle Bay and Warner's Bay)
and the ambient sediments from Locations 1 and 2 within Lake Macquarie, NSW.
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Appendix 4. The total abundance of each taxa sampled in the cadmium spiked and ambient sediments in Location A and B, Lake Macquarie
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Appendix 4 (continued).
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