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Abstract

The spread of invasive organisms is one of the greatest threats to ecosystems and
biodiversity worldwide. Understanding the evolutionary and ecological factors
responsible for the transport, introduction, establishment and spread of invasive
species will assist the development of control strategies.
The New Zealand mudsnail, Potamopyrgus antipodarum (Gray 1843)
(Gastropoda: Hydrobiidae), is a global freshwater invader, with populations established
in Europe, Asia, the Americas and Australia. While sexual and asexual P. antipodarum
coexist in the native range, invasive populations reproduce by parthenogenesis,
producing dense populations that compete for resources with native species.

Potamopyrgus antipodarum is a natural model system for the study of evolutionary and
ecological processes underlying invasion.
This thesis assesses the invasion history, genetic diversity and ecology of P.

antipodarum in Australia, with particular focus on: a) potential source populations, b)
distribution and structure of populations, and c) species traits related to the
establishment, persistence and spread of invasive P. antipodarum. Genetic analyses
were carried out on specimens collected for this study from New Zealand and Australia,
along with existing museum samples. In combination with published data, the analyses
revealed low genetic diversity among and within invasive populations in south-eastern
Australia, relative to New Zealand populations. Phylogenetic relationships inferred from
mitochondrial sequences indicated that the Australian populations belong to clades
dominated by parthenogenetic haplotypes that are known to be present in Europe and
iii

the US. These ‘invasive clades’ are likely to originate from the North Island of New
Zealand, and suggest a role for selection in determining genetic composition of invasive
populations.
The genotypic diversity of Australian P. antipodarum was low, with few, closely
related clones distributed across south-eastern Australia. The pattern of clone
distribution was not consistent with any assessed geographical or abiotic factors;
instead a few, widely-distributed clones were present in high frequencies at most sites.
Differences in clone frequencies were found, which may indicate differential success of
clonal lineages.
A range of traits have been proposed as facilitators of invasion success, and
within-species variation in these traits can promote differential success of genotypes.
Using laboratory-based experiments, the performance of the three most common
Australian clones was tested across a suite of invasion-relevant traits. Ecologicallyrelevant variation in traits was found among the clones. These differences may have
determined the spatial distribution of clones, and may continue to do so into the future.
This thesis found that the P. antipodarum invasion of Australia is the result of
few introductions of a small number of globally-invasive genotypes that vary in
ecologically-relevant traits. From a source of considerable genetic diversity in the native
range, very few genotypes have become invasive. Those that are invasive appear to be
very successful at continental scales. These findings highlight a capacity in asexual
invaders to successfully invade, and potentially adapt to, a broad range of ecosystems.
The P. antipodarum invasion system is amenable to research using combinations of
field-based studies, molecular and laboratory approaches, and is likely to yield
significant, broadly-applicable insights into invasion.

iv

Acknowledgements
I would like to acknowledge all those that have given me support and encouragement
throughout my PhD. First and foremost, I would like to thank my three supervisors: Professor
Ross Thompson, Professor Paul Sunnucks and Associate Professor Dianne Gleeson. Ross’s
passion and enthusiasm for science is infectious and I have used this as a constant source of
motivation. I appreciate the independence Ross has given me during my candidature, seemingly
maintaining his faith while I shaped a project and even made (occasional!) mistakes. His
encouragement for me to frequently present my work at conferences and engage in “postgrad
life” has greatly enriched my PhD experience. From the outset Paul has challenged me to
broaden my thinking, helping to get the most out of my research. I thank Paul for introducing
me to genetics, and for his patience as I found my feet. Dianne has assisted me through the
majority of my lab tribulations (and triumphs!), maintaining her encouragement throughout. I
am grateful for the way Di has made seemingly insurmountable tasks appear straightforward. I
would also like to thank Dr. Maurine Neiman from the University of Iowa. Maurine is an
inspiring biologist, I am very fortunate to have had access to her insightful input for much of my
work. I appreciate Maurine’s generosity with her time, data, samples, expertise and support.
My PhD experience has been greatly enriched by the opportunity to regularly present
my research at international and domestic conferences. This was made possible by the generous
financial support of the Australian Society for Limnology, the Institute for Applied Ecology (IAE)
and the Australian Centre for Biodiversity.
In the early stages of my PhD I spent considerable time examining the Hydrobiid
specimens at the Museum Victoria and the Environment Protection Authority Victoria, I thank
these institutions and their staff for accommodating me. Samples collected during my fieldwork
were supplemented by contributions from the EPA and from Toni Furlonge, to whom I am very
grateful. Many thanks to Dr. Dorota Paczesniak for generously contributing her data and
expertise over numerous (doubtless inconvenient!) Skype calls.
I owe a debt of gratitude to my many helpers in the field and laboratory. Katherine
Harrisson and Dr. Sam Venables were the epitome of patience while guiding me up the steep
learning curve in the genetics lab. Dr. Valerie Caron donated many weekend hours of expert
assistance in processing my samples; no doubt I would still be slaving over a hot gel were it not
for Val’s selfless help. Thanks to Laura, Darren, Chantelle, David, Teresa, Mel, Clarissa, Paula,

vii

James, Lucie, Sally, Alan and Evan for helping to collect water, clean tanks and go on grand snail
hunts.
I would like to thank the administrative staff at Monash University’s School of Biological
Sciences, and the research support unit at the IAE, especially Barbara Harriss, for helping me
deal with my mild admino-phobia (fear of paperwork!).
I have enjoyed being part of various lab groups: my thanks to the Sunnucks Lab at
Monash Uni, the Wildlife Genetics Lab at the IAE, and the freshwater crews at both Monash and
the IAE. Particular thanks to Professor Jenny Davis and Associate Professor Carlo Sgrò for their
constructive comments on my early project proposals.
To my friends at the IAE and Monash Uni, along with the many friends made at
conferences, thank-you for helping to make this such a rewarding experience. A PhD could
potentially be an isolating experience, but I have been lucky to share it with a group of
supremely interesting, talented and adventurous friends. Particular thanks to Dr. Giselle
Perdomo, Dr. Lucie Bland and Teresa Gonzalez, with whom I have had many stimulating
conversations. My gratitude goes to Dr. David Hartley for his close friendship, the odd beer or
three during our candidatures and his support during our many hard years following the
capricious Richmond Tigers.
I am particularly indebted to Laura Caffrey and Dr Darren Giling. Loz and Daz often
sacrificed their time and other commitments to accompany me on snail hunts and help out in
the snail dungeon. For this they each thoroughly deserve, at last, the title “Snail Hunter: Grand
Master.” Our many shared experiences have built an irrevocable bond.
My gratitude to the Trappist monks of Scourmont Abbey for the occasional reminder
that producing something complex over a long period of time can be highly enjoyable.
Thank-you to my family for your support and interest in all I do. My deepest thanks go to
my parents for sparking, at a very young age, my interest in nature, science and how things
work. My heartfelt thanks to my wife, Chantelle, for organising a wedding single-handedly, for
her unconditional support, and for my regular use of her exceptional intelligence as a sounding
board.
This thesis would not be possible without everyone mentioned above. My thanks again
to all who have supported me, and in so doing endured my punny sense of humour. Hopefully it
is some consolation that we have done our little bit to prevent P. antipodarum becoming simply
another snail in the coffin of biodiversity.

viii

Foreword
This thesis represents work carried out under the supervision of Professor Ross
Thompson, Professor Paul Sunnucks and Associate Professor Dianne Gleeson. The thesis
is composed of a series of connected but independent units, each of which is intended
for publication. Each chapter is written as a separate entity, with a full complement of
the sections required by a manuscript and there may be some overlap of material
among chapters. Some chapters have used data published in previous studies and the
authors contributing these data are acknowledged in-text. When such chapters come to
be submitted as papers for publication, these collaborators will be recognised as coauthors, and are identified as such below.
Chapter 1. General introduction. This chapter provides a background on asexual
reproduction in invasion and a summary of existing knowledge of the ecology of the
clonal invader, Potamopyrgus antipodarum. It will be combined with components of my
general discussion to be submitted as a co-authored paper with my supervisors.
Chapter 2. Reconstructing the invasion history of Potamopyrgus antipodarum in

Australia. This chapter uses genetic markers to explore the global movement of P.
antipodarum and infer potential source populations. This chapter will be submitted as a
paper co-authored with Dr. Maurine Neiman (University of Iowa), Dr. Dorota
Paczesniak (Leibniz Institute of Plant Genetics and Crop Plant Research (IPK)), and my
supervisors.
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Chapter 3. The distribution of invasive clones of Potamopyrgus antipodarum in south-

eastern Australia. This chapter identifies the distribution patterns of different P.
antipodarum genotypes across south-eastern Australia. This chapter will be submitted
as a paper co-authored with Dr. Maurine Neiman (University of Iowa), Dr. Dorota
Paczesniak (IPK), and my supervisors.
Chapter 4. Differential performance among genotypes in a clonal invader. This chapter
compares the performance of three P. antipodarum genotypes across a suite of
invasion-relevant traits. This chapter will be submitted as a paper co-authored with my
supervisors.
Chapter 5. General discussion. This chapter provides an overview and synthesis of my
findings, and proposes future research directions.
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Chapter 1.
General introduction

The spread of invasive organisms is one of the greatest threats to ecosystems and
biodiversity worldwide (Sakai et al., 2001), and has already caused substantive
economic and environmental damage (Enserink, 1999;

Pimentel, 2005). Invasive

organisms often modify ecosystem processes and have strong negative impacts on
native communities (Strayer et al., 1999; Cambray, 2003; Gallardo et al., 2015).
Anthropogenic influences have facilitated the success of invasive species, by assisting
the movement of organisms through increases in international trade, and by increasing
the invasibility of recipient ecosystems through disruption of native ecosystems via the
impacts of habitat degradation, habitat fragmentation and climate change (Dukes &
Mooney, 1999; Banks et al., 2015).
The negative consequences of biological invasions have led to invasive species
becoming the focus for an extensive amount of applied research (Novak, 2007).
Research pertinent to applied questions has typically focused on predicting which
species will become invasive, identifying environments susceptible to invasion,
restricting the movement of alien species, controlling on-going invasions and mitigating
the impacts of invasive organisms (Parker et al., 1991; Wilson et al., 2009; Catford et

al., 2012; Simberloff et al., 2013). However, biological invasions are also of interest for
1

fundamental ecological research. For example, interactions between introduced
organisms

and

recipient

communities

allow

investigation

of

predator-prey

relationships, competition, and community assembly, amongst other ecological
interactions (Lowry et al., 2013). Additionally, invasions frequently feature rapid
evolutionary events, providing insights into evolutionary processes (Lee, 2002). It has
even been proposed that studies of invasion genetics may reveal the limits to evolution,
by informing ecologists how species respond evolutionary to strong selection pressures
(Bock et al., 2015).

The invasion process
The literature on biological invasions is extensive, with the majority of studies
proposing or testing hypotheses concerning the cause of invasions (Lowry et al., 2013).
These studies, conducted on many organisms across many systems, have yielded dozens
of hypotheses (reviewed in Catford et al., 2009; Gurevitch et al., 2011), none of which
are sufficient in isolation to explain all biological invasions (Catford et al., 2009). To
resolve this, a number of conceptual frameworks have been proposed to synthesise the
mechanisms behind each hypothesis, with the aim of finding generalisable explanations
for invasions (Gurevitch et al., 2011). Typically, these frameworks describe invasion as
a process, with a series of stages through which alien organisms must progress to be
considered successful invaders (Blackburn et al., 2011). Each stage of the invasion
process involves filters or obstacles that, unless overcome, result in a failed invasion.
Understanding the species traits, environmental characteristics, and stochastic factors
that allow successful invaders to overcome obstacles to invasion will contribute to the
prevention and control of invasive organisms.

2

There are many different variants of the terminology and concepts used in the
study of biological invasions, including the invasion process. The unified framework for
biological invasions proposed by Blackburn et al. (2011) comprehensively integrates
commonly used variants into a single conceptual framework and is used as the basis for
a conceptual model in this thesis (Figure 2; Blackburn et al., 2011). The proposed
unified framework divides the invasion process into four stages: transport,
introduction, establishment and spread.
The transport and introduction stages of invasion involve the deliberate or
accidental movement of organisms between geographical regions. The deliberate
movement of organisms has been historically associated with human dispersal, and
continues to be prevalent in the agriculture, forestry and pet trades, amongst others
(Sakai et al., 2001; Hulme, 2009). The deliberate introduction of organisms allows
species to bypass the barriers to invasion imposed at the early stages of the invasion
process. Examples of common sources for the accidental introduction of alien species
include ballast water in ships and soil associated with traded nursery stock (Ruiz et al.,
2000; McCullough et al., 2006). The correlation between trade activities and alien
species is well known, yet research on the accidental transport and introduction of
invasive organisms has been neglected in favour of a focus on the latter stages of the
invasion process (Hulme, 2009; Chapple et al., 2012).
The establishment stage of invasion is characterised by the founding of a
reproducing, self-sustaining population (Sakai et al., 2001). Successful establishment is
dependent on biotic interactions, evolutionary processes, and the suitability of abiotic
conditions. As a result, only a subset of introduced populations successfully establish in
a new environment (Williamson & Fitter, 1996). Propagule pressure – the number, size
and frequency of introduction events – has often been cited as a reliable predictor of
3

establishment success (e.g. Lockwood et al., 2005; Von Holle & Simberloff, 2005;
Johnston et al., 2009; Simberloff, 2009; Blackburn et al., 2015). The premise for this is
that larger populations, particularly those supplemented by multiple introductions, are
more likely to establish than populations with few individuals (Blackburn et al., 2015).
However, biological invasions are typically only detected post-establishment, meaning
direct observation of how genetic, environmental, and demographic stochasticity affect
establishment success are rare (Marsico et al., 2010). Instead, molecular tools can be
used to reconstruct the role of various mechanisms, including propagule pressure, in
driving the establishment of successful invasive species (Blanchet, 2012).
During the spread stage of the invasion process alien organisms will disperse to
new areas, effectively undergoing sequential establishment events spatially and
temporally (Blackburn et al., 2011). In addition to overcoming obstacles encountered
during establishment, the range expansion of alien species is contingent on adaptations
for dispersal (Sakai et al., 2001). The rate of spread of invasive species is dependent on
their active dispersal characteristics and the utilisation of dispersal vectors (Kappes &
Haase, 2012). Dispersal traits may also evolve rapidly during invasion and cause
acceleration in a species’ rate of spread (Alford et al., 2009; Perkins et al., 2013;
Phillips & Suarez, 2012).

Population genetics of invasion
Introduced populations of invasive organisms often have lower genetic diversity than
their source populations (Dlugosch & Parker, 2008). In such cases, genetic diversity is
reduced due to a small number of potential propagules being sampled from the source
population and successfully introduced to the new ecosystem (Williamson & Fitter,
1996). Genetic bottlenecks are common in introduction events, due to the stochastic or
4

deterministic selection of a sub-set of the genetic diversity in the native population, as
well as the survival of a restricted number of founders (Bock et al., 2015). Bottlenecks
of sufficient severity and duration may reduce genetic diversity, subsequently limiting
the evolutionary potential of small invasive populations in most invasion scenarios
(Allendorf & Lundquist, 2003; Prentis et al., 2008). However this is not always the case,
with some bottlenecked invasive populations displaying considerable potential to
respond to selection pressures (Sax et al., 2007; Dlugosch & Parker, 2008). Initial
founder effects may also be overcome through multiple introductions, which can
restore genetic diversity to levels similar to, or greater than, that of the native range
(Uller & Leimu, 2011;

Rius et al., 2015). Multiple introductions from genetically

different source populations increase genetic diversity by introducing additional
genotypes and initiating admixture between waves of propagules (Roman & Darling,
2007). Thus, the number of different source populations and invasion events can
directly influence genetic diversity in introduced populations (Grapputo et al., 2005).
Other factors influence genetic diversity during invasion, including hybridisation and
strong selection pressures (Roman & Darling, 2007).
Increased genetic diversity can be advantageous to invasive organisms through
ecological and evolutionary mechanisms (Bock et al., 2015). Founder populations with
high diversity have increased chances of containing pre-adapted genotypes with high
invasive potential (Simberloff, 2009). Complementarity effects - the positive
interactions among multiple genotypes - also contribute to increased colonisation
success of high-diversity populations (Crawford & Whitney, 2010). The evolutionary
advantages of increased genetic diversity include: (i) the creation of new allele
combinations and novel phenotypes, (ii) greater genetic variation, which provides more
raw material upon which selection can act, thus increasing the potential for local
5

adaptation, (iii) reduced probability of encountering inbreeding depression, (iv) lower
chance of genetic drift, and (v) the masking of deleterious mutations (Lee, 2002;
Allendorf & Lundquist, 2003; Simberloff, 2009; Rius & Darling, 2014). Thus, while
introduced organisms may still be successful invaders despite low genetic diversity,
high-diversity populations potentially benefit from numerous advantages of increased
genetic diversity.
The successful establishment of invasive species is contingent on the capacity of
the organism to survive and reproduce in novel environmental conditions. In some
cases this capacity is built through pre-adaptation to the new conditions, or phenotypic
plasticity (Richards et al., 2006; Davidson et al., 2011; Rius et al., 2015). Where this is
not the case, introduced organisms must depend upon rapid post-introduction
adaptation (e.g. Phillips et al., 2006; Lavergne & Molofsky, 2007; Burton et al., 2010). In
typical invasion scenarios, selection increases for traits suited to novel environmental
conditions and decreases for traits related to defence against co-evolved predators and
parasites (Hanfling & Kollmann, 2002). Such changes in selection pressures can be swift
and lead to rapid evolutionary adaptation (Prentis et al., 2008). Invasion events may
even lead to invaders phenotypically diverging from native populations, promoting
speciation due to the intensity of selection pressures (Lee, 2002).

Invasion genetics of parthenogenetic organisms
Many introduced organisms have the capacity for parthenogenesis in their invaded
range, and asexual reproduction has been cited as a key trait for invasive species in
dozens of studies (Roman & Darling, 2007; Lowry et al., 2013). An asexual reproductive
mode confers demographic advantages to invaders by releasing them from the cost of
producing males and the need to find reproductive partners (Jokela et al., 1997). This
6

theoretically allows a solo parthenogenetic female to initiate an invasion (Barrett et al.,
2008). There are also evolutionary advantages to asexual reproduction. The unit of
selection in sexual organisms is the gene, whereas in asexual organisms it is genomes;
thus fit asexual genotypes are not threatened by recombination (Roman & Darling,
2007). While asexual reproduction incurs the cost of not gaining the new genotypic
combinations that would be achieved through sexual recombination, parthenogenetic
organisms can compensate through mutational diversification. Through this
mechanism, evolution of traits can occur rapidly in large populations of clonal
organisms (Sunnucks et al., 1998).
Sexual reproduction is typically considered favourable where organisms
experience novel or variable environments, while asexual reproduction is selectively
favoured under constant conditions (Burger, 1999). This hypothesis is established on
assumptions of narrow genetic variation and limited evolutionary potential of asexual
organisms, and a demographic advantage of asexual reproduction. However, asexuality
persists amongst invasive species despite introduced organisms often encountering
novel environmental conditions (Roman & Darling, 2007). Successful invaders may
have broad tolerances across environments or specialise to fully exploit a limited range
of conditions (Richards et al., 2006). Invasive asexual organisms may overcome spatial
and temporal environmental variation through these generalist or specialist strategies,
both of which can result in successful invasion (Baker, 1965; Peccoud et al., 2008;
Drown et al., 2011). The role of evolution and ecological strategy in facilitating the
success of asexual invaders is not well understood, and warrants further investigation.
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Potamopyrgus antipodarum ecology and global invasion
The New Zealand mudsnail, Potamopyrgus antipodarum (Gray 1843) (Gastropoda:
Hydrobiidae), is a global freshwater invader, having established populations in Europe,
Asia, the Americas and Australia (Alonso & Castro-Diez, 2012; Collado, 2014). Endemic
to New Zealand, it has spread to at least 27 countries through accidental introduction
(Figure 1; Polischuk et al., 1976; Stadler et al., 2005; Cejka et al., 2008; Kalyoncu et al.,
2008; Son, 2008; Naser & Son, 2009; Alonso & Castro-Diez, 2012 and the citations
therein;

Butkus et al., 2012;

Collado, 2014). Potamopyrgus antipodarum is

synonymous with Potamopyrgus jenkinsi (Smith, 1889) and Hydrobia jenkinsi (Smith,
1889), has been previously mistakenly identified in Australia as Potamopyrgus niger
(Ponder, 1988), and is known by the common names New Zealand mudsnail, Jenkin’s
spire shell and Jenkin’s spire snail. Amalgamating all such nomenclature under the
name of Potamopyrgus antipodarum, the earliest recorded dates of invasive P.

antipodarum are in Europe (1859) and then Australia (1872), before detection over a
century later in North America (Ponder, 1988;

Bowler, 1991). More recently, P.

antipodarum has been reported in Japan (1990), Iraq (2008) and South America
(2014), indicating that the snail’s range is expanding and the invasion ongoing (Naser &
Son, 2009; Hamada et al., 2013; Collado, 2014).

Potamopyrgus antipodarum possesses many characteristics that are likely to
assist it through the invasion process. While P. antipodarum is characterised in its
native range by coexistence between obligately sexual and obligately asexual
individuals (Winterbourn, 1970;

Lively, 1987), invasive populations are typically

entirely asexual, reproducing by apomictic parthenogenesis (Wallace, 1992; Alonso &
Castro-Diez, 2008). The snail is also highly fecund and ovoviviparous, often resulting in
very high population densities up to 800,000 m-2 (Dorgelo, 1987; Alonso & Castro-Diez,
8

precise range of P. antipodarum.
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populations (see text for further details and citations). Invaded countries are coloured as political units, and not necessarily the

Figure 1. Map of countries invaded by Potamopyrgus antipodarum, based on published observations of established P. antipodarum

2008). These life history characteristics are likely to assist in the establishment of P.

antipodarum in new environments (Wallace, 1992).
The global spread of P. antipodarum is facilitated by the snail’s utilisation of both
passive and active dispersal vectors. Several dispersal vectors, such as boats, fish and
birds, have been reported as significant for the spread of P. antipodarum (Haynes et al.,
1985; Zaranko et al., 1997; Loo et al., 2007a), and have contributed to a prediction of
rapid expansion of invasive range in the USA and Australia (Loo et al., 2007b).

Potamopyrgus antipodarum has been reported as present in a wide range of
habitats including brackish estuaries, lakes, ponds, creeks and geothermal streams
(Dorgelo, 1987; Zaranko et al., 1997; Hall et al., 2003; Kerans et al., 2005; Strzelec,
2005). In its invaded range, P. antipodarum is present in systems of varying condition,
from relatively pristine through to highly altered, though it has most often been found
in ecosystems subject to human-induced disturbance (Alonso & Castro-Diez, 2008). In
such ecosystems, P. antipodarum acts as coloniser (Quinn et al., 1998), quickly outcompeting and dominating simplified native communities (Schreiber et al., 2003).

Potamopyrgus antipodarum has also been found to be present on a variety of substrata
(Heywood & Edwards, 1962;

Marshall & Winterbourn, 1979), and to have wide

tolerances to various environmental stressors, including salinity, temperature, and
eutrophication (Alonso & Camargo, 2003; Gerard et al., 2003; Dybdahl & Kane, 2005).
The ability of P. antipodarum to capitalise on a broad spectrum of environmental
conditions despite reduced genetic diversity, suggests the spread of general-purpose
genotypes with phenotypic plasticity (Baker, 1965; Dybdahl & Drown, 2011). However,
invasive populations of the snail are known to operate as opportunistic habitat
specialists, displaying greater fitness at optimum environmental conditions in
comparison to unfavourable conditions (Drown et al., 2011). The snail is also known to
10

exhibit habitat-specific phenotypic variation, for example, the expression of shell
armature is dependent upon local flow conditions and the risk of fish predation
(Holomuzki & Biggs, 2006). Habitat specialisation has only been shown in relation to a
limited number of traits, raising the intriguing possibility of the species acting as a
specialist with regard to some environmental variables, but a generalist with regard to
others.
The negative impacts of P. antipodarum invasion on ecosystem function are
predominantly attributed to the large, dense populations it establishes in invaded areas
(Alonso & Castro-Diez, 2008). At high densities, the snail can dominate secondary
production, altering rates of nitrogen-fixation by increasing the proportional
consumption of green algae, leading to selection for nitrogen-fixing diatoms (Hall et al.,
2006; Arango et al., 2009). In one invaded ecosystem, P. antipodarum were reported to
consume up to 75% of gross primary productivity due to the high biomass of the
population, highlighting the potential of this invader to severely alter ecosystem
function (Hall et al., 2003).
Community structure may also be affected by P. antipodarum invasion,
particularly where high densities occur (Alonso & Castro-Diez, 2012). Potamopyrgus

antipodarum has been shown to exclude native invertebrate colonisers, alter diets of
native invertebrates and reduce growth of native snails (Richards, 2004; Kerans et al.,
2005; Schmidlin et al., 2012; Riley & Dybdahl, 2015). In some cases, the fitness of P.

antipodarum has been shown to be facilitated by competition with native species (Riley
et al., 2008;

Sardina et al., 2015). However, other studies have shown that P.

antipodarum may have weak or positive effects on some native communities. Through
lack of competition or facilitation of native organisms, the density of P. antipodarum can
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be positively correlated with native macroinvertebrate densities and taxa richness
(Schreiber et al., 2002; Brenneis et al., 2010).
Alterations to invertebrate community structure can impact higher trophic
levels, with native predators being forced to shift diet, either to one composed of the
dominant P. antipodarum or with proportionally increased feeding pressure on
remaining natives (Brenneis et al., 2011). A diet predominantly composed of P.

antipodarum may result in reduced nutritional benefit for native predators, due to the
snail’s ability to survive consumption, passing live through the intestinal tract of fish
(Vinson & Baker, 2008; Bruce et al., 2009). Shifts in the aquatic macroinvertebrate
community also have the potential to affect the wider ecosystem structure, with flow-on
effects into adjacent food webs (Baxter et al., 2004).
As one of the most widespread molluscan invaders in the world (Son, 2008), P.

antipodarum is in itself an important focus for research, and numerous studies have
been produced on aspects of its ecology and invasive attributes (examples reviewed in
Alonso & Castro-Diez, 2008; Alonso & Castro-Diez, 2012). The species is also a model
system for the study of evolution and adaptation of parthenogenetic invaders and the
movement of freshwater species across multiple scales, from ecosystem to global ranges
(e.g. Bowler, 1991; Zaranko et al., 1997; Dybdahl & Kane, 2005; Drown et al., 2011;
Levri et al., 2014). The contrasting reproductive modes and ploidy levels of different
populations in the native and invasive ranges lend P. antipodarum to the study of the
maintenance of sex and costs of polyploidy (e.g. Jokela et al., 1997;

Neiman &

Schwander, 2011; Krois et al., 2013; Neiman et al., 2013). The snail has also been
extensively used in parasitological studies and increasingly so as an ecotoxicology
model (e.g. Dybdahl & Lively, 1995; Jensen et al., 2001; Fromme & Dybdahl, 2006;
Jokela et al., 2009; Schmitt et al., 2010). Australian P. antipodarum have been the focus
12

of several studies (e.g. Ponder, 1988; Wallace, 1992; Quinn et al., 1998; Schreiber et al.,
1998; Kefford & Lake, 1999; Schreiber et al., 2002; Schreiber et al., 2003; Fromme &
Dybdahl, 2006; Loo et al., 2007a; Loo et al., 2007b; Kellar et al., 2014; Sardina et al.,
2015). However, little emphasis has been placed on using the Australian situation to
provide insights into the evolutionary processes which underpin invasion.
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Thesis aim and outline
The overall aim of this thesis is to assess the invasion history, genetic diversity and
ecology of invasive P. antipodarum in Australia. Three research chapters collectively
address this aim by studying the P. antipodarum invasion of Australia in reference to
the invasion process (Figure 2).

Figure 2. Conceptual model illustrating some of the potential factors influencing Potamopyrgus

antipodarum invasion dynamics. The invasion process is also outlined, following the
unified framework for biological invasions proposed by Blackburn et al. (2011). Arrows
denote factors that influence each other, and/or progress through the invasion process.
The chapter boxes indicate which aspects of the P. antipodarum invasion are examined
in each chapter and how they relate to the invasion process.
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Chapter 2. Reconstructing the invasion history of Potamopyrgus antipodarum in
Australia
Identification of dispersal pathways of invasive organisms facilitates the management of
invasions. The reconstruction of invasion routes allows greater understanding of
invader movements through the identification of geographical origins, dispersal vectors,
and points of propagule introduction (Estoup & Guillemaud, 2010). Once identified,
source populations and potential vectors can then be managed to reduce the potential
for recurrent introduction events (Darling, 2015). The presence of invasive P.

antipodarum has been documented for over one and a half centuries and across five
continents, but little is known about the direction of movement between populations
(Ponder, 1988; Alonso & Castro-Diez, 2012). The invaded range continues to expand,
and it is not known if this is due to new introductions from the native range, or if P.

antipodarum is dispersing from invaded regions. The aims of Chapter 2 are: i) to
reconstruct the invasion history of P. antipodarum in Australia and infer potential
source populations, ii) to evaluate the genetic relatedness and global movement of
invasive P. antipodarum, and iii) to assess the occurrence of a common and widespread
New Zealand clone in Australia. Nuclear single-nucleotide polymorphisms (SNPs) and a
634-bp sequence of the mitochondrial gene cytochrome-b are used to reconstruct the
invasion history of Australian P. antipodarum populations and to place these Australian
populations in the context of the global invasion.

Chapter 3. The distribution of invasive clones of Potamopyrgus antipodarum in southeastern Australia
The establishment and spread of invasive organisms in recipient ecosystems is often
dependent on their ability to survive novel ecological conditions (Moyle & Light, 1996).
15

Successful invaders may have broad tolerances across environments, be specialised to
exploit a limited range of conditions, or adapt post-introduction (Baker, 1965;
Stockwell et al., 2003). Invasive populations of P. antipodarum typically consist of few,
widespread clonal lineages, suggesting the spread of habitat-generalists (Dybdahl &
Drown, 2011). In contrast, native New Zealand populations are genetically structured
within habitats, indicating habitat-specialisation (Fox et al., 1996; Holomuzki & Biggs,
2006; Paczesniak et al., 2013). The aims of Chapter 3 are: i) to describe the population
genetics of south-eastern Australian populations, ii) to assess spatial-structuring of
genotypic diversity in south-east Australia, and iii) to identify genotype-habitat
associations related to the distribution of Australian P. antipodarum. The distribution of
invasive Australian P. antipodarum genotypes are assessed using single-nucleotide
polymorphism (SNP) markers. Genotype correlations with spatial and environmental
variables are examined for indications of generalist or specialist strategies.

Chapter 4. Differential performance among genotypes in a clonal invader
Introduced organisms vary greatly in their invasion success. The outcome of an invasion
is likely to be governed by a combination of suitable habitats, stochastic factors and
invasive traits (Williamson & Fitter, 1996). A range of traits have been proposed as
facilitators of invasion success, and within-species variation in these traits can promote
differential success of genotypes (Lowry et al., 2013). Differences in invasive traits may
influence the spatial distribution of P. antipodarum clones locally and globally. The aims
of Chapter 4 are: i) to measure variation in ecologically-relevant traits among three
Australian P. antipodarum clonal genotypes, and ii) to compare performance of the
three genotypes across the suite of traits, establishing if any one clone consistently
performs better. Desiccation resistance, active movement characteristics, exploration
16

behaviours and life-history responses to abiotic stressors are experimentally tested in
three widespread clonal genotypes.
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Chapter 2.
Reconstructing the invasion history of Potamopyrgus

antipodarum in Australia

Abstract
Parthenogenetic organisms are often very successful in invading new habitats, which
may be linked to their ability to reproduce at low densities and the potential for
selection to rapidly result in the spread of well-adapted invasive clones. Understanding
the evolutionary and ecological basis of invasion is important for conservation and
biosecurity, as identification of invasive genotypes and reconstruction of their invasion
history may facilitate the development of targeted management and surveillance
strategies for the most successful genotypes. Potamopyrgus antipodarum is a New
Zealand freshwater snail that has become a global invader, with invasive
parthenogenetic populations found in Asia, Europe, the Americas, and Australia. In the
current study, nuclear single-nucleotide polymorphisms (SNPs) and a 634-bp sequence
of the mitochondrial gene cytochrome-b were used to reconstruct the invasion history
of Australian P. antipodarum populations and to place these Australian populations in
the context of the global invasion. Australian populations were dominated by one
mitochondrial haplotype and four common nuclear genotypes, and showed low
genotypic diversity relative to native New Zealand populations. While identification of a
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specific source population was not possible, data indicate a plausible origin on New
Zealand’s North Island, paralleling earlier results seeking sources of invasive European
populations. Close genetic links between invasive populations in Australia, Europe and
the United States (US) suggest that the P. antipodarum global invasion is the result of a
limited number of introductions direct from New Zealand, with invaded regions acting
as a source for subsequent invasions. The global distribution of a few highly abundant
clones, in contrast to relatively high genetic diversity in the native range, suggests that

P. antipodarum is an appropriate model system for the further study of genetic,
demographic and environmental factors underlying the invasion process.
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Introduction
Biological invasions alter ecosystems, with the potential to cause financial damage and
threatening biodiversity (Pimentel, 2005;

McGeoch et al., 2006). Human-assisted

movement of invasive organisms has greatly increased invasion rates, potentially
accelerating impacts (Hulme, 2009). For these reasons the global spread of invasive
organisms has received increasing attention over the past decade (Thomaz et al., 2015).
The reconstruction of invasion routes allows greater understanding of invader
movements through the identification of geographical origins, dispersal vectors, and
points of propagule introduction (Estoup & Guillemaud, 2010). Once identified, source
populations and potential vectors can then be managed to reduce the potential for
recurrent introduction events (Darling, 2015). Multiple introductions increase
propagule pressure and the probability of successful establishment of invaders
(Blackburn et al., 2013). Propagule pressure, defined as the size, number and frequency
of introductions into a specific location, promotes invasion success via regular
supplementation of propagules, increasing the chance of introducing well-adapted
genotypes, and increasing genetic diversity of the introduced population (Catford et al.,
2009; Simberloff, 2009). Supplementation of propagules can counter demographic and
environmental stochasticity, while higher genetic diversity increases the likelihood that
the invasive population will possess heritable variation for fitness, thereby increasing
the potential for local adaptation (Allendorf & Lundquist, 2003). Reconstructing
invasion routes can lead to more effective management of source populations and
dispersal vectors, reducing propagule pressure and invasion success.
The evolutionary processes that accompany biological invasions can also inform
ecologists about the demographic and genetic factors underlying biological invasions
(Sakai et al., 2001). Typically, invasions are defined by a series of low-probability
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events, with a small proportion of potential propagules sampled from source
populations and introduced to the new ecosystem (Williamson & Fitter, 1996;
Blackburn et al., 2011). Genetic bottlenecks are common in introduction events, due to
factors such as stochastic or deterministic selection of a small sub-set of the genetic
diversity in the native population, and the survival of a restricted number of founders
(Dlugosch & Parker, 2008). These bottlenecks, and subsequent low genetic diversity
relative to the source population, may constrain the success rate of introduced species
in the early phases of invasion (Allendorf & Lundquist, 2003). Low initial diversity can
be offset by multiple introductions from genetically distinct sources, with the resulting
gene flow between waves of propagules leading to genetic variation equal to or greater
than that found in native populations (Dlugosch & Parker, 2008). In other cases,
invasive organisms may succeed despite low diversity (Roman & Darling, 2007; Chapple

et al., 2013).
Asexual reproduction has been associated with low genetic diversity and
invasion success (Lowry et al., 2013). While asexual reproduction can lead to rapid
population growth, asexual populations may experience acute loss of genetic variation
due to the proliferation of a small number of clones (Zepeda-Paulo et al., 2010). Low
diversity and the absence of genetic recombination in asexual invaders may result in
reduced adaptive capacity (Peccoud et al., 2008). However, some clonal organisms
remain highly successful invaders despite very low genetic diversity (Harrison &
Mondor, 2011; Caron et al., 2014). Parthenogenetic invaders may compensate for the
absence of recombination through mutational diversification (Toline & Lynch, 1994).
Through this mechanism evolution of traits can occur rapidly in large populations of
clonal organisms (Sunnucks et al., 1998). Additionally, genotypes with traits preadapted to new environments are more likely to establish than maladapted genotypes.
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Selection in the early stages of invasion can be very effective at determining the
persistence of genotypes well-adapted for invasion (Lavergne & Molofsky, 2007;
Roman & Darling, 2007).
Identification of a pre-adapted or disproportionally widespread genotype in a
source range may indicate a strong candidate for an invasive genotype. Where a
genotype is found with greater frequency in a source range, it is likely to have a greater
probability of transportation to a new range. The relatively high frequency of the
genotype in the source range may also be predictive for invasive attributes. The
presence of a widespread, pre-adapted genotype in the native range and its absence
from an invasive population lends itself to exploration of the relative roles of
demographic, environmental and genetic stochasticity in determining invasion
outcomes.
In the present study, mitochondrial and nuclear markers are used to reconstruct
the invasion history of Potamopyrgus antipodarum, a globally invasive New Zealand
freshwater snail (Alonso & Castro-Diez, 2008), in Australia. While P. antipodarum is
characterised by coexistence between obligately sexual and obligately asexual
individuals in its native New Zealand (Winterbourn, 1970; Lively, 1987), invasive
populations are typically entirely asexual (Wallace, 1992; Alonso & Castro-Diez, 2008).
Introduced populations tend to have lower genotypic diversity than those of the native
range (Alonso & Castro-Diez, 2012), although the genetic profile of Australian P.

antipodarum has not been assessed until now.
The earliest recorded dates for invasive P. antipodarum are in Europe (1859)
and then Australia (1872), before detection over a century later in North America
(Table 1; Ponder, 1988;

Bowler, 1991). More recently, P. antipodarum has been

reported in Japan (1990), Iraq (2008) and South America (2014) (Table 1; Naser & Son,
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2009; Hamada et al., 2013; Collado, 2014). The direction of movements between these
populations has not been defined with certainty, although mitochondrial sequences of
the 16S ribosomal RNA gene have been used to infer New Zealand’s North Island as the
likely source for European P. antipodarum (Stadler et al., 2005). More recent work
provides indirect evidence for an Australian source for at least one European clone
(‘Euro C’) and the North American clone ‘US1’, citing unpublished data demonstrating
six-locus allozyme genotypes common to Australia, Europe and the US (Fromme and
Dybdahl 2006). This study also infers Australia as a source population using parasite
infection rates in a common garden experiment, with US1 and Euro C clones showing
higher susceptibility to theoretically co-evolved parasites from Australia, while
retaining resistance to other allopatric parasites. The implied directionality of the
European invasion via Australia does not necessarily contradict the findings of Stadler

et al. (2005), though the concept of Australia as a stepping-stone to Europe and US
warrants further examination.
Our understanding of the global picture of P. antipodarum movement will benefit
from expanding the study beyond the one site considered in Australia by Fromme and
Dybdahl (2006) and to more nuclear markers, providing increased power to infer
relationships between invasive populations. In particular, identification of the native
source for Australian populations and characterizing the genetic relationships of
Australian P. antipodarum with European and US invasive populations will provide
important new insights into the global invasion of P. antipodarum.
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Table 1. Earliest confirmed records for detection of Potamopyrgus

antipodarum. Adapted from Ponder (1988).
Location
United Kingdom
Tasmania, Australia
Victoria, Australia
Continental Europe
Western United States
Japan
Great Lakes, US/Canada
Iraq
Chile

Year
1859
1872
1895
1900
1987
1990
1991
2008
2014

Reference
Hubendick (1950)
Brazier (1872)
Ponder (1988)
Hubendick (1950)
Bowler (1991)
Hamada et al. (2013)
Zaranko et al. (1997)
Naser & Son (2009)
Collado (2014)

In the native range, one mitochondrial haplotype (1A) is common and
widespread amongst asexual P. antipodarum (Neiman & Lively, 2004; Neiman et al.,
2011). The majority of New Zealand asexual P. antipdoarum share the single
mitochondrial haplotype 1A, and it has been reported as present at 88% of sampled
lakes (Neiman et al., 2011; Paczesniak et al., 2013). If 1A is present among Australian P.

antipodarum, this might simply reflect 1A’s higher frequency than other lineages in New
Zealand populations, but it may also suggest asexual lineages carrying 1A have higher
invasion-fitness than sympatric asexual or sexual lineages. Alternatively, the absence of
1A in Australia may imply a source population without 1A, or that 1A has not
successfully overcome barriers to invasion success.
Native asexual P. antipodarum exhibit evidence of mitonuclear discordance
(Paczesniak

et

al.,

2013),

broadly

defined

as

differences

in

phylogenetic/phylogeographic patterns of differentiation between mitochondrial and
nuclear markers (Toews & Brelsford, 2012). Nuclear allozyme and single-nucleotide
polymorphism (SNP) markers show that asexual P. antipodarum in New Zealand are
often closely related to sympatric sexual P. antipodarum (Dybdahl & Lively, 1995;
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Paczesniak et al., 2013), while mitochondrial sequence-based studies indicate that the
majority of asexuals, across geographically dispersed regions, share the mitochondrial
haplotype 1A (Neiman & Lively, 2004; Neiman et al., 2011; Paczesniak et al., 2013).
These contrasting patterns indicate mitonuclear discordance in asexual New Zealand P.

antipodarum, thus the present study incorporates data from both mitochondrial and
nuclear genomes to characterise population genetic structure.
The present study uses nuclear single-nucleotide polymorphism (SNP) markers
and sequences of a mitochondrial gene to examine the population genetics of Australian
and New Zealand P. antipodarum. The aims of this study were:
i)

To reconstruct the invasion history of P. antipodarum in Australia and infer
potential source populations.

ii)

To evaluate the genetic relatedness and global movement of invasive

P. antipodarum.
iii)

To assess the occurrence of a common and widespread New Zealand clone in
Australia.

Methods

Collection and DNA extraction
Field collections of P. antipodarum were conducted in Australia and New Zealand
(Figure 1). Samples were collected from 27 sites in the Australian state of Victoria
between January 2012 and September 2013, and from nine sites in New Zealand in
December 2012. Snails were collected off rocks or by sweep-netting vegetation in
shallow (<1.0 m depth) areas of streams and lakes, with care taken to sample all
habitats present at a site. Snails collected in Australia were transported alive in water to
the University of Canberra and frozen to -80°C until further analysis. Snails collected in
New Zealand were preserved in ethanol (96%) for transportation and storage.
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Additional specimens were sampled from the ethanol-preserved collection stored at the
Environmental Protection Authority (Macleod, Victoria, Australia). Ethanol-preserved P.

antipodarum were also sent from three sites by collectors in the southern Australian
state of Tasmania. The current range of P. antipodarum in Australia has not been
thoroughly described, though museum records indicate that the snail has been reported
outside of Victoria and Tasmania, in South Australia and New South Wales (Atlas of
Living Australia, 2005). Victoria and Tasmania were chosen as foci for the present study
as they are most likely to contain the introduction point of P. antipodarum to Australia,
based on historical observation (Ponder, 1988). New Zealand sites were selected to
complement the 16 New Zealand lakes examined by Paczesniak et al. (2013), with the
objective of combining datasets with those authors. Head and foot tissue from each of
20 snails per site (depending on availability) was used for DNA extraction with the
Qiagen DNeasy blood and tissue kit (Qiagen, Valencia, California), using the
manufacturer’s recommended protocol.
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sequencing (open), SNP genotyping (black), or both (grey).

symbols represents use of samples/data for mitochondrial

with circles and published datasets by squares. Shading of

Australia and New Zealand. Field collections are represented

Figure 1. Sampling locations for Potamopyrgus antipodarum in

Mitochondrial sequencing
Modifying protocols set out in Neiman et al. (2011), a 970-bp portion of the
mitochondrial cytochrome-b (cyt-b) gene of each sample was amplified using primer
pair B (forward-GTTGACTTACCWGCWCC; reverse-AGGGCATGCCCCDATTCA). The
fragment was amplified in 25 µL reactions containing 12.5 µL 2x ACCUZYME TM Mix
(Bioline, Sydney, NSW), 1.0 µM of each primer, and 5-10 ng DNA. Amplifications
occurred over 1 cycle of 95°C for 3 min, 35 cycles of denaturing at 94°C for 30 s,
annealing at 50°C for 30 s, extension at 72°C for 1 min, and then a final extension at
72°C for 10 min. PCR products were purified using Diffinity RapidTipsTM (Diffinity
Genomics, Inc., West Henrietta, NY) according to the manufacturer’s protocol.
Sequencing reactions were conducted in 20 µL using 1 µL BigDye Terminator v3.1
(Applied Biosystems, Foster City, California), 3.5 µL 5x sequencing buffer (Applied
Biosystems), 3.6 µM primer pair B, and 10-40 ng purified PCR product. Sequencing
reactions occurred over 1 cycle of 94°C for 5 min, and 30 cycles of 96°C for 10 s, 50°C
for 5 s, 60°C for 4 min. Sequencing products were purified using ethanol precipitation
and dried using a rotational vacuum concentrator. Samples were then sent to ACRF
Biomolecular Resource Facility (BRF; Canberra, ACT) for sequencing using an ABI 3730
capillary sequencer (Applied Biosystems).
The resulting sequences were aligned in Geneious version 7.1.7 (Kearse et al.,
2012), and sequences for the 44 haplotypes identified in Neiman et al. (2011) and 25
haplotypes from Paczesniak et al. (2013) were retrieved from GenBank (GenBank
Accession numbers JF518834-JF518877, KF202473-KF202497). All sequences were
then aligned and trimmed to the same 634-bp fragment used in Paczesniak et al. (2013).
Only samples reliably sequenced at all 634 bases were retained for further analyses,
leaving 156 Australian and 24 New Zealand individuals in addition to the 69 sequences
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retrieved from GenBank. Where new sequences were an exact match to existing
GenBank haplotypes, they were assigned the same name (135 sequences were assigned
in this way). If a new sequence differed from an existing haplotype by three or fewer
substitutions it was assigned the name of the closest GenBank match plus the number of
separating substitutions, after the convention employed by Paczesniak et al. (2013) (27
sequences). In all other cases, a new haplotype name was assigned (18 sequences).

SNP genotyping
Populations for SNP genotyping were selected to complement those examined by
Paczesniak et al. (2013), with the aim of combining datasets with those authors.
Paczesniak et al. (2013) genotyped 532 snails from 16 New Zealand lake populations,
while the present study used snails from a further nine New Zealand and 25 Australian
sites (Figure 1; henceforth referred to as “new” sites). Up to 20 snails per new site,
where available, were randomly selected. Twenty individual samples are sufficient to
detect alleles at a frequency ≥7% in a population size up to 100,000 with 95% certainty
(Sjogren & Wyoni, 1994). In this way 670 individuals were selected from the 34 new
sites. Additionally, DNA extractions from individuals belonging to invasive P.

antipodarum lineages originating in Denmark and the US were sourced from laboratory
cultures maintained at the University of Iowa. Two lineages each from Denmark and the
US were used, with each of the four lineages represented by two individuals (eight
snails in total). The Denmark lineages were descendants of two clonal genotypes
identified by Randomly Amplified Polymorphic DNAs (RAPDs; Jacobsen et al., 1996),
Denmark A and Denmark B. One US lineage was US1, a widespread lineage identified by
numerous allozyme and microsatellite surveys in the US (Dybdahl & Drown, 2011). The
other US lineage was previously uncharacterised, its founding ancestors originally
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collected in Pennsylvania, outside the identified range of US1. These lineages were
included for a comparative analysis of common European and North American invasive
lineages with Australian clonal lineages. Finally, DNA extractions of seven snails from
the Paczesniak et al. (2013) dataset were re-analysed as positive controls. The seven
controls were also re-analysed multiple times each as internal controls. For each
sample, 200-250 ng of extracted DNA was dried using a rotational vacuum concentrator
and sent to Agena Bioscience (San Diego, California) for SNP genotyping using a
MassARRAY iPLEX System (Agena Bioscience). The multiplex assay designed and
described in Paczesniak et al. (2013) was used for all genotyping analyses.
Of the 32 loci genotyped, 24 could be scored reliably. A locus was deemed
reliable where it could be unambiguously scored in ≥67% of samples. A minimum of
67% was selected as it represented a threshold, after which the next most reliable loci
were scorable in a small proportion of samples (<38%). These new data were then
combined with data generated from the same set of SNPs in 532 P. antipodarum that
were analysed in Paczesniak et al. (2013). The combined datasets were then trimmed to
the 22 loci reliably scored across both datasets (>67% of the 1210 samples). The
dataset was then further trimmed to the 896 individual samples that could be scored for
11 or more loci. Each of these individuals was scored as homozygous or heterozygous at
each locus. The SNP genotyping method employed does not allow for identification of
additional alleles or different doses of alleles that may be present in polyploid
individuals.

Data analyses
Genotypic identity was assigned to individuals using GenoType software (Meirmans &
Van Tienderen, 2004), with the following settings: an infinite alleles model was
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assumed to calculate the distance matrix, individuals with pairwise genotypic distances
greater than zero were assigned to different lineages, and missing data were ignored.
Missing data can cause GenoType to match certain genotypes when it otherwise would
not, given a full array of data. To account for this, genotype assignments were manually
checked and reassigned to ensure that: i) no two individuals within a genotype had
differing alleles for any given locus (i.e. alleles were the same or missing), and ii) no
individual with missing data was assigned to a genotype unique for its sampling
location if missing data was such that it might belong to more than one known
genotype. This applied to <1% of samples.
For analysis of mitochondrial sequence data, a model of sequence evolution was
selected using maximum likelihood fits of various nucleotide substitution models,
conducted in MEGA 6 (Tamura et al., 2013). The model with the lowest Bayesian
Information Criterion (BIC) score was selected, a Tamura 3-parameter model using a
gamma distribution to account for evolutionary rate variation among sites. A
neighbour-joining phylogenetic tree was constructed in MEGA 6 (Tamura et al., 2013)
using this model, and support values for tree topology were estimated using 10,000
bootstrap resamplings. The phylogenetic tree was rooted using Potamopyrgus

estuarinus as an outgroup (GenBank Accession number GQ996415; following
Paczesniak et al., 2013).
For analysis of nuclear SNP data, populations were combined into seven
"regions" separated by at least one major geographical barrier to dispersal: Denmark,
the US, Tasmania, Victoria, the North Island of New Zealand, and two South Island
regions east and west of the Southern Alps. Clonal diversity for each region was
estimated using the ratio of number of SNP genotypes to number of genotyped
individuals (G/N). The dataset was then reduced to one representative individual per
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genotype per region to avoid potential bias in region genetic estimates. Mean alleles per
locus, observed (HO) and unbiased expected (HE) heterozygosities were calculated in
GenAlEx 6.5 (Peakall & Smouse, 2006; 2012) and differences among regions for each of
these metrics were tested using Kruskal-Wallis tests in R version 3.1.2 (R Core Team,
2014) within R Studio version 0.98.1102 (RStudio, 2012). Significant Kruskal-Wallis
tests were followed by post-hoc pairwise comparisons between regions using Dunn’s
test, implemented in R package dunn.test (Dinno, 2015). Significant differentiation
between regions was calculated based on pairwise FST in GenAlEx, using 9,999
permutations. Departures from Hardy-Weinberg equilibrium (HWE) were summarised
with FIS and assessed for significant difference from zero using exact tests in Genepop
4.2 (Raymond & Rousset, 1995; Rousset, 2008) through 105 Markov chain Monte Carlo
iterations after a burn-in of 104 dememorisation steps. The distribution of nuclear
genetic variation among regions and within regions was estimated in an analysis of
molecular variance (AMOVA) with 9,999 permutations in GenAlEx 6.5 (Peakall &
Smouse, 2006; 2012). US samples were omitted from the AMOVA due to the very small
sample size (only four individuals in total).
Individuals that share a SNP genotype common to the native and invaded ranges
are likely to represent members of a clonal lineage that moved between these ranges.
For such a clone, the native population is a likely source for invasive propagules, with
the caveat that asexual lineages of P. antipodarum that share multilocus nuclear
genotypes (MLGs) could have been generated separately via repeated derivation from
related sexual lineages. To assess this possibility, GenALEx 6.5 was used to estimate
probability of identity (PID), defined as the average probability of randomly sampling
two individuals with identical genotypes.
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PID was calculated at each locus as:
2

𝑃𝐼𝐷 = 2(∑ 𝑝𝑖2 ) − ∑ 𝑝𝑖4
Where pi is the frequency of the i-th allele at a locus. The PID of the genotype was
calculated as the product of individual locus PID. A PID of 0.01-0.0001 suggests that the
probability of separately arriving at a shared MLG is so low that the set of SNP marker
loci are sufficient to distinguish genetically different individuals (Waits et al., 2001).
Clustering of different multilocus SNP genotypes was examined using
discriminant analysis of principle components (DAPC) (Jombart et al., 2010). DAPC was
conducted using the R package adegenet 1.4-2 (Jombart, 2008; Jombart & Ahmed,
2011) in R version 3.1.2 (R Core Team, 2014). DAPC is a multivariate method that can
be used to identify clusters of genetically related individuals and graphically represents
among-group structures. The method first transforms the data using Principal
Component Analysis (PCA), before performing a discriminant analysis on those
principal components. In contrast to the more widely applied PCA, DAPC obtains
discriminant functions that maximise between-group genetic variation, while
minimising within-group variation (Jombart et al., 2010). DAPC is particularly
appropriate for mixed samples of sexual and asexual individuals because it does not
assume any underlying population genetic model (Jombart et al., 2010). The DAPC was
performed on the reduced (one sample per genotype per region) nuclear SNP dataset,
using region of origin as prior.
Mitochondrial haplotype 1A is widely distributed and found at high relative
frequencies in New Zealand South Island P. antipodarum populations, accounting for
37-46% of all individuals (Neiman et al., 2011; Paczesniak et al., 2013). By contrast, the
present data suggest that 76% of SNP-genotyped Australian samples belong to
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mitochondrial haplotype 37D. In exploring the high relative frequency of 1A in New
Zealand P. antipodarum, Paczesniak et al. (2013) found that nuclear genetic diversity
was not reduced in populations where 1A was common. This is contrary to expectations
under neutral processes, which should reduce both mitochondrial and nuclear diversity.
The authors suggested that the divergence from neutral expectations may be evidence
of selection for 1A. However 1A, much like 37D, is predominantly found in asexual P.

antipodarum (Paczesniak et al., 2013). Explanations for retained nuclear diversity in a
common asexual mitochondrial haplotype include the repeated generation of new
asexual clones from the same mitochondrial haplotype, the spread of mitochondrial
haplotypes onto different nuclear backgrounds via sex, or mutational nuclear
divergence of snails carrying particular mitochondrial haplotypes. Australian P.

antipodarum are assumed to be obligate parthenogens, in which case mitochondrial
haplotypes will only yield new nuclear genotypes through mutation. All else being equal
in Australian populations, common and widespread haplotypes will yield more new
nuclear genotypes than rare haplotypes. It might then be expected that haplotype 37D is
seen in sets of individuals comprising greater nuclear genotypic diversity than seen in
other, less common mitochondrial haplotypes. To examine this relationship, the
proportion of common Australian mitochondrial haplotype 37D in populations was
regressed against the nuclear genetic diversity of populations. The SNP dataset was
reduced to only those samples for which both SNP genotype and mitochondrial
haplotype had been obtained, then further reduced to only Australian populations
(n=124). Genetic diversity for each population was estimated using Nei’s genetic
diversity corrected for sample size, as this index is independent of the small sample
sizes used here (Nei, 1987). These calculations were executed in GenoDive (Meirmans &
Van Tienderen, 2004). The relationship between frequency of 37D and nuclear diversity
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in Australian populations was then analysed using a linear regression model in R
version 3.1.2 (R Core Team, 2014).
To further examine associations between haplotype and nuclear diversity, a
clustering algorithm was run on the nuclear SNP data using a dataset restricted to only
those samples for which both SNP genotype and mitochondrial haplotype had been
obtained, using only one representative per unique genotype-haplotype combination
(n=442). Clusters of genetically related individuals were identified using a clustering
algorithm, k-means, in the R package adegenet 1.4-2 (Jombart, 2008; Jombart & Ahmed,
2011). This algorithm uses PCA-transformed combinations of the original variables
(alleles) and partitions genetic variation into a between-group and a within-group
component, attempting to find groups (clusters) that minimise the latter. The optimal
number of clusters was assessed using the function find.clusters, which runs the kmeans algorithm with increasing number of clusters (k). The range of clusters tested
was from k=1 to k=h+1 (where h=number of mitochondrial haplotypes). For each
value of k, the function records Bayesian Information Criterion (BIC) and this was used
to assess the best supported model. The function was run 10 times and BIC scores were
averaged for each value of k. Differences in mean BIC were then calculated between
each sequential increase in k. The point at which difference in BIC between models of k
clusters drops below 6 corresponds to posterior odds of 20:1 that the alternative model
is more parsimonious (Raftery, 1995). At this point, analogous to the 0.05 significance
level, there is strong evidence that k is optimised. A contingency table was then
constructed, displaying the number of individuals from each mitochondrial haplotype
assigned to each cluster. If a mitochondrial haplotype is seen in only a few closely
related nuclear genotypes then this haplotype will be only represented in one cluster.
By contrast, a common haplotype giving rise to many genotypes is more likely to be
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represented across multiple clusters, indicating greater nuclear genetic diversity. A
third possibility is if mitochondrial haplotypes are independent of nuclear genotypes,
indicated by an even spread of individuals across all haplotype-cluster combinations.
If multiple nuclear MLGs are nested within mitochondrial haplotypes, then the
number of shared nuclear SNP alleles between two individuals will not be strongly
correlated with shared mitochondrial identity. Instead, a range of nuclear SNP
differences will be observed among individuals, even where there are no differences in
mitochondrial sequence. To relate differentiation in mitochondrial and nuclear genomes
between individuals, pairwise genetic distances between individuals were calculated for
SNP and mtDNA sequence data. SNP distance was measured in GenoType (Meirmans &
Van Tienderen, 2004) as the number of alleles different between two individuals,
ignoring missing data and summed over the 22 loci. Mitochondrial DNA distances were
measured as the number of nucleotide bases that differed between sequences of two
individuals, calculated in Geneious v7.1.7 (Kearse et al., 2012). Both sets of pairwise
comparisons were compiled into matrices and a Mantel test based on 10,000
permutations was used to test for a significant positive linear relationship. Pearson’s
product-moment correlation coefficient was calculated as a measure of the strength of
the relationship. Both analyses were performed in R version 3.1.2 (R Core Team, 2014).

Results

Mitochondrial haplotypes and their distribution
Four mitochondrial haplotypes were identified in the sample of 156 Australian

Potamopyrgus antipodarum individuals. The 37D haplotype was widely distributed
across Victoria, accounting for 76% of samples and was present at 24 of 25 sites (Figure
2). This haplotype has previously been identified in populations from Wales and the US
47

(Dybdahl & Drown, 2011; Neiman et al., 2011), but has not been found in New Zealand
despite sampling across a considerable geographic range (Table 2). Haplotype 37D is
closely related (by 1 nucleotide substitution; 99.8% sequence identity) to a newly
identified Australian haplotype, 37D+1(A). Haplotype 37D+1(A) was shared between
Victoria and Tasmania. Two other new haplotypes were identified in Australian
samples, the closely related haplotypes 69 and 70 (separated by 2 nucleotide
substitutions; 99.7% sequence identity). Both 69 and 70 were unique to Victoria, and
more geographically localised within Victoria than 37D (Figure 2). All four Australian
haplotypes fall within recognised major clades that are associated with asexuality in P.

antipodarum and with predominantly North Island or international invasive
populations (Paczesniak et al., 2013).
Of the nine haplotypes identified in the New Zealand samples (N=24), five were
new additions to the known P. antipodarum phylogeny (Figure 2). All nine haplotypes
fall within the recognised P. antipodarum major clades, differing by no more than 3
nucleotide substitutions (99.5% identity) from the closest-related known haplotype
(Table 2). Haplotype 1A was found in 42% of New Zealand individuals, a frequency
similar to that of previous studies (Neiman et al., 2011; Paczesniak et al., 2013).
Haplotype 1A was not found amongst Australian samples.
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Figure 2. Neighbour-joining phylogenetic tree representing unique cytochrome-b haplotypes
of Potamopyrgus antipodarum, and the mapped frequency of Australian
haplotypes. Numbers at the end of branches represent haplotype ID names; bolded
numbers are haplotypes identified in the present study. ID names with asterisks
are new additions to the phylogeny. All other haplotypes were retrieved from
GenBank (accession numbers JF518834-JF518877, KF202473-KF202497). The
shaded boxes represent the legend for the four Australian haplotypes; all other
bolded haplotypes were generated from snails collected in New Zealand. Pie charts
represent proportion of each of the Australian haplotypes from each collection site.
Each pie chart is labelled with its site name (sample size). Values to the left of tree
nodes represent bootstrap support (only values >70% shown).
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N

119
19

13

5

245 (10)

2
5 (3)
1
3

3 (2)

1
18 (1)

1

Haplotype

37D
37D+1(A)

69

70

1A

1A+1(D)
37E
37E+2(A)
27A+3(A)

62/64+1(A)

62+1(A)
20A

10A+2(E)

NZ-SI(W)

NZ-SI(E), NZSI(W)
NZ-SI(E)
NZ-NI
NZ-SI(E)
NZ-SI(E)
NZ-NI, NZSI(W)
NZ-NI
NZ-SI(E)

Vic

Vic

Vic
Vic, Tas

Regions
present

1

1
4 (1)

3 (2)

1
2 (1)
1
1

16 (4)

2

4

24
6

No.
sites

1

1
14 (1)

3 (2)

2
4 (3)
1
1

150 (9)

1

1

17
5

No.
MLGs

50

-

NZ-NI, NZ-SI(E)

NZ-NI

NZ-NI, NZSI(E), NZ-SI(W)
NZ-NI
-

-

-

Wales C
-

Published
Region/Culture

SNP genotype; No. subs = number of nucleotide substitutions.

62/64+1(A)
10A
10A+1(B)

-

1A
37E
27A

-

Haplotype
37D
22A
61
22A
61

1
2
2

-

2
2
3

-

NZ-NI, NZ-SI(W)
NZ-SI(E)
NZ-SI(E)

-

NZ-NI, NZ-SI(E), NZ-SI(W)
NZ-NI
NZ-NI, NZ-SI(E), NZ-SI(W)

-

Closest relative
No. subs
Region/Culture
1
Wales C, Vic
4
Denmark, US, NZ-SI(E), NZ-NI
4
NZ-NI
2
Denmark, US, NZ-SI(E), NZ-NI
2
NZ-NI

SI(E) = New Zealand South Island (East); NZ-SI(W) = New Zealand South Island (West); US = United States; MLGs = multilocus nuclear

there is no exact match to an existing haplotype. N = sample size; Vic = Victoria; Tas = Tasmania; NZ-NI = New Zealand North Island; NZ-

(2013). Where published data were available, parentheses indicate data from present study only. Closest relative is only recorded where

cytochrome-b. New data from the present study are combined with published data from Neiman et al. (2011) and Paczesniak et al.

Table 2. Characteristics of 13 haplotypes identified in 180 Potamopyrgus antipodarum samples sequenced at a 634-bp fragment of mitochondrial

-0.237*

FIS

Mean HE (±SE)

Mean HO (±SE)

Tasmania
3
16
8
0.500
1.455
(±0.109)
0.231
(±0.065)
0.177
(±0.045)
-0.105

Victoria
22
267
29
0.109
1.636
(±0.105)
0.216
(±0.055)
0.193
(±0.041)

Australia

Region
No. sites
N (SNP genotyped)
G
G/N
Mean alleles per
locus

Country

-0.081

North Island
5 (2)
51 (8)
35 (8)
0.686
1.636
(±0.105)
0.225
(±0.050)
0.208
(±0.043)
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0.099

New Zealand
South Island East
14 (5)
421 (49)
291 (26)
0.691
1.909
(±0.063)
0.229
(±0.037)
0.254
(±0.039)

(p<0.05). HO, HE and FIS were calculated using one sample per G per region.

0.057

South Island West
6 (2)
135 (18)
103 (16)
0.763
1.727
(±0.097)
0.171
(±0.040)
0.180
(±0.040)

-0.333

2
3
2
0.667
1.318
(±0.102)
0.273
(±0.097)
0.159
(±0.051)

Denmark

-

2
3
1
0.333
1.227
(±0.091)
0.227
(±0.091)
0.114
(±0.046)

US

heterozygosity, HE = Expected heterozygosity, FIS = Inbreeding coefficient, * indicates statistically significant heterozygosity excess

indicate data from present study only, unless otherwise indicated. N = sample size, G = multilocus nuclear SNP genotype, HO = Observed

combined with published data from Neiman et al. (2011) and Paczesniak et al. (2013). Where published data were available, parentheses

Table 3. Summary statistics for Potamopyrgus antipodarum nuclear SNP genotyping (22 loci) by region of origin. Data from the present study is

SNP genotypes, distribution and diversity
SNP genotyping of 896 individuals revealed 459 different multilocus nuclear SNP
genotypes (MLGs). The vast majority (429; 93%) of these genotypes were located in
New Zealand (Table 3). Australian populations were dominated by a set of widespread
and common MLGs. In Victoria and Tasmania, four MLGs were very common relative to
other MLGs, accounting for 57% of total Australian samples, with each MLG present at
25% or more of Australian sites (Table 4). The two Denmark lineages were each
confirmed to be distinct MLGs (Jacobsen et al., 1996), while the two US lineages both
belonged to the same MLG.
Some MLGs were shared among multiple regions, potentially implying invasion
pathways. A good example is provided by the US sample (US1), which was identical at
all 22 loci to the second most common Australian MLG, found at 55% of Victorian (0%
of Tasmanian) sites, and representing 17% of all genotyped Australian samples. Two
MLGs were common to Australia and New Zealand (Table 4). One of these MLGs, AUS8,
was identified at four Victorian sites and one New Zealand South Island (West) site,
Moeraki. The second MLG common to Australia and New Zealand, AUS17, is found at
one Victorian site, Tarra Up, and one South Island (East) site, Rotoiti. Despite sharing
the same MLG for the analysed 22 SNP loci, the Australian AUS8 and AUS17 snails
harbour different mitochondrial haplotypes than their New Zealand counterparts. All
Australian AUS8 and AUS17 are haplotype 37D. In principle, plausible reasons for
multiple haplotypes to be nested within an MLG include recent mitochondrial mutations
or SNPs without sufficient resolution to distinguish all lineages. The multiple base-pair
differences between haplotypes nested within AUS8 (three nucleotide substitutions;
0.5% sequence divergence), as well as those within AUS17 (18 substitutions; 2.8%
divergence), suggest that recent mutations to mitochondrial DNA are unlikely to explain
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this pattern, pointing instead to limitations of SNP genotyping resolution. Even so, the
probability of identity (PID) calculations indicate that two independent, non-related
samples are very unlikely to have identical SNP genotypes by chance alone (P ID = 2.3 x
10-5). Reconciling the differences in mitochondrial sequences (which suggests the
samples are different clonal lineages) with PID (which suggests samples are unlikely to
be different lineages) is complex, and may be indicative of selection for particular
nuclear genotypes. It is also important to note that inferences are also limited by an
inability to determine nuclear allele frequencies at each heterozygous locus in polyploid
(asexual) P. antipodarum. The implications are that two individuals may appear to
share a genotype while differing in allele frequency at one or more loci.
The four invaded regions (Victoria, Tasmania, Denmark and the US) had lower
genotypic diversity and mean alleles per locus than the three New Zealand regions
(Table 3; Kruskal-Wallis chi-squared = 30.30, p<0.001). Genotypic diversity ranged
between 0.109 and 0.763, with the South Island (West) of New Zealand harbouring the
highest diversity (0.763). Mean alleles per locus ranged from 1.227 to 1.909, with the
highest in the South Island (East) region (1.909). In pairwise comparisons, all but one of
the invaded regions had significantly lower mean alleles per locus than either South
Island region (Dunn’s test, p<0.05, not shown). Victoria was the exception, not
significantly differing from South Island (West) (Dunn’s pairwise z = 0.605, p = 0.27).
Tasmanian and Victorian mean alleles per locus did not significantly differ from that of
North Island (Dunn’s pairwise z (Tas) = 1.21, p = 0.11; (Vic) = 0, p = 0.50). Observed
(Ho) and expected heterozygosity (HE) indicated similar genetic variability among
regions, with no statistically significant differences detected (Kruskal-Wallis chisquared (Ho) = 9.20, p = 0.16; (HE) = 9.67, p = 0.14). This suggests little evidence for
changes in allelic diversity associated with invasion (Table 3). Significant deviation
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from Hardy-Weinberg equilibrium was detected at a number of loci as well as
significant heterozygote excess in the Tasmanian population (p<0.05), potentially due
to strict asexuality in this population. Heterozygote excess in asexual populations may
be indicative of accumulated mutations within clonal lineages, resulting in increasing
heterozygosity with time (Delmotte et al., 2002). Estimates for Denmark and the US
should be interpreted conservatively due to small sample sizes.
The majority (80%) of pairwise FST comparisons between the six different
regions were statistically significant (p<0.05, Table 5). US samples were excluded due
to having only one sample in the reduced dataset (one individual per MLG per region).
The significant pairwise FST values ranged from 0.077 between Tasmania and the South
Island (East) to 0.228 between the North Island and the South Island (West) (Table 5).
The Tasmanian MLGs are largely a subset of those found in Victoria, with only one MLG
unique to Tasmania. Accordingly, there was no significant pairwise FST differential
between Victorian and Tasmanian populations. Results from the hierarchical AMOVA
indicate that the majority of variation occurred within regions (87%), with 13%
variation attributed to differentiation between regions (Table 6), both were significant
variance components (p<0.001).
The phylogeographic structure of the MLGs was visualised by plotting the DAPC
analysis using region of origin as prior (Figure 3). Overall, samples from the same
region cluster, with some overlap from regions containing many (>25) MLGs. The three
New Zealand regions each form distinct clusters, while the two Australian regions
overlap. The US and Denmark MLGs also overlap with the Australian clusters. The
majority of invasive and North Island MLGs fall within the upper left quadrant of the
DAPC plot (Figure 3).
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Haplotype frequency and genotypic diversity
Multiple MLGs were nested within mitochondrial haplotypes (Table 2). The
majority (76%) of SNP genotyped Australian individuals share haplotype 37D.
Regression analysis suggests no evidence of a significant linear relationship within
Australian populations between frequency of haplotype 37D and nuclear diversity, as
measured by Nei’s genetic diversity corrected for sample size (R2 = 0.0008, F(1,19) =
0.015, p = 0.905). Thus, increased frequency of 37D was not associated with reduced
nuclear diversity in a population.
To visualise associations between haplotype and nuclear diversity, the clustering
analysis using mitochondrial haplotype as prior was plotted as a visual contingency
table (Figure 4). The table shows that the inferred clusters of genetically related
individuals (based on nuclear SNP data) are generally descriptive of mitochondrial
haplotype. If mitochondrial and nuclear data were not associated, then each haplotype
would be evenly spread across the posterior groupings of nuclear data. Instead, most
haplotypes are associated with five or fewer inferred clusters. The exception to this
pattern is the common New Zealand mitochondrial haplotype 1A, which is represented
in all nine clusters of nuclear MLGs, indicating considerable nuclear diversity within the
haplotype. The table also reveals little evidence that haplotypes from invasive
Australian populations are associated with any particular inferred cluster, instead
suggesting genotypic diversity within invasive haplotypes.
There was a significant positive linear correlation between pairwise SNP and
mtDNA sequence distances among individuals (Mantel test, p<0.001; Figure 5). The
correlation was very weak (Pearson’s correlation coefficient = 0.079), but suggests a
relationship between differentiation in mitochondrial and in nuclear genomes. Many
pairs displaying no differences in mtDNA sequence exhibit differences in nuclear SNPs,
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again implying variation in nuclear genomes within mitochondrial haplotypes. There
remain some outliers that show the reverse pattern, sharing identical SNP genotypes,
while harbouring differences in mtDNA sequence.

Table 4. List of Australian Potamopyrgus antipodarum multilocus SNP genotypes
(MLGs). Unique at site = number of sites at which MLG is the only MLG
present. Frequency = frequency of MLG across total population. NZ sites =
New Zealand sites at which MLG is present.
MLG
AUS1
AUS2/US1
AUS3
AUS4
AUS5
AUS6
AUS7
AUS8
AUS9
AUS10
AUS11
AUS12
AUS13
AUS14
AUS15
AUS16
AUS17
AUS18
AUS19
AUS20
AUS21
AUS22
AUS23
AUS24
AUS25
AUS26
AUS27
AUS28
AUS29
AUS30

No. sites
12
12
6
11
5
4
3
4
2
6
4
2
3
2
3
1
1
1
1
1
2
2
2
1
1
1
1
1
1
1

Unique at site
2
1
2
0
0
0
0
0
0
0
0
0
0
0
1
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0

Frequency
0.205
0.166
0.106
0.092
0.060
0.057
0.049
0.042
0.028
0.025
0.025
0.021
0.018
0.011
0.011
0.011
0.007
0.007
0.007
0.007
0.007
0.007
0.007
0.004
0.004
0.004
0.004
0.004
0.004
0.004
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Haplotype
37D
37D
69
37D
37D
37D+1(A)
70/37D+1(A)
37D
37D
37D
37D
37D
37D
37D
37D
37D+1(A)
37D
37D
37D
37D
37D+1(A)
37D+1(A)
37D
37D

NZ sites
Moeraki
Rotoiti
-

Table 5. Pairwise fixation index (FST) values showing population differentiation due to
genetic structure across regions inhabited by Potamopyrgus antipodarum. US
population excluded due to sample size of one. Asterisks indicate statistically
significant value ( * = p<0.05, ** = p≤0.01, *** = p≤0.001).
Country

Australia

Region
Australia Victoria
North Island
South Island
New
Zealand (East)
South Island
(West)
Denmark

Tasmania Victoria
0.012
0.144*** 0.163***

North
Island

0.077***

0.115***

0.133***

0.120***
0.002

0.120***
0.039

0.228***
0.138*

New Zealand
South Island South Island
(East)
(West)

0.118***
0.118*

0.200**

Table 6. Results of analysis of molecular variance comparing genetic
variation among and within regions inhabited by Potamopyrgus

antipodarum (d.f. = degrees of freedom; SS = sum of squares;
*indicates p<0.001).
Source of variation
Among Regions
Within Regions
Total

d.f.
SS
5
295.18
972 3468.66
977 3763.85
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Var.
0.52
3.57
4.09

Percent Var.
12.67%*
87.33%*

Figure 3. Scatterplot of the first two axes of discriminant analysis of principal component
(DAPC) using nuclear single-nucleotide polymorphism (SNP) data for

Potamopyrgus antipodarum. Region of origin is used as prior, with colours
representing membership of prior group. Tasmanian and Victorian genotypes
overlap almost entirely.
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Figure 4. Contingency table showing number of individuals assigned to inferred posterior
groups by discriminant analysis of principal components (DAPC) for

Potamopyrgus antipodarum. Inferred posterior groups are clusters of
genetically similar individuals according to their multilocus nuclear singlenucleotide polymorphism (SNP) genotypes. Mitochondrial haplotype, on the yaxis, is used as prior. The sizes of squares are proportional to number of
individuals.
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Figure 5. Regression of mitochondrial and nuclear genetic distances based on pairwise
comparisons of Potamopyrgus antipodarum samples (n=442). SNP genetic
distance is measured by number of different alleles in a pairwise comparison
between individuals, mtDNA distance is number of different nucleotide bases
in the same comparison. Heat map colours relate to the density of
overlapping data points, from dark red (2008 points) to blue (0). Black dots
single data points. R = Pearson’s product-moment correlation coefficient.
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Discussion

Invasion history of Australian populations
This study reveals low genotypic diversity in invasive populations of

Potamopyrgus antipodarum in Australia relative to native New Zealand populations.
Populations of invasive parthenogenetic organisms are often characterised by relatively
low genetic diversity (Zepeda-Paulo et al., 2010; Caron et al., 2014), which is consistent
with scenarios where the invasion process proceeds as a random sampling of genetic
diversity into new geographic areas and ecosystems (Keller et al., 2012). Strong
selection post-introduction also provides a plausible (and non-mutually exclusive)
explanation for low diversity in the invaded range relative to the native range. The
genetic profile of Australian populations of P. antipodarum suggests the establishment
of a small number of individuals with limited diversity, perpetuated by asexual
reproduction. Populations of Australian P. antipodarum were comprised of only four
mitochondrial haplotypes, each comprising two sets of two closely related haplotypes,
with each haplotype spread over multiple sites. Similarly, Australian MLGs clustered
together, showing strong relatedness among genotypes. Four common MLGs accounted
for more than half of the sampled populations and were present at all but three sites
sampled. Many low-frequency MLGs were found in genetic and geographic proximity to
the four widespread, high-frequency clones. New clones may originate from common
clonal lineages through post-introduction mutation, generating localised, low frequency
genotypes (Perez et al., 2006).
The distribution of clonal diversity in Australia suggests few successful
introductions of P. antipodarum to Australia. If many successful introduction events had
occurred, Australian P. antipodarum might be expected to maintain higher levels of
diversity within and among populations. Instead, the pattern of clone distribution and
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diversity is consistent with the establishment and spread of a few clonal lineages, which
later diverged through mutation. This interpretation suggests that the number of
introductions to Australia was low or that the same clones were introduced multiple
times.
Tasmanian populations were almost entirely a subset of the genotypic diversity
present in Victoria, suggesting either that the invasion of both regions originated from
the same source, or that invasive populations moved between the two regions. Given
that Australian clones have not been identified in considerable sampling of New Zealand
populations, it is likely that these Australian lineages are currently rare in the source
range, at most. As a result, multiple invasions of Australia by these same clones would
appear improbable, although it should be kept in mind that Australian clones may
represent past diversity in New Zealand populations. A theory of recent P. antipodarum
movement between Tasmania and Victoria is also supported by museum records, which
record detection of the species in Tasmania decades prior to Victoria (Atlas of Living
Australia, 2015) . This history would benefit from further exploration with a broadening
of the Tasmanian SNP survey, allowing for identification of introduction sites and
directionality of snail movement between Australian regions. This information could
then be used to confirm or reject theories of global propagule movement.
Determining a point source origin for Australian P. antipodarum is not
straightforward. The observational record of P. antipodarum worldwide indicates that
invasion of Australia and Europe probably occurred around the same time (c.18501870s; Ponder, 1988). Propagules may have been introduced to Australia from New
Zealand, from Europe, or from both. Without known directionality between Europe and
Australia, the immediate source of the Australian invasion is somewhat obfuscated. The
present data suggest that the Australian invasion ultimately originated at a New Zealand
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source, even allowing for the scenario in which Europe was used as a stepping-stone
(Wallace, 1992). In order to infer a more in-depth understanding of the New Zealand
origins of Australian P. antipodarum, the multiple lines of evidence are explored below
for links to different New Zealand regions.

Did Australian populations invade from the west of the South Island, NZ?
The present study provided little evidence to support the hypothesis that
Australian P. antipodarum originated in the west of the South Island (SIW). One
Australian MLG was a match to that of an MLG from Lake Moeraki. While sharing the
same nuclear SNP genotype, these two MLGs harboured mitochondrial haplotypes that
differed by 0.5%. The pairwise divergence of cytochrome-b in P. antipodarum is
estimated to be 1.5-2.5% per million years (see Neiman et al., 2005), meaning
considerable time would be required to accumulate 0.5% sequence divergence. Thus, if
these Australian and SIW clones shared a nuclear MLG due to recent common ancestry,
this common ancestry would be expected to also be reflected in identical mitochondrial
haplotypes. This expectation is not consistent with absence of closely related
haplotypes (fewer than three base pairs difference; <0.5%) shared between Australian
and SIW P. antipodarum.

Did Australian populations invade from the east of the South Island, NZ?
There are limited genetic links between Australian and eastern South Island
(SIE) populations of P. antipodarum. A small proportion of SIE haplotypes do share the
closest hypothesised common ancestors with Australian haplotypes, though those New
Zealand haplotypes occur at very low frequencies, eclipsed by the widespread
haplotype 1A (Paczesniak et al., 2013). One sample from Lake Rotoiti produced a
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nuclear MLG identical to that of an Australian MLG found in two snails at the Victorian
site Tarra Up. The movement of snails between these particular inland sites cannot
necessarily be ruled out, although once again these samples do not share a common
mitochondrial haplotype. Instead, the Rotoiti individual has haplotype 1A while the
Tarra Up snails have haplotype 37D. These haplotypes are separated by 18 nucleotide
substitutions (2.8% sequence divergence), meaning recent mitochondrial mutation is
an unlikely explanation for differences. In the absence of any other supporting links
between Rotoiti and invasive populations, it is not possible to assess the extent to which
this New Zealand lake is likely to serve as a potential source for invasion. Future studies
should assess whether there are in fact P. antipodarum in Rotoiti (or other SIE lakes)
that share both the Australian MLG and mitochondrial haplotypes. This information will
also be interesting in light of the fact that the present data do indicate that different
mitochondrial lineages can share nuclear MLGs in P. antipodarum. As the same MLGs
are unlikely to independently arise multiple times by chance alone, the existence of
mitochondrial polymorphism on the same nuclear MLG background suggests that there
may exist selection favouring particular nuclear genotypes in populations of P.

antipodarum.

Did Australian populations invade from the North Island, NZ?
While Australian and North Island populations do not share direct genetic links,
there remains considerable evidence that the origins of invasive P. antipodarum lie on
the North Island, potentially via an international stepping-stone. The DAPC analysis
indicated that Australian SNP genotypes are aligned more closely to North Island MLGs
than to any other New Zealand cluster. There is also evidence of overlap between
Danish and Australian MLGs, which may indirectly point to a North Island link: the
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Denmark A lineage used in the present study for SNP analysis has previously been
identified as haplotype 22A, which is found in Lake Waikaremoana in the North Island
(Neiman et al., 2011). The link to Denmark A does not necessary infer a positive link
between Australian and North Island populations, but provides a plausible source
region for further investigation. Similarly, the most common Australian mitochondrial
haplotype, 37D, is shared by 77% of Australian snails and the Welsh lineage, Wales C.
Stadler et al. (2005) sequenced a 481-bp region of the 16S ribosomal RNA gene in Wales
C and matched it to that of snails from a North Island population. There are potential
differences in the evolutionary rates of 16S and cyt-b, thus it cannot be assumed that
these Australian, Welsh and New Zealand lineages necessarily share the same
haplotype, though it again points to a credible, if indirect, link between Australian and
North Island populations.
Finally, the absence of haplotype 1A amongst Australian samples lends itself to
support for the hypothesis of North Island origins. The common asexual New Zealand
haplotype 1A is present at 21 of 22 sampled South Island sites and in previous studies
accounted for 46% and 36% of all sequenced individuals (Neiman et al., 2011;
Paczesniak et al., 2013). Despite being widespread and abundant in the native range in
the South Island, 1A is comparatively rare in the North Island and was absent from 48
individuals sampled from six North Island lakes in the present study and Paczesniak et

al. (2013). No individuals with haplotype 1A were detected in any Australian
population, and no Australian haplotype belonged to the same clade as 1A. The possible
implications for 1A’s absence in Australian samples are that at the time of spread to
Australia: i) 1A was present in the source population, but did not overcome barriers to
transportation, ii) 1A was introduced to Australia, but did not successfully establish and
survive, iii) 1A is a successful invader, but at frequencies too low to detect in the present
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study, or iv) 1A was not present at the source population for the Australian invasion.
Hypotheses i)-iii) present themselves as unlikely due to 1A exhibiting characteristics
commonly associated with invasive organisms: haplotype 1A reproduces by
parthenogenesis, is found at high relative frequencies and is less geographically
restricted in its distribution than other haplotypes (Neiman & Lively, 2004). While
there is little direct evidence that 1A was not present at the source population, this
scenario would provide a plausible explanation for the absence of haplotype 1A from
Australian invasive populations.

Global distribution of P. antipodarum haplotypes
Invasive populations of P. antipodarum in Europe and the US are characterised
by low genetic diversity relative to the native range (Jacobsen et al., 1996; Stadler et al.,
2005; Levri et al., 2007; Dybdahl & Drown, 2011). In the current study, a similar
pattern is reported in Australia. The genetic links between European, Australian and US
populations uncovered here and elsewhere (Fromme & Dybdahl, 2006; Proctor et al.,
2007) suggest that there may be lower mean genetic differentiation among invasive
populations than between invasive and most native populations. As already discussed,
haplotype 37D is common to both Wales and Australia, and the widespread US clone,
US1, has previously been shown to be identical to 37D at a shorter (431-bp) region of
cyt-b (Dybdahl & Drown, 2011), and haplotype 22A is shared between the US2 and
Denmark A lineages (Dybdahl & Drown, 2011; Neiman et al., 2011). The present study
has also shown that US1 is identical at 22 nuclear SNP loci to a highly successful
Australian clone, AUS2. This result supports the contention by Fromme and Dybdahl
(2006) that Australia is the source for the US1 invasion, though the directionality of
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invasion is only indirectly implied from occurrence records and parasite infection rates
(see Fromme & Dybdahl, 2006).
Taken together, our data point to genetic commonalities among Australian, US
and European populations, which in turn imply that global invasive populations of P.

antipodarum are closely related. In contrast to native New Zealand populations, which
can be diverse and highly structured within a single lake, P. antipodarum exhibit low
variation among invasive populations worldwide (Proctor et al., 2007). The fact that
invasive US P. antipodarum were not detected until more than a century after
Australian and European populations (Table 1) suggests that it is unlikely that these
global similarities in invasive populations were generated by movement of propagules
from the same New Zealand source to multiple global introduction points. Instead, the
distribution of related clones is best explained by a limited number of introductions
from New Zealand to one region, most likely Tasmania or the United Kingdom (Ponder,
1988), followed by subsequent global invasions, with the newly invaded range acting as
a source population.
Identification of potential dispersal vectors will assist in understanding how P.

antipodarum have colonised freshwaters around the world. Various means of dispersal,
both passive and active, are utilised by P. antipodarum (Alonso & Castro-Diez, 2008).
Given the global scale of movement undertaken by a small number of clones in a
relatively short time period, it is possible to rule out active dispersal. Movement via
attachment to fish or birds cannot be categorically excluded, although it necessitates a
series of very low probability occurrences of attachment, transportation and
introduction, multiple times (Haynes et al., 1985). It has been speculated that humanassisted movement is responsible for the inter-continental spread of P. antipodarum,
and theories pertaining to dispersal with drinking water supplies, commercial
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aquaculture products or ballast water are supported by the global distribution pattern
of P. antipodarum clones (Ponder, 1988; Bowler, 1991; Zaranko et al., 1997).

Invasive clades
The global distribution of a few highly abundant clones suggests a differential in
invasion success among clonal lineages of P. antipodarum. Even amongst these
successful clones, differences in invasiveness are evident (Levri & Clark, 2015).
Variance in invasion success may reflect effects of stochastic influences or other factors,
including a genetic basis for invasiveness. On the South Island, haplotype 1A fits the
profile of an invader, being common, widespread and associated with asexuality
(Neiman & Lively, 2004). Haplotype 37D has a similar profile internationally. Neiman et

al. (2011) identified four distinct clades of P. antipodarum haplotypes, two of which
were associated with international invasive haplotypes and asexuality, and two that
were composed of solely New Zealand haplotypes and were often (but not always)
harboured in sexual P. antipodarum. All Australian haplotypes fit within the former
clades, suggesting a potential role for mitochondrial haplotype (or other cytoplasmic
factors) in invasion success.
A possible explanation for associations between mitochondrial haplotype and
invasion success is afforded by the potential for a link between cytoplasmic factors and
asexual reproduction in P. antipodarum (Neiman et al. 2011, Paczesniak et al. 2013),
which may assist establishment during invasion (Alonso & Castro-Diez, 2012;
Paczesniak et al., 2013). Common and widespread haplotypes may also achieve invasion
success through nuclear diversity accumulated by the origination of new clonal lines
through mutation. Another, non-mutually exclusive, explanation is that selection plays a
role in the spread of particular mitochondrial haplotypes and/or particular nuclear68

mitochondrial combinations (Paczesniak et al. 2013). Whereas neutral (i.e. nonselective) processes are expected to similarly reduce both nuclear and mitochondrial
diversity, there was no evidence that the high frequency of haplotype 37D was
associated with a reduction in nuclear diversity. This result corroborates a similar
result for haplotype 1A (Paczesniak et al., 2013). The take-home message is that
selection favouring particular mitochondrial genomes may contribute to invasion
success, providing an intriguing possible explanation for the widespread distribution of
certain haplotypes.
Tracing the invasion success of a small number of globally successful clones over
a century highlights on-going biosecurity risks. While locally diverse in New Zealand,
international P. antipodarum populations are typified by low diversity and membership
of invasive clades. Exploration of the population genetics, phenotypic traits and
ecological characteristics of invasive clones will allow further exploration of the role of
stochasticity in promoting invasion success. The existence of an effective native invader
(haplotype 1A) and globally successful fixed clonal lineages (haplotype 37D) lends the

P. antipodarum model system to studies of the relative importance of genetic,
demographic and environmental factors underlying the invasion process.
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Chapter 3.
The distribution of invasive clones of Potamopyrgus

antipodarum in south-eastern Australia

Abstract
The establishment and spread of invasive organisms in recipient ecosystems is often
dependent on their ability to survive novel ecological conditions. Successful invaders
may have broad tolerances across environments, be specialised to exploit a limited
range of conditions, or adapt post-introduction. Invasive populations of the global
freshwater invader Potamopyrgus antipodarum have low genotypic diversity,
consisting of a few widespread asexual clonal lineages. By contrast, native populations
in New Zealand are genetically structured across populations and show habitat
specialisation. The distribution of invasive P. antipodarum genotypes was assessed
across south-eastern Australia, one of the first areas to be invaded (approximately 140
years ago). Single-nucleotide polymorphism (SNP) markers at 22 loci, consistent with
earlier studies in New Zealand, were used to map genotypic variation in Australia. Four
common and widespread multilocus genotypes (MLGs) were widely distributed, along
with multiple rare and localised MLGs. Genotypic variance within and among
populations suggests initial establishment and spread of a small number of successful
genotypes that generated rare new genotypes through mutation. There was little
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evidence of genotypes being associated with particular spatial and environmental
variables, suggesting Australian P. antipodarum may act as a habitat-generalist. The
contrasting patterns of genetic diversity between the invasive and native ranges make

P. antipodarum an excellent model for investigating the roles of generalist and specialist
genotypes in invasion.
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Introduction
The success of invasive organisms is contingent on overcoming exposure to ecological
conditions that are novel to the invader (Moyle & Light, 1996). During the early phases
of the invasion process, invasive organisms are likely to encounter suites of local
conditions and novel competitors and predators that may act to prevent establishment
(Von Holle & Simberloff, 2005). The biotic and abiotic properties of the recipient
ecosystem, combined with the characteristics of the invading species, determine the
survival and establishment of invasive populations (Catford et al., 2009). Even when an
introduced organism successfully establishes a reproducing population, it is not
considered invasive until it spreads to locations away from the point of introduction
(Blackburn et al., 2011). Typically, this spread will coincide with encroachment on
environments increasingly dissimilar to that of the introduction point, essentially
leading to sequential establishment events (Blackburn et al., 2011). Exposure to
ecological resistance at each stage of the invasion process results in very few
introductions culminating in invasion success (Williamson & Fitter, 1996). Thus, the
ability of an organism to survive and reproduce in novel ecological conditions can
determine the success and distribution of invasive organisms.
Establishment in a new environment is dependent on the extent to which an
organism can succeed in local conditions, which itself will often be a function of "preadaptation" or evolutionary change post-introduction (Prentis et al., 2008). Selection
and adaptation play a key role in invasion success at the early introduction and
establishment phases (Lee, 2002). The capacity of an introduced population to respond
to selection pressures in the novel environment is dependent in part on genetic
diversity within the population (Lockwood et al., 2005). Greater levels of genetic
diversity provide more variation upon which selection can act, favouring adaptive
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establishment and spread (Lee, 2002). Conversely, low genetic diversity in populations
can decrease the probability of long-term survival of invasive populations (Allendorf &
Lundquist, 2003).
Asexual reproduction is relatively common in invasive organisms, and can be
advantageous (Roman & Darling, 2007). An asexual reproductive mode releases
invaders from the need to find reproductive partners and the cost of investing in male
function (Jokela et al., 1997), theoretically allowing a solo asexual female to initiate an
invasion (Barrett et al., 2008). Furthermore, fit asexual genotypes are not broken up by
recombination (Vrijenhoek, 1998). The lack of access to recombination and fertilisation,
however, also means that across-genotype variation can be particularly low for asexual
invasive organisms (e.g. Dybdahl & Drown, 2011; Caron et al., 2014). Low genetic
diversity coupled with asexual reproduction can limit the likelihood of local adaptation
(Peccoud et al., 2008), although effective clonal evolution has been observed in some
asexual species (Sunnucks et al., 1998; Neiman & Linksvayer, 2006).
Invaders can overcome limitations of low diversity through phenotypic
plasticity, producing (potentially) adaptive phenotypic changes in response to a
spectrum of novel environmental conditions (Agrawal, 2001). Phenotypic plasticity may
allow an organism to be a habitat generalist, exploiting a wide range of conditions and
taking advantage of environmental variability (Davidson et al., 2011). Generalist and
specialist strategies are generally represented as mutually exclusive (Richards et al.,
2006). However some asexual organisms have been found to simultaneously exhibit
generalist and specialist characteristics (Vrijenhoek, 1998). Although simplistic, the
generalist and specialist categorisation is useful as a conceptual framework for
interpreting phylogenetic and ecological genotype patterns in invasion. For example,
the presence of a widespread invasive genotype across many diverse habitats may
80

suggest a role for phenotypic plasticity in facilitating invasion (Baker, 1965; Lynch,
1984). By contrast, localised distribution of many clonal lineages exhibiting habitat
associations may indicate specialist genotypes, suggesting multiple localised
introduction events or local adaptation (Peccoud et al., 2008).
In the present study, I assess the population genetics of the global freshwater
invader Potamopyrgus antipodarum in south-eastern Australia. Potamopyrgus

antipodarum is a hydrobiid snail native to New Zealand (Ponder, 1988) that has
successfully invaded streams in Europe, the Americas, Asia and Australia (Alonso &
Castro-Diez, 2008;

Collado, 2014). In its invaded range, including Australia, P.

antipodarum reproduces almost exclusively by asexual reproduction (apomictic
parthenogenesis; Phillips & Lambert, 1989), a distinct departure from the mix of sexual
and asexual individuals that characterise P. antipodarum in its native range (Wallace,
1992). The species is ovoviviparous, highly fecund, and can reach very high population
densities rapidly (Dorgelo, 1987). These life history characteristics are likely to assist in
the establishment of P. antipodarum in new environments (Alonso & Castro-Diez,
2012).
Invasive populations of P. antipodarum are typified by low genotypic diversity
relative to that in the native range; populations in Europe and the US are composed of a
small number of widely distributed clones (Jacobsen et al., 1996; Weetman et al., 2002;
Dybdahl & Drown, 2011). These invasive genotypes have been identified in a wide
range of habitats, necessitating broad physiological tolerances (Alonso & Castro-Diez,
2012). By contrast, native New Zealand P. antipodarum show considerable clonal
diversity within populations (Dybdahl & Lively, 1995) and the frequent emergence of
habitat-specific clones (Fox et al., 1996). Contrasting patterns of diversity and
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distribution across the invasive and native ranges make P. antipodarum an excellent
model for investigating the roles of generalist and specialist genotypes in invasion.
Australian populations of P. antipodarum exhibit lower genetic diversity than
native New Zealand populations (see Chapter 2). Low diversity across a broad
geographical range in south-eastern Australia may be indicative of the spread of habitat
generalist genotypes in Australia; evaluating this possibility is the aim of the present
study. Analysis of the spatial structuring of Australian genotypes allows consideration of
whether the current distribution of genotype diversity reflects simple diffusion from
one or more points of introduction, dispersal in accordance with environmental
gradients, or local adaptation after dispersal.
This study of invasive populations in P. antipodarum in Australia uses nuclear
single-nucleotide polymorphism (SNP) markers to:
i)

Describe the population genetics of south-eastern Australian populations

ii)

Assess spatial-structuring of genotypic diversity in south-east Australia

iii)

Identify genotype-habitat associations related to the distribution of
Australian P. antipodarum

Methods

Collection and dissection of snails
Potamopyrgus antipodarum were sampled from 25 Australian sites. Field collections
were taken at 21 Victorian sites between January 2012 and September 2013 (Figure 1).
Snails were collected off rocks or by sweep-netting vegetation in shallow (<1.0 m)
areas of streams and lakes. Multiple habitats, where present, were sampled at each site.
Snails were then transported alive in water to the University of Canberra and frozen at 80°C for further analysis. Specimens from an additional Victorian site were sampled
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from the ethanol-preserved collection stored at the Environmental Protection Authority
Victoria (EPA, Macleod, Victoria). Ethanol-preserved P. antipodarum were also sent
from collectors at three Tasmanian sites. Sites were selected to reflect a range of
different habitats: lotic and lentic systems, adjacent to coastal, agricultural, urban or
forested areas. While P. antipodarum are known to be present in other Australian
states, the distribution of populations is described most extensively in Victoria and
Tasmania (Atlas of Living Australia, 2005). Hence these states were most appropriate
for site selection in the present study. The foot and head of individual snails were
removed under a dissection microscope, for further analysis. In the rare instance that
males are present in an invasive population (Schreiber et al., 1998), there is the
possibility of encountering multi-parent embryos (Neiman et al., 2012; Soper et al.,
2015); use of only the head and foot material avoids the possibility of incorporating
embryonic genetic material.

Single-nucleotide polymorphism markers
Total DNA was extracted from snail tissue using the Qiagen DNeasy blood and tissue kit
(Qiagen, Valencia, California), using the manufacturer’s recommend protocol.
Extractions were performed for 20 snails per site, where available. Twenty individual
specimens are sufficient to detect alleles at a frequency ≥7% in a population size up to
100,000 with 95% certainty (Sjogren & Wyoni, 1994). A total of 493 snails were
selected. In addition to these samples, DNA extractions of seven snails from the
Paczesniak et al. (2013) dataset were re-analysed as positive controls. The seven
controls were also re-analysed multiple times each, as internal controls. For each
sample, 200-250 ng of extracted DNA was dried using a rotational vacuum concentrator
before shipping for MassARRAY iPLEX System SNP genotyping (Agena Bioscience, San
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Diego, California). The multiplex assay designed and described in Paczesniak et al.
(2013) was used for all genotyping analyses.
Of the 32 loci genotyped, 22 could be scored reliably. A locus was deemed
reliable where it could be unambiguously scored in the majority of snails. Only
individual samples that could be scored for 11 or more loci were retained for further
analysis. The 283 retained samples were then scored as homozygous or heterozygous at
each locus. The SNP genotyping method employed does not allow for identification of
additional alleles or different doses of alleles that may be present in polyploid
individuals.
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sample size, scaled between the smallest and largest samples (n=1 to n=20). Victorian catchments are outlined in black.

of MLGs within each population. Each colour represents an MLG, as indicated in the legend. The sizes of pie charts is proportional to

Frequencies of multilocus SNP genotypes (MLGs) are also depicted. Pie charts represent population samples and relative frequency

Figure 1. Sampling locations of Potamopyrgus antipodarum in Victoria and Tasmania, Australia. Population codes can be found in Table 1.

Data analysis
Genotypic identity was assigned to individuals using GenoType software, which is
designed specifically to handle molecular data from asexual polyploids (Meirmans &
Van Tienderen, 2004). GenoType was run using the following settings: an infinite alleles
model was assumed to calculate a distance matrix, individuals with pairwise genotypic
distances greater than zero were assigned to different lineages, and missing data were
ignored. Missing data can cause GenoType to match certain genotypes when it
otherwise would not, given a full array of data. To account for this, genotype
assignments were manually checked and reassigned to ensure that: i) no two
individuals within a genotype had differing alleles for any given locus (i.e. alleles were
the same or missing), and ii) no individual with missing data was assigned to a genotype
unique for its sampling location if missing data was such that it might belong to more
than one known genotype. This applied to <2% of samples.
To explore diversity of populations, genotypic diversity (G/N, where G = number
of genotypes, N = sample size) was calculated by hand for each site. The dataset was
then reduced to one representative individual per genotype per population to avoid
potential bias in genetic estimates generated by including multiple representatives of
the same genotype (following Paczesniak et al. 2013). GenoDive (Meirmans & Van
Tienderen, 2004) is designed to handle GenoType output files, and was used to calculate
Nei’s (Nei, 1987) genetic diversity corrected for the variability in sample sizes
generated by differential SNP amplification among populations, and uncorrected
Shannon-Wiener index. The Shannon-Wiener index retains some bias for small sample
sizes and so should be interpreted with caution, but it is in common use and hence
included here for comparison with other studies. Partitioning of genetic variation
among populations, within populations, and within individuals was estimated in an
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analysis of molecular variance (AMOVA) with 9,999 permutations in GenAlEx 6.5
(Peakall & Smouse, 2006; 2012). Populations with only one individual sampled were
omitted from the AMOVA.
Relationships among multilocus SNP genotypes were examined using
discriminant analysis of principle components (DAPC) (Jombart et al., 2010). DAPC was
conducted using the R package adegenet 1.4-2 (Jombart, 2008; Jombart & Ahmed,
2011) in R version 3.1.2 (R Core Team, 2014). DAPC is a multivariate method that can
identify clusters of genetically related individuals and graphically represent amonggroup structures. The method first transforms the data using Principal Component
Analysis (PCA) before performing a discriminant analysis on those principal
components. In contrast to the more widely applied PCA, DAPC obtains discriminant
functions that maximise among-group genetic variation while minimising within-group
variation (Jombart et al., 2010). DAPC is robust to assumptions about reproductive
mode (Jombart et al., 2010). The DAPC was performed on the reduced (one sample per
genotype per population) SNP dataset, using population of origin as a prior. Separation
of population clusters is indicative of population-specific genotypic composition, while
overlapping population clusters suggest populations with similar genetic profiles.
If the distribution of genotypes is spatially structured by the gradual spread of
clones, individuals drawn from geographically proximate populations are expected to
cluster separately from individuals from geographically distant populations. To test this
expectation, a second DAPC was conducted using clusters of genetically related
individuals as a prior. Genetic clusters were first identified using a clustering algorithm,

k-means, in the R package adegenet 1.4-2 (Jombart, 2008; Jombart & Ahmed, 2011).
This algorithm uses PCA-transformed combinations of the original variables (alleles)
and partitions genetic variation into an among-group and a within-group component,
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attempting to find groups (clusters) that maximise the former and minimise the latter.
The optimal number of clusters was assessed using the function find.clusters, which
runs the k-means algorithm with increasing number of clusters (k). The range of
clusters tested was from k=1 to k=26 (the number of populations + 1). For each value
of k, the function records Bayesian Information Criterion (BIC), which is then used to
identify the best-supported model. The function was run 10 times and BIC scores were
averaged for each value of k (BICk). Differences in mean BICk were then calculated for
each incremental increase in k. The optimal number of clusters is identified as the
smallest k where BICk+1 – BICk < 6, corresponding to posterior odds of 20:1 (analogous
to 0.05 significance level) that the model with fewer clusters is more parsimonious
(Raftery, 1995). The DAPC was run using k=4 clusters on the basis of this approach.
The probability of membership in each cluster was plotted for each individual in the
reduced (one sample per genotype per population) dataset. To explore spatial
structuring in genetic patterns, samples were arranged geographically (east to west for
Victorian sites, north to south for Tasmanian). This order was selected to reflect the
approximate arrangement of populations along these geographic axes, and hence a
potential P. antipodarum dispersal pathway between geographically proximate
populations.
Isolation by distance (IBD) was tested with a Mantel test using 10,000
permutations, conducted in R version 3.1.2 (R Core Team, 2014). The Mantel test
correlates genetic distance with geographic distance. Both sets of distances are
calculated through pairwise comparisons between individual samples. Genetic
distances were calculated in GenoType (Meirmans & Van Tienderen, 2004) as the
number of alleles differing between each pair of individuals, ignoring missing data.
Geographic distances were measured as Euclidean straight-line distance between
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sampling sites in ArcGIS v10.1 (ESRI, 2011). Mantel tests were conducted on the
complete dataset and on Victorian samples separately to examine the possibility of IBD
at this scale. Pearson’s product-moment correlation coefficient was calculated to assess
the strength of the correlation.
The distribution of P. antipodarum genotypes across south-east Australia could
be influenced by environmental factors. In particular, it is hypothesised that the
suitability of habitat conditions might govern the spread and distribution of genotypes,
particularly that of specialist genotypes. In such cases, the genotypic composition of a
site will be related to environmental variables. Here, this question was addressed by
quantifying the abundance of each genotype and measuring turbidity, elevation, pH,
temperature, conductivity and dissolved oxygen at each site. These environmental
parameters were selected because they vary across the P. antipodarum range and have
the potential to influence distribution (Schreiber et al., 2003). Previous studies have
also shown that temperature and conductivity affect P. antipodarum survival and
fitness (Jacobsen & Forbes, 1997;

Alonso & Castro-Diez, 2008). Flow-driven

disturbance and catchment land-use also affect the presence of P. antipodarum
(Schreiber et al., 2003), though these variables were omitted from the present study
due to a lack of readily available data. However, many of the factors that co-vary with
land-use predictors (e.g. elevation, turbidity, dissolved oxygen) were analysed. Where
available, data for environmental variables were obtained from the Department of
Environment and Primary Industries (Victoria) long-term monitoring dataset (DEPI
2014). The DEPI dataset did not include monitoring points close to all collection sites,
and in such cases point measurements were made multiple times during the collection
period (2012/13) using a Horiba U-52 Multi-Parameter Water Quality Meter (Horiba
Corporation, Japan), and mean values used for analysis. Elevation was determined using
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a hand-held GPS receiver (Garmin Ltd., Switzerland). Population samples contributed
by other collectors or obtained from the EPA were excluded from further analysis due
to lack of environmental data: accordingly all 17 populations retained for analysis were
from Victoria.
The abundance of each genotype was tabulated for each population and the
genotypic composition of populations was explored using non-metric multidimensional
scaling (NMDS). NMDS enables the recognition of patterns between populations on the
basis of pairwise population likeness (similarity of genotypic composition) (Borcard et

al., 2011). First, a Wisconsin double standardisation was performed to suppress the
dominance of abundant genotypes while maintaining patterns of population similarities
(Bray & Curtis, 1957). A distance matrix of Bray-Curtis dissimilarity coefficients was
then calculated among populations, using genotype abundances (Carneiro et al., 2014).
Bray-Curtis dissimilarity ignores shared absences of genotypes, which are common
across the dataset. NMDS was then performed with two dimensions, and Kruskal’s
stress was used to determine the goodness of fit between the data and ordination
distances. The ordination axes were then interpreted in terms of the environmental
variables using a permutation test. The relationship strength (R2) between the NMDS
ordination and each environmental variable was used as a test statistic. Observed R2
was compared to the distribution of R2 for 9,999 permutations of the dataset. This
comparison enables the detection of statistically significant correlations between
environmental variables and population composition. NMDS analyses were performed
in the vegan package (Oksanen et al., 2015) in R version 3.1.2 (R Core Team, 2014).
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Results
Thirty multilocus SNP genotypes (MLGs) were identified among the 283 specimens.
Genotype AUS2 has been earlier identified as identical to a widespread and common
western USA clone, US1 (see Chapter 2). The four most common MLGs (AUS1, AUS2,
AUS3 and AUS4) accounted for 161 of the 283 genotyped individuals, 57% of the total
sample, and at least one of these four MLGs was identified at 23 of 25 sites (Figure 1).
These four MLGs were also found across nearly all catchments except the Barwon
catchment, where AUS2, 3 and 4 were not detected (Figure 1). By contrast, the
remaining 26 MLGs were each comparatively rare, found in lower abundances (<6% of
the total sample) and at fewer sites (≤5 sites per MLG), including 12 MLGs that were
each unique to a site (Table 1). Each of the 26 rarer MLGs were also found in fewer (≤4)
catchments than the common MLGs.
Genotypic diversity varied among sites by an order of magnitude (0.053 – 0.529;
Table 1) even in the more comprehensively sampled sites (≥10 specimens). ShannonWeiner and Nei’s indices ranged from 0 - 0.894 and 0 – 0.972, respectively (Table 1),
which also indicated across-site variation in levels of diversity. The lowest diversity, by
all indices, was observed at Tarra and Glen Forbes; these populations were represented
by single MLGs in 18-19 individuals. Throughout the sampled area, analysis of
molecular variance revealed that most variance is distributed within samples (78.89%;
Table 2); there were significant but much smaller contributions of among-individual
and among-population variance (7.87% and 13.24%, respectively, p<0.001).
The phylogeographic structure of the MLGs was visualised by plotting the DAPC
analysis using region of origin as a prior (Figure 2). There was no clear separation of
population clusters, indicative of similar genetic composition amongst populations,
most likely generated by the widespread common MLGs. Population samples that
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include genetically distant MLGs (e.g. NLF, ROC, WAR and WTM; Figure 2) still partially
overlap other population clusters, suggesting common genetic links among all
populations. The second DAPC (using k-means identified prior groups) was used to
further visualise patterns of geographical divergence among MLGs. The probability of
membership in each cluster was plotted for one representative per MLG per site (Figure
3). Victorian samples were arranged according to catchment, and then according to
longitude within each catchment. Tasmanian samples were arranged latitudinally.
There is no apparent longitudinal pattern to the distribution of genetic clusters across
the invasive range in Victoria, nor a latitudinal one in Tasmania. Instead, members of all
four clusters are scattered across catchments, suggesting that if genetic clusters are
spatially arranged, it is unlikely to be due to any east-west correlated factor, including
the gradual spread of propagules between proximate sites. Despite the absence of
evidence for a longitudinal effect, there was some evidence of isolation by distance in
Victorian samples, with a significant but weak correlation between genetic and
geographic pairwise distances among samples (Mantel test, Pearson’s product-moment
correlation = 0.049, p=0.022; Fig. 4), which implies some level of spatial structuring
among populations.
An ordination plot was generated to represent graphically the (dis)similarity of
the genotypic composition of the populations and their correlation to overlaid
environmental variables (Figure 5). While there is some alignment of the environmental
parameters with the NMDS axes, there is no evidence of a statistically significant
relationship (Table 3, p>0.05) between genotypic composition of populations and
turbidity, elevation, pH, temperature, conductivity, or dissolved oxygen. Environmental
variables are shown for each site, below (Table 4).
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Latitude

-38.55102

-38.47382

-38.46925

-38.38654

-38.35784

-38.36558

-38.42646

-38.46733

-38.48064

-37.95729

-38.31645

-38.39305

-38.47709

-37.90618

-37.74750

-38.23689

-38.14387

-38.54860

-38.59632

-38.66648

-38.72368

-38.72734

-41.33790

-41.60223

-42.92981

Population

Tarra

Tarra Picnic Ground

Tarra Upstream

Poowong

Ferriers

Loch

Kernot

Glen Forbes

Bass

Muddy

Warringine

Tuerong

Main

Werribee

Exford

Connewarre

Pollocksford

Elizabeth

Jamieson

Kennett

Skenes Ck

Gellibrand

Tamar

Whitemore Ck

Rocky Ck

147.06001

146.91786

147.06923

143.25132

143.71067

143.86190

143.91917

143.74380

144.18670

144.47974

144.57670

144.65003

144.93471

145.07190

145.18369

145.37561

145.47210

145.51552

145.59669

145.66414

145.70459

145.76604

146.55791

146.56987

146.68303

Longitude

Huon

Meander

Tamar Estuary

Otways

Otways

Otways

Otways

Barwon

Barwon

Barwon

Werribee

Werribee

Bunyip

Bunyip

Bunyip

Bunyip

Sth Gippsland

Sth Gippsland

Sth Gippsland

Sth Gippsland

Sth Gippsland

Sth Gippsland

Sth Gippsland

Sth Gippsland

Sth Gippsland

Catchment
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Tas

Tas

Tas

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

Vic

State

14

1

1

7

20

9

14

10

15

14

6

19

17

19

5

1

17

18

11

14

6

9

7

10

19

N

6

1

1

4

5

3

3

1

6

3

4

8

9

5

4

1

5

1

3

5

3

8

3

4

1

G

0.429

1.000

1.000

0.571

0.250

0.333

0.214

0.100

0.400

0.214

0.667

0.421

0.529

0.263

0.800

1.000

0.294

0.056

0.273

0.357

0.500

0.889

0.429

0.400

0.053

G/N

0.681

-

-

0.810

0.758

0.556

0.670

0.000

0.848

0.484

0.867

0.719

0.912

0.789

0.900

-

0.640

0.000

0.582

0.659

0.733

0.972

0.667

0.733

0.000

Nei

0.587

0.000

0.000

0.555

0.597

0.369

0.449

0.000

0.719

0.346

0.577

0.677

0.894

0.637

0.579

0.000

0.523

0.000

0.394

0.528

0.439

0.887

0.415

0.530

0.000

ShW

AUS26

AUS20

AUS18, AUS25

AUS24

AUS16

AUS30

AUS28

AUS29

AUS17, AUS27

AUS19

Unique MLGs

genetic diversity index, Unique MLGs= MLG only found in listed population. Values for Nei's diversity cannot be calculated where N=1.

multilocus nuclear SNP genotypes (MLGs), Nei = Nei's (1987) genetic diversity corrected for sample size, ShW= Shannon-Wiener

Table 1. Summary of genetic diversity indices for Australian Potamopyrgus antipodarum populations. N= sample size, G= number of

Table 2. Results of analysis of molecular variance comparing genetic variation within
individuals, among individuals within populations and among populations
for Australian Potamopyrgus antipodarum (d.f.= degrees of freedom, SS =
sum of squares, Var.= variance, * indicates p<0.001).
Source of variation
Among Populations
Among Individuals Within Pops.
Within Individuals
Total

d.f.
21
258
280
559

SS
259.02
701.24
634.50
159.76

Var.
0.38
0.23
2.27
2.87

Percent Var.
13.24*
7.87*
78.89

Table 3. Analysis table for permutation test of correlation between environmental
variables

and

genotypic

composition

of

populations

of

Australian

Potamopyrgus antipodarum. NMDS1/2: cosine of vector angle to each
ordination axis, R2: correlation strength between variable and ordination. p
value is based on 999 permutations.
Variable

NMDS1

NMDS2

R2

p

Elevation
Temperature
pH
Conductivity
Turbidity
Dissolved oxygen

0.872
-0.593
-0.940
-0.405
-0.570
0.634

0.489
-0.805
0.341
-0.914
0.821
-0.773

0.223
0.017
0.031
0.136
0.188
0.047

0.175
0.894
0.778
0.403
0.253
0.718
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Figure 2. Scatterplot of the first two axes of discriminant analysis of principal component
(DAPC) using nuclear single-nucleotide polymorphism

(SNP) data

for

Potamopyrgus antipodarum. Population of origin is used as a prior, with colours

.

and symbols to differentiate overlapping populations. Victorian populations are
ordered (top-bottom) in the legend by longitude (east-west), Tasmanian
populations by latitude (north-south). Population codes can be found in Table 1.
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signify catchments. Population codes can be found in Table 1.

west for Victorian populations, and north to south for Tasmanian). Bars are labelled by population and square brackets

clusters and arranged by geographical location, sorted by catchment and longitude (left to right corresponds to east to

individual per MLG per population is represented by a bar. Bars are coloured in proportion to membership probability of

clustering. Four clusters were identified and colour coded: Cluster 1 = blue, 2 = red, 3 = brown, 4 = orange. One

memberships were identified in discriminant analysis of principal components (DAPC) of SNP data, using k-means

Figure 3. Estimated cluster membership probabilities for multilocus SNP genotypes (MLGs) of Potamopyrgus antipodarum. Cluster

Figure 4. Regression of genetic and geographic distances calculated from pairwise
comparisons of Potamopyrgus antipodarum samples. The regression line
represents a weak, positive linear correlation (Mantel test, p = 0.022). Heat map
colours represent density of overlapping points, increasing from white to red).

97

Figure 5. Ordination plot of non-metric multidimensional scaling analysis using genotypic
composition of Australian Potamopyrgus antipodarum populations. Populations
are in black (population codes can be found in Table 1), and the genotypes
contributing to population dissimilarities are in brown. Kruskal's stress value is
indicated. Each blue arrow represents an environmental variable, with length
proportional to the correlation between the variable and the ordination. No
environmental variable is significantly correlated with the ordination (p>0.05)
and thus with the genotypic composition of populations.
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Population
Tarra
Tarra Picnic Ground
Tarra Upstream
Glen Forbes
Bass
Warringine
Tuerong
Main
Werribee
Exford
Connewarre
Pollocksford
Elizabeth
Jamieson
Kennett
Skenes Ck
Gellibrand

Elevation
(m)
34
169
191
12
11
12
30
34
26
68
3
34
222
10
2
8
10

Temperature
(°C)
13.7 (±4.0)
13.0 (±4.3)
11.5 (±3.1)
14.1 (±3.7)
16.9 (±3.8)
20.2 (±4.5)
16.3 (±3.7)
20.7 (±3.2)
16.0 (±4.6)
13.2 (±3.8)
14.0 (±3.9)
15.4 (±4.6)
12.2 (±3.2)
11.1 (±3.5)
14.5 (±3.8)
12.3 (±4.2)
15.5 (±3.7)

Australia (D.O. = dissolved oxygen).
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6.99 (±0.35)
7.30 (±0.43)
7.10 (±0.40)
7.07 (±0.39)
7.42 (±0.42)
6.54 (±0.36)
6.57 (±0.37)
7.63 (±0.48)
7.67 (±0.56)
7.63 (±0.41)
8.55 (±0.37)
7.82 (±0.50)
6.95 (±0.43)
7.48 (±0.36)
7.90 (±0.33)
7.57 (±0.38)
6.84 (±0.31)

pH

Conductivity
(mS/cm)
0.209 (±0.048)
0.120 (±0.017)
0.121 (±0.034)
0.798 (±0.369)
0.871 (±0.548)
0.463 (±0.035)
2.470 (±0.158)
1.740 (±0.352)
0.738 (±0.026)
1.100 (±0.257)
2.460 (±0.589)
1.683 (±0.615)
0.165 (±0.107)
0.380 (±0.044)
38.500 (±0.752)
9.780 (±0.554)
0.305 (±0.087)

Turbidity
(NTU)
14.4 (±19.0)
5.3 (±4.1)
9.2 (±12.49)
27.2 (±18.8)
21.1 (±11.5)
10.1(±8.8)
39.0 (±33.8)
4.6 (±4.5)
39.5 (±18.7)
24.0 (±14.9)
67.7 (±34.8)
14.3 (±32.8)
6.6 (±11.0)
4.6 (±3.7)
6.1 (±7.5)
11.1 (±8.5)
18.0 (±9.6)

D.O.
(ppm)
9.29 (±1.66)
10.60 (±1.37)
10.60 (±1.11)
7.22 (±2.77)
6.41 (±1.84)
5.60 (±1.46)
2.51 (±1.83)
8.50 (±1.98)
5.92 (±1.75)
9.24 (±1.54)
7.60 (±1.54)
9.31 (±1.71)
9.25 (±1.92)
7.37 (±1.55)
6.35 (±1.47)
8.20 (±1.51)
5.88 (±1.63)

Table 4. Mean (±SD) values of environmental parameters measured at collection sites of Potamopyrgus antipodarum in Victoria,

Discussion
Invasive populations of asexual organisms can have extremely low genotypic diversity
relative to that in their native range (Zepeda-Paulo et al., 2010; Dybdahl & Drown,
2011). Introduced populations of P. antipodarum in Australia are of low clonal diversity
relative to native New Zealand populations (see Chapter 2), where diversity is
generated by frequent derivation of asexual clones from sympatric sexual populations
(Dybdahl & Lively, 1995; Paczesniak et al., 2013). Sexual P. antipodarum are largely
absent from Australian populations, which might explain their low genotypic diversity
relative to New Zealand (Wallace, 1992). Factors that may further reduce genotypic
diversity include the initial introduction of a few genotypes or clonal selection of
genotypes post-introduction. The data presented here demonstrate that each Australian
population of P. antipodarum tends to be dominated by one or two of the most common
Australian clones, with a small number of rarer clones also present. The second most
common clone, AUS2 shares an MLG with the widespread US clone, US1 (Chapter 2).
This genotype exhibits a similar distribution pattern in Australia and the US, occupying
the majority of the invaded range, and sympatric with a small number of rarer clones
with limited distribution (Dybdahl & Drown, 2011). While multiple clones were
identified at most sites (19/22 sites where N>1), the majority of populations (23/25)
included at least one of the four most common MLGs, and most MLGs (18/30) were
restricted to one or two populations. The observed pattern of clonal diversity is
consistent with microsatellite-based studies on invasive populations of P. antipodarum
in the US and Europe (Weetman et al., 2002; Hershler et al., 2010), and similar patterns
have also been observed in other asexual organisms (Parker, 1979; Caron et al., 2014).
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Causes of genotype distribution patterns
The pattern of P. antipodarum genotype distribution in south-eastern Australia has
likely been shaped by many stochastic, ecological and evolutionary processes. A number
of processes will influence patterns of genotype distribution, including: the introduction
of multiple genotypes, mutational divergence post-introduction, asymmetrical dispersal
of propagules, spread via long-distance dispersal vectors, or local environment
associations. Evidence for each is assessed below.
The large overlap in genetic profile of Australian populations of P. antipodarum
shown by the DAPC indicates shared clonal lineages and minor variation among
populations. Where differences in genotypic composition exist among populations, they
are due to rare locally-distributed MLGs. Fourteen rare MLGs (each comprising <1% of
the total sample) are present at only one or two sites each, and in each case the rare
MLG was sympatric with at least one of the four common MLGs (each comprising >9%
of the total sample). This result, taken together with the low molecular variation within
the populations, suggests recent origin of rare MLGs through mutation. Rare MLGs were
geographically scattered, implying that mutational divergence has occurred after
introduction. Collectively, the distribution patterns formed by widespread frequent
clones and local rare clones indicate the successful establishment of a small number of
clonal lineages in Australia and their subsequent spread or introduction to multiple
sites.
Notwithstanding the many similarities in genotypic composition among
populations, there is some variation in genotypic diversity among Australian
populations of P. antipodarum. Assuming that mutations accumulate in asexual P.

antipodarum through time (Weetman et al., 2002; Neiman et al., 2010), the number of
MLGs in a population should increase as a function of time since introduction. This is
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supported by the presence of unique MLGs at sites proximate to the oldest recorded
sites of P. antipodarum in Tasmania (Rocky Ck) and Victoria (Pollocksford; Atlas of
Living Australia 2015). However, there is little other support for associations between
time since introduction and genotypic diversity. Both Rocky Ck and Pollocksford have
genotypic diversity comparable to other locations sampled in this study. Some sites
with known invasion histories of >20 years exhibit low genotypic diversity. For
example, P. antipodarum are known to have been present at Glen Forbes and Tarra for
at least two decades (Schreiber et al., 2003), but only one genotype was present at each
site despite comprehensive sampling. By contrast, Hershler et al. (2010) demonstrated
considerable genotypic diversity (up to G/N=0.625) arising in invasive US populations
in less than three decades. A possible relationship between population age and genetic
diversity cannot be excluded without data on time since introduction, but the present
study suggests that the distribution of diversity in Australian populations is not simply a
correlate of time since invasion.
Genetic diversity may accumulate in populations due to asymmetric dispersal of
organisms (Pringle et al., 2011). Potamopyrgus antipodarum have a tendency to
orientate and actively disperse upstream (Haynes et al., 1985; Sepulveda & Marczak,
2012). Given sufficient time and appropriate stream connectivity, it might be expected
that genotypes accumulate at the headwaters of streams. This hypothesis is supported
in the current study by the observation that genotypic diversity at the headwater site
Poowong (G/N=0.889) is greater than at any of the five sites downstream (Ferriers,
Loch, Kernot, Glen Forbes, Bass, ranging 0.273-0.500). On the other hand, P.

antipodarum are affected by flow conditions and may be passively moved downstream
if dislodged (Holomuzki & Biggs, 1999). Thus the movement of snails downstream
should increase the genetic diversity of populations lower in the catchment. As with the
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headwater theory, there are individual cases that support this idea (e.g. Connewarre is
downstream of Elizabeth and has greater G/N), but there is no consistent pattern
relating diversity to catchment position across populations.
The widespread dispersal of a few clonal lineages is supported by a weak effect
of isolation by distance. This result is consistent with the hypothesis that P.

antipodarum experience many forms of assisted and passive movement through
landscapes, including overland dispersal (Alonso & Castro-Diez, 2008). The snail has
been known to move around the landscape via attachment to various dispersal vectors
ranging from wading birds and fish to angling and boating apparatus (Lassen, 1978;
Haynes et al., 1985; Hosea & Finlayson, 2005). Such means of transport assist the
spread of P. antipodarum over long distances, beyond catchment boundaries, and
between unconnected stream networks. Movement of common genotypes across long
distances is further supported by the scattered geographic distribution of genetic
clusters. Geographical structuring of genetic clusters may imply various invasion
scenarios, including multiple points of introduction from different sources, localised
spread of isolated clonal lineages or the distribution of genotypes in accordance with
geographically correlated variables. Instead, genetic clusters are dispersed across a
wide geographic range, supporting the idea that a few common genotypes have
successfully spread long distances, leading to a broad genetic homogeneity across the
invaded range.
Amongst the general pattern of widespread clonal lineages, there remain site-tosite differences in the presence and abundance of each lineage. The dominance of the
common lineages is incomplete and their presence among sites is inconsistent. Potential
explanations for this pattern include unknown stochastic influences, competition among
clones, differing dispersal behaviours among clones, or environmental variation across
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the invaded range (Han & Hui, 2014; Levri & Clark, 2015). Genotype associations with
habitats might imply specialisation and perhaps even local adaptation, resulting in a
differential in the ability of clones to exploit different habitats (Lee & Petersen, 2002).
The occurrence of habitat-specialist asexual genotypes would have implications for the
study of clonal evolution in invasion scenarios and for forecasting range expansions,
which typically assume genetic heterogeneity across populations (Scoble & Lowe,
2010). In the present study there was no evidence that the environmental variables
measured were associated with the genotypic composition of populations. The concept
of ‘general-purpose genotypes’ proposes the existence of a small number of asexual
parthenogenetic genotypes, each capable of exploiting many habitats and resources
(Lynch, 1984). General-purpose genotypes have previously been proposed in invasive
populations of P. antipodarum in Europe, where widespread genotypes exhibit broad
environmental tolerances (Jacobsen & Forbes, 1997). However US studies on invasive P.

antipodarum show that wide distribution across many conditions is not necessarily an
indication of a general-purpose genotype (Dybdahl & Kane, 2005; Drown et al., 2011).
These studies suggest that the most widespread US clone tends to act as a habitatspecialist, opportunistically taking advantage of a favourable environmental condition
at the cost of a narrower niche breadth (Dybdahl & Kane, 2005; Drown et al., 2011).
The US clone studied by Dybdahl and Kane (2005), lineage US1, is the same MLG as
AUS2 (see Chapter 2). It would be valuable to explore if US1/AUS2 use the same
specialist strategy in Australia, a much older invasion. However, distinguishing between
clones acting as ‘general-purpose genotypes’ and ‘opportunistic specialists’ requires
detailed sampling of environmental factors and patterns of abundance-by-genotype
which are not possible with the data available for the current study.
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While there is some evidence consistent with Australian populations being
characterised by predominantly widespread generalist genotypes, this evidence should
be interpreted carefully. The variation in environmental parameters was slight and the
abundance of widespread clones may have overwhelmed the statistical detection of
small effects. Additionally, the environmental variables were opportunistically selected
and reflect a subset of all the possible parameters that have the potential to influence P.

antipodarum. For example, Schreiber et al. (2003) showed that the presence of P.
antipodarum may be influenced by the flow-driven disturbance and land-use context of
a site, variables that were not able to be considered in the present study. Furthermore,
mean values of environmental variables were used for the present study, but the
survival of genotypes is potentially defined by morphological and physiological
tolerances to habitat extremes. Thus, historical maximum values may have a stronger
relationship with genotype distribution. Similarly, while the use of contemporary
environmental data is practicable, it remains possible that the distribution of genotypes
in south-east Australia is a legacy of historical ecological factors.
The SNP loci used for genotype assignment were selected to be neutral genetic
markers (Paczesniak et al., 2013), meaning that mutational changes are not
representative of changes to adaptive fitness. As a result, it is not known whether or
how the SNP markers used in the present study relate to those genes under selection by
environmental pressures. Future studies will benefit from the identification of genes
under selection during invasion and the environmental pressures that influence the
fitness of these genes. This type of approach may reveal a stronger signal of
environmental selection on genotypes and potentially indicate genetically based
adaptation (Zenni & Hoban, 2015).
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In summary, the data from this study suggests that the current distribution of P.

antipodarum genotypes in Australia reflects the establishment and spread of a small
number of successful clonal lineages that later diverged through mutation. There is little
evidence for geographical structuring of genotypes across the invaded range in southeastern Australia, or that environmental variables influence the distribution of
particular genotypes. Taken together, these results suggest that the widespread and
successful Australian lineages may act as habitat-generalists, although this could only be
confirmed through detailed testing of the fitness responses of genotypes to local
conditions across the invaded range (see Chapter 4).

106

References
Agrawal A.A. (2001) Phenotypic plasticity in the interactions and evolution of species.
Science, 294, 321-326.
Allendorf F.W. & Lundquist L.L. (2003) Introduction: population biology, evolution, and
control of invasive species. Conservation Biology, 17, 24-30.
Alonso A. & Castro-Diez P. (2008) What explains the invading success of the aquatic
mud snail Potamopyrgus antipodarum (Hydrobiidae, Mollusca)? Hydrobiologia,
614, 107-116.
Alonso A. & Castro-Diez P. (2012) The exotic aquatic mud snail Potamopyrgus
antipodarum (Hydrobiidae, Mollusca): state of the art of a worldwide invasion.
Aquatic Sciences, 74, 375-383.
Atlas of Living Australia website at http://www.ala.org.au. Accessed 16 June 2015.
Baker H.G. (1965) Characteristics and modes of origins of weeds. In: The genetics of
colonizing species. (Eds H.G. Baker & G.L. Stebbins). Academic Press, New York.
Barrett S.C.H., Colautti R.I. & Eckert C.G. (2008) Plant reproductive systems and
evolution during biological invasion. Molecular Ecology, 17, 373-383.
Blackburn T.M., Pysek P., Bacher S., Carlton J.T., Duncan R.P., Jarosik V., Wilson J.R.U. &
Richardson D.M. (2011) A proposed unified framework for biological invasions.
Trends in Ecology & Evolution, 26, 333-339.
Borcard D., Gillet F. & Legendre P. (2011) Numerical ecology with R, Springer, New
York.
Bray J.R. & Curtis J.T. (1957) An ordination of upland forest communities of south
Wisconsin. Ecological Monographs, 27, 325-349.
Carneiro E., Mielke O.H.H., Casagrande M.M. & Fiedler K. (2014) Community Structure of
Skipper Butterflies (Lepidoptera, Hesperiidae) along Elevational Gradients in
Brazilian Atlantic Forest Reflects Vegetation Type Rather than Altitude. PLoS
ONE, 9.
Caron V., Ede F.J. & Sunnucks P. (2014) Unravelling the paradox of loss of genetic
variation during invasion: superclones may explain the success of a clonal
invader. PLoS ONE, 9.
Catford J.A., Jansson R. & Nilsson C. (2009) Reducing redundancy in invasion ecology by
integrating hypotheses into a single theoretical framework. Diversity and
Distributions, 15, 22-40.
Collado G.A. (2014) Out of New Zealand: molecular identification of the highly invasive
freshwater mollusk Potamopyrgus antipodarum (Gray, 1843) in South America.
Zoological Studies, 53.
Davidson A.M., Jennions M. & Nicotra A.B. (2011) Do invasive species show higher
phenotypic plasticity than native species and, if so, is it adaptive? A metaanalysis. Ecology Letters, 14, 419-431.
Department of Environment and Primary Industries. (2014) Water Measurement
Information System. Vol. 01/08/2014. State Government of Victoria, Melbourne.
Accessed online http://data.water.vic.gov.au/monitoring.htm on 16 June 2015.
107

Dorgelo J. (1987) Density fluctuations in populations (1982-1986) and biological
observations of Potamopyrgus jenkinsi in two trophically differing lakes.
Hydrobiological Bulletin, 21, 95-110.
Drown D.M., Levri E.P. & Dybdahl M.F. (2011) Invasive genotypes are opportunistic
specialists not general purpose genotypes. Evolutionary Applications, 4, 132143.
Dybdahl M.F. & Drown D.M. (2011) The absence of genotypic diversity in a successful
parthenogenetic invader. Biological Invasions, 13, 1663-1672.
Dybdahl M.F. & Kane S.L. (2005) Adaptation vs. phenotypic plasticity in the success of a
clonal invader. Ecology, 86, 1592-1601.
Dybdahl M.F. & Lively C.M. (1995) Diverse, endemic and polyphyletic clones in mixed
populations of a freshwater snail (Potamopyrgus antipodarum). Journal of
Evolutionary Biology, 8, 385-398.
Esri. (2011) ArcGIS Desktop v10.1. Environmental Systems Research Institute,
Redlands, California.
Fox J.A., Dybdahl M.F., Jokela J. & Lively C.M. (1996) Genetic structure of coexisting
sexual and clonal subpopulations in a freshwater snail (Potamopyrgus
antipodarum). Evolution, 50, 1541-1548.
Han X. & Hui C. (2014) Niche construction on environmental gradients: the formation of
fitness valley and stratified genotypic distributions. PLoS ONE, 9, e99775.
Haynes A., Taylor B.J.R. & Varley M.E. (1985) The influence of the mobility of
Potamopyrgus jenkinsi (Smith, E.A.) (Prosobranchia, Hydrobiidae) on its spread.
Archiv Fur Hydrobiologie, 103, 497-508.
Hershler R., Liu H.-P. & Clark W.H. (2010) Microsatellite evidence of invasion and rapid
spread of divergent New Zealand mudsnail (Potamopyrgus antipodarum) clones
in the Snake River basin, Idaho, USA. Biological Invasions, 12, 1521-1532.
Holomuzki J.R. & Biggs B.J.F. (1999) Distributional responses to flow disturbance by a
stream-dwelling snail. Oikos, 87, 36-47.
Hosea R.C. & Finlayson B. (2005) Controlling the spread of New Zealand mudsnails on
wading gear. California Department of Fish and Game, Rancho Cordova,
California.
Jacobsen R. & Forbes V.E. (1997) Clonal variation in life-history traits and feeding rates
in the gastropod, Potamopyrgus antipodarum: performance across a salinity
gradient. Functional Ecology, 11, 260-267.
Jacobsen R., Forbes V.E. & Skovgaard O. (1996) Genetic population structure of the
prosobranch snail Potamopyrgus antipodarum (Gray) in Denmark using PCRRAPD fingerprints. Proceedings of the Royal Society of London Series BBiological Sciences, 263, 1065-1070.
Jokela J., Lively C.M., Dybdahl M.F. & Fox J.A. (1997) Evidence for a cost of sex in the
freshwater snail Potamopyrgus antipodarum. Ecology, 78, 452-460.
Jombart T. (2008) adegenet: a R package for the multivariate analysis of genetic
markers. Bioinformatics, 24, 1403-1405.
108

Jombart T. & Ahmed I. (2011) adegenet 1.3-1: new tools for the analysis of genomewide SNP data. Bioinformatics, 27, 3070-3071.
Jombart T., Devillard S. & Balloux F. (2010) Discriminant analysis of principal
components: a new method for the analysis of genetically structured
populations. Bmc Genetics, 11.
Lassen H.H. (1978) The migration potential of freshwater snails exemplified by the
dispersal of Potamopyrgus jenkinsi. Natura Jutlandica, 20, 237-242.
Lee C.E. (2002) Evolutionary genetics of invasive species. Trends in Ecology &
Evolution, 17, 386-391.
Lee C.E. & Petersen C.H. (2002) Genotype-by-environment interaction for salinity
tolerance in the freshwater-invading copepod Eurytemora affinis. Physiological
and Biochemical Zoology, 75, 335-344.
Levri E.P. & Clark T.J. (2015) Behavior in invasive New Zealand mud snails
(Potamopyrgus antipodarum) is related to source population. Biological
Invasions, 17, 497-506.
Lockwood J.L., Cassey P. & Blackburn T. (2005) The role of propagule pressure in
explaining species invasions. Trends in Ecology & Evolution, 20, 223-228.
Lynch M. (1984) Destablizing hybridization, general-purpose genotypes and geographic
parthenogenesis. Quarterly Review of Biology, 59, 257-290.
Meirmans P.G. & Van Tienderen P.H. (2004) GENOTYPE and GENODIVE: two programs
for the analysis of genetic diversity of asexual organisms. Molecular Ecology
Notes, 4, 792-794.
Moyle P.B. & Light T. (1996) Biological invasions of fresh water: empirical rules and
assembly theory. Biological Conservation, 78, 149-161.
Nei M. (1987) Molecular Evolutionary Genetics, Columbia University Press, New York.
Neiman M., Hehman G., Miller J.T., Logsdon J.M., Jr. & Taylor D.R. (2010) Accelerated
mutation accumulation in asexual lineages of a freshwater snail. Molecular
Biology and Evolution, 27, 954-963.
Neiman M., Larkin K., Thompson A.R. & Wilton P. (2012) Male offspring production by
asexual Potamopyrgus antipodarum, a New Zealand snail. Heredity, 109, 57-62.
Neiman M. & Linksvayer T.A. (2006) The conversion of variance and the evolutionary
potential of restricted recombination. Heredity, 96, 111-121.
Oksanen J., Guillaume Blanchet F., Kindt R., Legendre P., Minchin P.R., O'Hara R.B.,
Simpson G.L., Solymos P., Henry M., Stevens H. & Wagner H. (2015) Vegan:
Community Ecology Package. R package version 2.2-1.
Paczesniak D., Jokela J., Larkin K. & Neiman M. (2013) Discordance between nuclear and
mitochondrial genomes in sexual and asexual lineages of the freshwater snail
Potamopyrgus antipodarum. Molecular Ecology, 22, 4695-4710.
Parker E.D. (1979) Ecological implications of clonal diversity in parthenogenetic
morphospecies. American Zoologist, 19, 753-762.
Peakall R. & Smouse P.E. (2006) GENALEX 6: genetic analysis in Excel. Population
genetic software for teaching and research. Molecular Ecology Notes, 6, 288-295.
109

Peakall R. & Smouse P.E. (2012) GenAlEx 6.5: genetic analysis in Excel. Population
genetic software for teaching and research-an update. Bioinformatics, 28, 25372539.
Peccoud J., Figueroa C.C., Silva A.X., Ramirez C.C., Mieuzet L., Bonhomme J., Stoeckel S.,
Plantegenest M. & Simon J.C. (2008) Host range expansion of an introduced
insect pest through multiple colonizations of specialized clones. Molecular
Ecology, 17, 4608-4618.
Phillips N.R. & Lambert D.M. (1989) Genetics of Potamopyrgus antipodarum
(Gastropoda: Prosobranchia): evidence for reproductive modes. New Zealand
Journal of Zoology, 16, 435-445.
Ponder W.F. (1988) Potamopyrgus antipodarum - a molluscan coloniser of Europe and
Australia. Journal of Molluscan Studies, 54, 271-285.
Prentis P.J., Wilson J.R.U., Dormontt E.E., Richardson D.M. & Lowe A.J. (2008) Adaptive
evolution in invasive species. Trends in Plant Science, 13, 288-294.
Pringle J.M., Blakeslee A.M.H., Byers J.E. & Roman J. (2011) Asymmetric dispersal allows
an upstream region to control population structure throughout a species’ range.
Proceedings of the National Academy of Sciences, 108, 15288-15293.
R Core Team. (2014) R: A language and environment for statistical computing. R
Foundation for Statistical Computing, Vienna, Austria.
Raftery A.E. (1995) Bayesian model selection in social research. In: Sociological
Methodology 1995, Vol 25. (Ed P.V. Marsden), pp. 111-163. Sociological
Methodology.
Richards C.L., Bossdorf O., Muth N.Z., Gurevitch J. & Pigliucci M. (2006) Jack of all trades,
master of some? On the role of phenotypic plasticity in plant invasions. Ecology
Letters, 9, 981-993.
Roman J. & Darling J.A. (2007) Paradox lost: genetic diversity and the success of aquatic
invasions. Trends in Ecology & Evolution, 22, 454-464.
Schreiber E.S.G., Glaister A., Quinn G.P. & Lake P.S. (1998) Life history and population
dynamics of the exotic snail Potamopyrgus antipodarum (Prosobranchia :
Hydrobiidae) in Lake Purrumbete, Victoria, Australia. Marine and Freshwater
Research, 49, 73-78.
Schreiber E.S.G., Quinn G.P. & Lake P.S. (2003) Distribution of an alien aquatic snail in
relation to flow variability, human activities and water quality. Freshwater
Biology, 48, 951-961.
Scoble J. & Lowe A.J. (2010) A case for incorporating phylogeography and landscape
genetics into species distribution modelling approaches to improve climate
adaptation and conservation planning. Diversity and Distributions, 16, 343-353.
Sepulveda A.J. & Marczak L.B. (2012) Active dispersal of an aquatic invader determined
by resource and flow conditions. Biological Invasions, 14, 1201-1209.
Sjogren P. & Wyoni P.I. (1994) Conservation genetics and detection of rare alleles in
finite populations. Conservation Biology, 8, 267-270.
Soper D.M., Hatcher K.M. & Neiman M. (2015) Documentation of copulatory behaviour
in triploid male freshwater snails. Ethology Ecology & Evolution, 1-7.
110

Sunnucks P., Chisholm D., Turak E. & Hales D.F. (1998) Evolution of an ecological trait in
parthenogenetic Sitobion aphids. Heredity, 81, 638-647.
Von Holle B. & Simberloff D. (2005) Ecological resistance to biological invasion
overwhelmed by propagule pressure. Ecology, 86, 3212-3218.
Vrijenhoek R.C. (1998) Animal clones and diversity. Bioscience, 48, 617-628.
Wallace C. (1992) Parthenogenesis, sex and chromosomes in Potamopyrgus. Journal of
Molluscan Studies, 58, 93-107.
Weetman D., Hauser L. & Carvalho G.R. (2002) Reconstruction of microsatellite
mutation history reveals a strong and consistent deletion bias in invasive clonal
snails, Potamopyrgus antipodarum. Genetics, 162, 813-822.
Williamson M. & Fitter A. (1996) The varying success of invaders. Ecology, 77, 16611666.
Zenni R.D. & Hoban S.M. (2015) Loci under selection during multiple range expansions
of an invasive plant are mostly population specific, but patterns are associated
with climate. Molecular Ecology, 24, 3360-3371.
Zepeda-Paulo F.A., Simon J.C., Ramirez C.C., Fuentes-Contreras E., Margaritopoulos J.T.,
Wilson A.C.C., Sorenson C.E., Briones L.M., Azevedo R., Ohashi D.V., Lacroix C.,
Glais L. & Figueroa C.C. (2010) The invasion route for an insect pest species: the
tobacco aphid in the New World. Molecular Ecology, 19, 4738-4752.

111

113

114

Chapter 4.
Differential performance among genotypes in a clonal
invader

Abstract
Introduced organisms vary greatly in their invasion success. The outcome of an invasion
is likely to be governed by a combination of suitable habitat, stochastic factors and
invasive traits. A range of traits have been proposed as facilitators of invasion success,
and within-species variation in these traits can promote differential success of
genotypes. The performance of different genotypes of a clonal freshwater invader,

Potamopyrgus antipodarum, were tested across a suite of invasion-relevant traits.
Desiccation resistance, active movement characteristics, exploration behaviours and
life-history responses to abiotic stressors were tested in three clonal genotypes of P.

antipodarum in a series of experiments. Ecologically-relevant variation among the
clones was identified for these traits, including differences in desiccation resistance,
dispersal speed, and reproduction and growth rates under different conditions. . These
differences suggest potential differential invasion success and may account for the
current and potential future spatial distribution of clones.
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Introduction
The varying invasion success of introduced species has been studied for decades and
generated many hypotheses regarding why some species are more successful invaders
than others (Lowry et al., 2013). These hypotheses tend to be specific to environments,
scenarios or species, with no universal predictors of invasion success (Hayes & Barry,
2008). Instead, invasion success is typically governed by the intersection of
environmental conditions, stochastic factors and species’ invasive traits (Sakai et al.,
2001).
Invasive traits are the characteristics or attributes of an organism that assist in
the establishment and spread of an invasive species (Kolar & Lodge, 2001). These traits
may be the result of pre-adaptation of the organism to the new environment to which
they are introduced (Prentis et al., 2008). Phenotypic plasticity of traits may also allow
an organism to exploit a wide range of conditions and to take advantage of
environmental variability (Davidson et al., 2011). Traits may also evolve rapidly as an
invasive organism adapts to a new environment (Lee, 2002).
Understanding the traits on which invasion success is based is a major challenge
in invasion biology, critically important for revealing the role of natural selection in
invasiveness (Lee, 2002; Whitney & Gabler, 2008). Invasive traits have also been
proposed as predictors of which species may become invasive (Romanuk et al., 2009;
Lowry et al., 2013). Studying invasive traits requires a successful invader to be
compared with competitors, other invasive species or similar non-invasive species. Such
comparisons are complicated by the potential masking of invasive traits by other
characteristics or underlying genetic differences. Clonal organisms present an
opportunity for studying invasive traits while controlling for the potentially
confounding effects of genetic variation. Where a gradient of invasion success exists
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among clones, comparison of trait differences is likely to indicate which traits, or their
combinations, assist in the establishment and spread of successful invaders.
Clonal organisms are well represented amongst the ranks of invasive species
(Roman & Darling, 2007), disproportionately so in some invasion scenarios (Hoffmann

et al., 2008). This is due to multiple demographic and evolutionary advantages of
asexual reproduction. An asexual reproductive mode confers demographic advantages
on invaders by releasing them from the cost of producing males and the need to find
reproductive partners (Jokela et al., 1997a). This theoretically allows a solo
parthenogenetic female to initiate an invasion (Barrett et al., 2008). There are also
evolutionary advantages to asexual reproduction. The unit of selection in sexual
organisms is the gene, whereas in asexual organisms it is genomes; thus fit asexual
genotypes are not threatened by recombination (Roman & Darling, 2007). While
asexual reproduction incurs the cost of not gaining the new genotypic combinations
that would be achieved through sexual recombination, parthenogenetic organisms can
compensate through mutational diversification. Through this mechanism, evolution of
traits can occur rapidly in large populations of clonal organisms (Sunnucks et al., 1998).
Clonal selection can be very effective at determining the origination and persistence of
invasive genotypes (Roman & Darling, 2007).
Successful invasive genotypes will extend their range to the boundaries of the
appropriate “environmental space” as dictated by their ecological niche and
environmental tolerances (Davis, 2009). With sufficient genotypic diversity or
phenotypic plasticity, different clonal lines can exploit different environments. This
within-species variation could manifest as differences in invasive range as specialist
genotypes inhabit particular environments (Drown et al., 2011), or favour a single
widely distributed generalist ‘superclone’ (Caron et al., 2014). Superclones are clonal
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genotypes that are widespread and ecologically successful across a range of
environmental conditions (Vorburger et al., 2003).
Invasion-relevant traits that might vary within species and affect the distribution
of clones across a landscape include life-history characteristics, behaviour, morphology
and physiological tolerances (Blackburn et al., 2009; Chapple et al., 2012; Lowry et al.,
2013). In some cases variation in traits may determine the success or failure of an
introduced species. Resistance to egg-desiccation was critical in determining the
distribution limits of invasive Aedes aegypti in northern Australia (Kearney et al.,
2009). The authors showed that evolution of this trait was a defining factor in the
predicted speed and extent of A. aegypti invasion, and may be the controlling factor of
invasiveness in this species in Australia. Variation in such traits has been examined in
many invasion systems (Dlugosch & Parker, 2008), yet the lack of generalisable
predictors of invasion success suggests that further quantitative and qualitative
understanding of traits is necessary.
In the present study, the performance of different clonal populations of the
global freshwater invader Potamopyrgus antipodarum was experimentally assessed,
testing potential invasion-relevant traits. Potamopyrgus antipodarum, a hydrobiid snail
native to New Zealand (Ponder, 1988), has successfully invaded streams in Europe, the
Americas, Asia and Australia (Alonso & Castro-Diez, 2012a;

Collado, 2014).

Potamopyrgus antipodarum reproduces almost exclusively by parthenogenesis in its
invaded range, despite the coexistence of sexual and asexual reproduction in its native
range (Fox et al., 1996). The species is ovoviviparous, highly fecund, and can rapidly
reach very high population densities (Dorgelo, 1987). These life history characteristics
are likely to assist in the establishment of P. antipodarum in new environments
(Wallace, 1992), but simultaneously create conspecific competition that motivates
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dispersal (Gueijman et al., 2013). As a result, the spread of P. antipodarum is on-going
and the invaded area increasing.
Invasive populations of P. antipodarum are typified by low genotypic diversity,
with populations in Australia, Europe and the US composed of a small number of widely
distributed clones (Chapter 2; Hauser et al., 1992; Jacobsen et al., 1996; Weetman et al.,
2002; Stadler et al., 2005; Dybdahl & Drown, 2011, but see Hershler et al., 2010). There
is evidence of variation in invasion traits among clonal genotypes, and in some cases
this variation has been correlated with differing invasion success (Levri & Clark, 2015).
The present study examined a diverse suite of traits that vary across the P. antipodarum
invaded range, and are likely to play a role in the invasion success of this species.
Desiccation resistance, active movement characteristics, exploration behaviour
and life-history responses to abiotic stressors were selected as suitable traits to
quantify and compare in invasive P. antipodarum. They were selected for the following
reasons:
i)

Desiccation resistance - Aquatic invertebrates, such as freshwater molluscs, are
typically limited to dispersal within waterbodies. However, the distribution of some
invasive freshwater molluscs suggests that overland transport is an important
factor in their spread (Matthews et al., 2014). In such cases, greater desiccationresistance through tolerance of air exposure should facilitate overland dispersal
(Ricciardi et al., 1995). Several dispersal vectors, including birds and recreational
boats, have been implicated in the spread of P. antipodarum, and have contributed
to a prediction of rapid expansion of its invaded range in Australia (Zaranko et al.,
1997; Loo et al., 2007a; Loo et al., 2007b). Utilisation of these vectors of dispersal
is contingent on tolerance to air exposure, inspiring studies focusing on this trait in
US and European populations (Richards et al., 2004; Lysne & Koetsier, 2006;
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Alonso & Castro-Diez, 2012b). Air tolerance is proportional to snail size and air
humidity, so air exposure has been proposed as a measure to control spread
(Alonso & Castro-Diez, 2012b). However, none of these studies explored withinspecies or among-genotype differences in air tolerance.
ii) Movement rate – The spread of invasive species can be limited by rates of active
dispersal (Kappes & Haase, 2012). The active dispersal of P. antipodarum has been
studied under a variety of resource and flow conditions (Sepulveda & Marczak,
2012). The rate and frequency of P. antipodarum movement is highly variable
among studies and has been attributed to many factors including study time-frame,
substrate, resource availability and flow (Sepulveda & Marczak, 2012).
iii) Exploratory behaviour - Exploratory behaviour promotes dispersal into new
environments and increases the probability of transportation and introduction
events (Chapple et al., 2012). In this way, animal behaviours can facilitate invasion
success (Pavlov et al., 2006;

Liebl & Martin, 2012). Rheotaxis, geotaxis,

photokinesis and dispersal behaviours have all been found to vary among invasive

P. antipodarum genotypes, and have been associated with invasion success (Levri &
Clark, 2015). Exploratory tendencies may complement these behaviours in
promoting range expansion beyond simple diffusion patterns (Holway & Suarez,
1999).
iv) Stress response – A stressor is a variable that exceeds its range of normal variation,
adversely affecting organisms (Matthaei et al., 2010). When invasive organisms are
introduced to biogeographic regions where they did not evolve, they are likely to
face many variables that exceed the range of variation to which the organism is
accustomed (Novak, 2007). Trait plasticity and effective adaptation can confer
higher fitness and influence the success of invasive organisms in the face of novel
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environments (Dybdahl & Kane, 2005). Potamopyrgus antipodarum invades a wide
range of habitats that vary in potential salinity- and temperature-stress (Alonso &
Castro-Diez, 2012a). Gradients of these environmental factors may impact clonal
distributions, as indicated for salinity in Europe (Jacobsen & Forbes, 1997). Withinspecies variation has also been documented among US clones for tolerance to
salinity (Drown et al., 2011), temperature (Dybdahl & Kane, 2005), and
conductivity and temperature (Levri et al., 2014). Interactions between salinity and
temperature stressors are less well understood. Multiple environmental stressors
in combination can result in synergistic (increased stress) or antagonistic
(decreased stress) outcomes (Folt et al., 1999). Such effects, and their differences
among genotypes, have not been quantified in P. antipodarum.

The existing literature suggests that different P. antipodarum clones are likely to have a
suite of trait differences determining invasion outcomes. It is not clear how these traits
interact or if some are ultimately more important in invasion scenarios. Many traits
have been associated with invasion success, suggesting that different traits are
beneficial in specific scenarios, or that a suite of traits acts to facilitate invasion success.
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The present study is the first to quantify variance in invasion traits among Australian P.

antipodarum clonal genotypes. To the best of my knowledge it is also the first quantified
comparison of genotypes across a suite of traits known to influence invasion success.
The aims of this study were two-fold:
i)

To measure variation in ecologically-relevant traits among three Australian P.

antipodarum clonal genotypes. Desiccation resistance, movement rate and
exploratory behaviours were investigated, as well as life history and fitness
responses to conductivity and temperature gradients.
ii) To compare performance of the three genotypes across the suite of traits,
establishing if any one clone consistently performs better. Genotypes were ranked
by performance in a given experiment, and these rankings were used as a simple
metric to compare consistency.

Methods

Snail collection and husbandry
Three laboratory cultures of P. antipodarum were established, sourced from snails
originating at three geographically separated populations in Victoria, Australia (Figure
1). Two populations were sampled from the Bass River, one in an upstream reach
predominantly flowing through agricultural areas (hereafter “Glen Forbes”) and one
approximately 6.8 km downstream in a reach flowing through an urban area (hereafter
“Bass”). The third population was sampled from the Tarra River, immediately
downstream of remnant native forest covering the top of its catchment. These three
sites were selected because repeated Single-Nucleotide Polymorphism (SNP) surveys
over a year (2012) revealed the three populations to each be representative of a distinct
parthenogenetic line, genetically homogeneous within (see Chapter 3; subsequent SNP
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surveys at Bass revealed variation not detected in samples collected for the present
study. This is likely caused by the arrival of snails from upstream during a large flow
event following initial collection). The three clonal lineages from Bass, Glen Forbes and
Tarra correspond to known genotypes AUS1, AUS2 and AUS3, respectively (Chapter 3).
These genotypes are common and widespread throughout south-eastern Australia
(Chapter 3). The collection sites at Bass, Glen Forbes and Tarra vary in their condition,
discharge and frequency of dry-down (Department of Environment and Primary
Industries, 2014).

Figure 1. Locations in the state of Victoria, Australia, of Potamopyrgus antipodarum
populations collected for use in ecological-trait experiments.
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Cultures were maintained in 15 L glass aquaria aerated with an air pump. They
were situated in a controlled temperature environment (18°C) under a 12:12 light:dark
cycle. Snails were fed with crushed dry algae wafers (AQUARIAN, Mars Fishcare Inc.), at
a rate of 0.02 mg per snail per week. In order to control for any potential maternal
environmental effects, study organisms were cultivated over multiple generations in a
common environment (Moloney et al., 2009). Offspring of snails from each source
population were removed to new aquaria and housed within their three population
groups. The third generation of snails were also collected, and then housed in a third set
of aquaria. Snails from this third generation were chosen at random (within size-class
constraints required by experimental protocol) to be placed in experimental
treatments. In this way all snails used for experiments, and their mothers, were raised
separately under the same controlled conditions, reducing the likelihood of maternal
environmental effects (Moloney et al., 2009). Snails were randomly assigned to
experiments and treatments, and no snail was used in more than one experiment or
treatment. All statistical analyses were performed in R version 3.1.2 (R Core Team,
2014) within R Studio version 0.98.1102 (RStudio, 2012). Significance was set at p =
0.05 and corrected for multiple comparisons where noted below.

Experiment 1: Desiccation resistance
A common-garden experiment was conducted in which randomly-selected individuals
from each snail genotype culture (Bass, Glen Forbes and Tarra) were subjected to seven
different periods of air exposure, prior to the snails being rewetted. Shell length
correlates with desiccation resistance (Richards et al., 2004), so all snails were selected
from the same size-class (mean 4.35 ± 0.38 mm). Each snail was individually removed
from its culture, measured and for 30 seconds external moisture was removed from the
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shell using dry laboratory wipes. Snails were then individually placed in empty
hemispherical vessels (radius 20 mm) and left exposed to the air for 3, 6, 12, 24, 48, or
72 hours. A control group was similarly treated, but immediately rewetted (0 hours).
Air and water temperatures were maintained at 18°C. After an exposure period, the
snails in that treatment were rewetted by having their vessel filled with the same water
used to maintain the cultures. Mortality was immediately assessed, and then again at 24,
48, 72, 96, 168 and 240 hours post-rewetting. Mortality (dead or alive) was judged
using microscopy. A snail that was mobile or capable of retracting its operculum was
assessed as alive, otherwise it was considered dead. Each treatment combination of
genotype and air exposure was replicated 20 times, generating a total of 420
independent measurements (140 snails per genotype).
A probit regression model was fitted to the proportional mortality of snails
within each genotype-air exposure treatment. These curves were used to estimate the
air exposure in hours (lethal time or LT) required to kill 25%, 50%, 75% and 99% of
snails (LT25, LT50, LT75 and LT99, respectively). The LTs were calculated at 0, 24, 48,
72, 96, 168 and 240 hours post-rewetting, so delayed mortality effects could be
detected. Confidence limits (95%) were calculated for each LT value, allowing
comparison between groups using confidence interval overlap tests (Wheeler et al.,
2006). LT50 is a commonly used benchmark in testing exposure responses and LT99
has been used to make recommendations in regard to controlling spread of invasive
organisms including P. antipodarum (Alonso & Castro-Diez, 2012b). Estimating LT100
is not possible due to the asymptotic tail of probit functions. LT25 and LT75 were also
considered, in order to increase sensitivity to changes in response curves.
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To test for delayed effects of air exposure, the LT25 values for each genotype
were regressed against time post-rewetting (0, 24, 48, 72, 96, 168 and 240 hours). If air
exposure had only immediate mortality effects (snails that were alive at rewetting
remained alive at all later observation times) then the regression slope would be 0. A
significant negative regression slope would indicate that some initial survivors
experienced delayed mortality (snails alive at rewetting later died). Regression lines
were then compared among genotypes using analysis of covariance (ANCOVA) followed
by a post hoc Tukey’s Honest Significant Difference (Tukey’s HSD) test. For each
ANCOVA, the relevant LT was modelled as the dependent variable, with genotype as the
independent variable and time post-rewetting as the covariate. A difference in slopes is
interpreted as a difference in the rate of change of LT through time post-rewetting, or a
different degree of delayed mortality. If slopes are significantly different between
genotypes, then testing for other differences is not relevant, as the result will be
dependent on observation time. Where slopes are not significantly different, differences
in intercept are interpreted as differences in the magnitude of LT. The process was
repeated for LT50, LT75 and LT99 values.

Experiment 2: Movement rate
Movement experiments were conducted in an artificial arena under no-flow conditions.
The arena consisted of a shallow tank with smooth base (340 mm x 340 mm) and walls
(50 mm). Aquarium water was used to fill the arena to a depth of 25 mm. The tank was
emptied, dried and refilled between every trial. The rate of movement around the arena
was calculated for the three genotypes (Bass, Glen Forbes and Tarra), with each trial
consisting of five adult snails (4.35 ± 0.38 mm) from the same genotype. All trials were
run under identical laboratory conditions to control for factors known to affect P.
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antipodarum movement including light and gravity (Levri & Clark, 2015), flow
conditions (Sepulveda & Marczak, 2012) and predator presence (Levri et al., 2012). At
the start of each trial, snails were individually taken from the culture, measured, and
moisture and debris removed from the shell. Snails were then placed in the centre of the
arena and their position recorded every 30 seconds for two hours, using a digital
camera. Five trials were run for each genotype, generating a total of 75 individual
measurements (25 snails per genotype). Digital images were used to reconstruct a
pathway of movement using a purpose-built plugin for ImageJ software (Abramoff et al.,
2004). Average and maximum rates of movement, and time of first movement, were
calculated for each snail. After the data were found to meet the assumptions of
parametric statistical analysis, a nested analysis of variance (ANOVA) was conducted
separately for each of these calculated variables. For each ANOVA, the dependant
variable was the movement index (average, maximum or time of first movement), with
trials nested within the predictor variable, genotype. Post hoc Tukey’s HSD tests were
then used to examine differences between genotypes.

Experiment 3: Exploratory behaviour
Exploration experiments were conducted as a repeat of the movement rate
experiments, but with the addition of a barrier to movement. An unlidded, glass Petri
dish (radius 15 mm) was placed in the centre of the arena. The dish was submerged
such that the water height was constant across the arena, both in- and outside the dish,
and the lip of the dish emerged 2 mm above the water surface. In this way, any snail
moving from the dish to the rest of the arena exposed itself to air. As with the
movement rate experiments, five trials were run for each genotype with each trial
composed of five snails from a genotype culture. After being measured and cleaned, the
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snails were placed in the centre of the Petri dish and their position was recorded using a
digital camera every 30 seconds for two hours. Digital images were used to determine
the time at which a snail first left the glass dish. Mean proportion of snails leaving the
dish per trial was calculated, and differences between genotypes were explored using
single-factor ANOVA and post hoc Tukey’s HSD tests.

Experiment 4a and 4b: Survival, growth and reproduction in response to temperature
and salinity stressors
Two experiments were conducted with full-factorial crosses of temperature, salinity
and genotype treatments. Each experiment involved three levels of temperature (12 °C,
18 °C and 24 °C) crossed with three levels of salinity (0 mS/cm, 1 mS/cm, 5 mS/cm) for
each of the three genotypes (Bass, Glen Forbes, Tarra). This yielded 27 treatment
combinations in total. Temperatures were selected because 12 °C and 24 °C are known
be stressful on P. antipodarum, relative to comparatively favourable 18 °C (Dybdahl &
Kane, 2005). These guidelines are based on tolerances of US P. antipodarum, and
provenance could be an important factor determining optimum conditions. However,
the collection sites in the present study each vary in temperature across a similar range
(Department of Environment and Primary Industries, 2014), indicating that the
optimum for Australian lineages is likely to also lie within this range. Salinity was
measured as electrical conductivity (mS/cm) adjusted to 25 °C. Conductivity is a
commonly-used, rapid measure of salinity (Kefford & Nugegoda, 2005). Salinity was set
by mixing DI water (0 mS/cm) with the artificial sea salt, Ocean Nature (Aquasonic,
Wauchope, NSW). Ocean Nature was chosen because most inland Australian waters
have similar ionic proportions to that of sea water (Bayly & Williams, 1973) and this
product has been found to be appropriate for testing salinity tolerance of Australian
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freshwater invertebrates (Kefford et al., 2004). Previous work suggests that P.

antipodarum life-history traits are negatively affected by conductivity <0.3 mS/cm
(Herbst et al., 2008). Potamopyrgus antipodarum responses to salinity have been tested
at levels higher than 5 mS/cm (Jacobsen & Forbes, 1997; Drown et al., 2011). However,
5 mS/cm was selected as the highest salinity treatment because it is known to cause
non-lethal stress on freshwater molluscs in Australia (Kefford & Nugegoda, 2005) and
exceeds the maximum recorded conductivity at P. antipodarum collection sites
(Department of Environment and Primary Industries, 2014). Thus it should act as a
novel stressor without killing all the subjects.

Experiment 4a: From each population culture 180 female P. antipodarum of 2.6-5.0 mm
shell length (linear distance between apex and bottom of aperture) were randomly
selected. Reproductive maturity is generally achieved at 3-3.5 mm (Alonso & CastroDiez, 2012a), and growth rate has previously been estimated to be such that all snails
were expected to be potentially reproductively active across the majority of the
experiment (40 weeks; Winterbourn, 1970; Neiman et al., 2013). Individual snails were
randomly assigned to treatments to provide 20 snails for each genotype x temperature
x salinity combination. Size distributions for each treatment combination were
compared using single-factor ANOVA and were not significantly different (p > 0.05).
Snails were housed individually, because density of P. antipodarum is known to affect
their reproductive output (Neiman et al., 2013; Zachar & Neiman, 2013). Each snail was
housed in a 25 mL cylindrical vessel containing 20 mL of water at the appropriate
conductivity according to assigned treatment. Vessels were placed in one of three water
baths at 12 °C, 18 °C or 24 °C. Water was changed and waste removed from each vessel,
every fourteen days. All other conditions were kept as per culture conditions - a 12:12
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light:dark cycle and food provided as above. Every fourteen days, vessels were checked
for snail offspring, any of which were recorded and removed. Only crawl-away offspring
were recorded, as a means of incorporating the level of fitness of offspring into the
analysis. The experiment was maintained for 40 weeks. Any dead snails were replaced,
but not included in analyses. The minimum number of surviving snails in any treatment
combination was 16.
The proportion of individuals that reproduced in each group was compared in a
three-way factorial analysis of deviance using a Generalized Linear Model (GLM) with
binomial error distribution. Next, the count data of offspring per female were subjected
to a Shapiro-Wilk normality test and were found to violate the assumption of normally
distributed errors (Shapiro-Wilk test statistic = 0.492, p < 0.001). As a result a GLM
was fitted using Poisson errors, before being adjusted to quasi-Poisson errors to deal
with apparent over-dispersion (Crawley, 2005). A process of model simplification was
then undertaken using chi-square tests to compare increasingly simplified models,
resulting in the minimal adequate model explaining reproductive output.

Experiment 4b: A second experiment similar to 4a was conducted, but using snails of a
juvenile size-class, 0.4-2.0 mm. Snails of this size were selected so that growth rate,
maximum size and time at first reproduction could all be measured alongside offspring
production. Individuals were selected, housed and maintained in the same manner as
mature snails (Experiment 4a). Initial size distributions of snails in each treatment
combination were compared using single-factor ANOVA and were not significantly
different. In addition to the procedures from Experiment 4a, every fourteen days
juveniles were photographed under a dissection microscope, with a micrometre for
scale. These digital photos were used to determine shell length using ImageJ software
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(Abramoff et al., 2004). Crawl-away offspring were recorded and removed from vessels,
and size at first reproduction was noted.
Growth traits were examined using curve-fitting analysis, using nonlinear leastsquares regression to fit growth curves to individual snails (after Dybdahl & Kane,
2005). The growth of a P. antipodarum shell is well described by a logistic curve,
asymptotic around the time of reproductive maturity (Winterbourn, 1970). The length
of a snail can be given as:
𝑦=

𝛼
1 + exp[−𝛽(𝑥 − 𝛿)]

Where: y = length of the snail

x = age of the snail
α = asymptotic size
β = growth rate
δ = age at (α/2)

The age of the snail (x ) was not directly measured, but instead substituted with the
time since the experiment commenced. The parameter estimates of α and β for each
snail were then used as dependent variables in a multivariate analysis of variance
(MANOVA, Type III Sums of squares (SS)) against genotype, temperature and salinity as
independent variables. Pillai’s trace was used as the test statistic for the MANOVA, as it
often considered the most robust of MANOVA statistics (Pillai & Hsu, 1979).
An insufficient number of snails reproduced in the 24 °C treatment, so they were
excluded from further analysis for this outcome. The proportion of snails reproducing
was explored as in Experiment 4a, using GLM with quasi-binomial distribution of errors.
The number of offspring per female was tallied, and a Shapiro-Wilk normality test
indicated a significant departure from normally distributed errors (Shapiro-Wilk test
statistic = 0.471, p < 0.001). A GLM with quasi-Poisson error distribution was fitted and
a process of model simplification was then undertaken using chi-square tests. Through
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comparison of increasingly simplified models, the minimal adequate model explaining
reproductive output was identified.
Size at first reproduction was analysed as the dependent variable in a 3-factor
ANOVA (Type III SS), using genotype, temperature and salinity treatments as fullycrossed predictor variables. Significant results were explored using Tukey’s HSD tests.

Ranking invasiveness
To determine if variation among clones was consistent across all potential invasiveness
traits, relative performance in each experiment was ranked. Where an analysis resulted
in significant differences between population means, the three genotypes were ranked
according to relative potential invasiveness implied by the trait being tested. Each
significant result was tabulated in this way and scored as follows: a top ranking scoring
three points, two points for second rank and one point for last. Where two genotypes
were significantly different from the third genotype but not from each other, they were
scored equally according to their rank. Points were tallied across all experiments,
resulting in a simple index of differences among clones within each measured trait, as
well as across the combination of traits.

Results

Experiment 1: Desiccation resistance
At all observation times for all genotypes, the calculated mortality proportion for
control groups (0 hours air exposure) was ≤15% (Figure 2), and didn’t significantly
differ by genotype (ANOVA, F2,18 = 2.31, p = 0.128). Accordingly, differences among
treatment groups, which experienced higher mortality, were attributed to treatment
effects. In general, response curves at later observation times shifted up the mortality
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axis and down the air exposure axis (Figure 2), meaning that as time post-rewetting
increased, so did cumulative mortality, at nearly all levels of air exposure. This delayed
mortality is confirmed by significant negative slopes fitted to LT values, modelled as a
function of time post-rewetting (Table 1). A significant negative slope of LT vs time
post-rewetting implies that as time since rewetting elapses, there is a decrease in the
length of initial air exposure required to cause eventual death. All relationships were
significant and negative except for LT99 Bass and LT99 Tarra (Table 1; Figure 3).
Comparing genotype regression lines using ANCOVA produced mixed results at
different LTs. For LT99 slopes, a significant interaction was found between genotype
and the covariate time post-rewetting (F2,15 = 5.152, p = 0.0198), implying a significant
difference in the rate of change of LT99 among genotypes (Figure 3). Similarly a
significant genotype:covariate interaction was found when comparing LT25 slopes
(F2,15 = 3.962, p = 0.0415; Figure 3).
No significant differences in slope were found when comparing LT50 curves
(F2,15 = 1.35, p = 0.289), so the genotype:covariate interaction term was removed from
the model, which did not significantly affect the model fit (ANOVA, p = 0.29).
Comparison of genotypes within this more parsimonious model revealed significant
differences between intercept values of LT50 slopes, suggesting that the air exposure
required to kill 50% of Tarra snails was significantly greater than that required for Bass
or Glen Forbes, and that Bass was significantly greater than Glen Forbes (Table 1;
Figure 3). A higher LT50 implies that a population has greater desiccation resistance,
thus for this trait Tarra was ranked 1st, Bass 2nd and Glen Forbes 3rd (Table 2).
Comparison of LT75 curves produced no significant interaction term (F2,15 =
2.633, p = 0.105), and removing the genotype:covariate interaction did not significantly
affect model fit (ANOVA, p = 0.11). LT75 was again found to be significantly greater for
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Tarra snails, but no difference was detected between Glen Forbes and Bass (Table 1;
Figure 3).
Confidence interval overlap ratios showed no significant change in Bass, Glen
Forbes, or Tarra LT99 estimates over time post-rewetting (p > 0.05), despite the
significant linear relationship for Glen Forbes LT99 values. From this it can be inferred
that the air exposure required to kill 99% of Tarra or Bass snails does not change over
the time period that observations were made. An estimated air exposure of 69.67 hours
(equal to LT99 + upper confidence limit at 240 hours post-rewetting) is likely to result
in death of 99% of snails.
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Figure 2. Probit regression curves for cumulative mortality of Potamopyrgus antipodarum
against time exposed to air. Response curves and measurements for each
genotype are represented by different lines and markers, respectively. Bass
(…∆…), Glen Forbes (---●---), Tarra (―x―). Each plot represents a different
observation time post-rewetting, as indicated in top left corner of each plot.
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table of ANCOVA comparison of regression slopes within LT levels (Expt.1). Time post-rewetting is used as the covariate term in all

Table 1. Linear regression models fitted to LT values vs observation time for three clonal genotypes of Potamopyrgus antipodarum, and summary
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Tarra (―□―). (Experiment 1).
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the sampled population. Each plot shows the model fitted to each of three clonal genotypes: Bass (…∆…), Glen Forbes (---●---),

(b) LT50, (c) LT75, and (d) LT99, each plotted against time post-rewetting. LTx is the air exposure (in hours) required to kill x% of

Figure 3. Regression lines showing delayed Potamopyrgus antipodarum mortality due to air exposure. Plots display mean ± SEM (a) LT25,

Metric
Bass

Value
Glen Forbes
Tarra

Bass

Ranking
Glen Forbes

Tarra

Population growth
Size at maturity

Desiccation resistance
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Proportion of subjects producing offspring
Mean size at first reproductive event

0.66
3.73

0.63
3.85

0.47
3.63
Score

1
1
14

1
3
10

3
1
16

Intercept (hrs) of LT50 vs time post24.65
19.27
33.51
rewetting
2
3
1
Table 2. Three clonal genotypes of Potamopyrgus
antipodarum
ranked
Intercept (hrs)
of LT75 vs time
post-by relative performance in experiments relating to potential
27.47
29.66
40.89
rewetting
invasiveness-relevant traits. Rankings are converted to scores, with 1st, 2nd, 3rd scored as 3, 2, 1 points, respectively.
Rate of active movement
Mean speed (mm s-1)
0.14
0.10
0.42
2
2
1
Max speed (mm s-1)
0.47
0.39
0.86
Habitat exploration/barrier
Proportion of subjects escaping enclosure
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0.00
0.44
2
2
1
negotiation
Rapid growth
Mean modelled growth rate (mm day-1)
0.038
0.023
0.038
1
3
1

Invasive trait

invasiveness-relevant traits. Rankings are converted to scores, with first, second, third scored as 3, 2, 1 points, respectively.

Table 2. Three clonal genotypes of Potamopyrgus antipodarum ranked by relative performance in experiments relating to potential

Experiment 2: Movement rate
There was a statistically significant difference in mean rate of movement among
genotypes (F2,12 = 13.05, p < 0.001). A post hoc Tukey HSD test showed that while
Tarra snails had a higher mean rate of movement (0.42 ± 0.03 mm s-1) than either Glen
Forbes (0.10 ± 0.04 mm s-1) or Bass snails (0.14 ± 0.04 mm s-1; p<0.001), there was no
significant difference between these latter groups (Figure 4a). Similarly, there was an
effect of genotype on maximum rate of movement (F2,12 = 12.84, p = 0.001), with Tarra
snails having a greater maximum rate (0.86 ± 0.04 mm s-1) than those of either Glen
Forbes (0.39 ± 0.03 mm s-1) or Bass (0.47± 0.05 mm s-1; p<0.001, Figure 4b). There
was no difference in time of first movement among genotypes (F2,12 = 1.12, p>0.05).
Because active dispersal of P. antipodarum is postulated to facilitate spread in invaded
streams (Alonso & Castro-Diez, 2008), high movement rate was judged as a beneficial
invasive trait. Thus Tarra was ranked 1st for movement rate, and Glen Forbes and Bass
shared 2nd ranking (Table 2).

Experiment 3: Exploratory behaviour
The genotypes differed in proportion of snails leaving the glass dish, and thus exposing
themselves to air (F2,12 = 8.24, p = 0.006). A post hoc Tukey’s HSD test indicated a
higher mean proportion of Tarra snails (0.44 ± 0.13) escaping the glass dish than snails
from either Bass (0.08 ± 0.04; p < 0.05) or Glen Forbes (0.00 ± 0.00; p < 0.05; Figure
5). While no Glen Forbes snails were recorded moving out of the dish, no significant
difference was detected between Bass or Glen Forbes (p>0.05). Greater dispersal
tendencies, such as exploratory behaviours, are likely to facilitate range expansion for
invasive species (Rehage & Sih, 2004). As exploratory behaviour is linked to
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invasiveness in this way, Tarra snails were ranked 1st for this trait, while Glen Forbes
and Bass ranked equal 2nd (Table 2).

Figure 4. Mean (a) and maximum (b) rate of movement (±SEM) of three

Potamopyrgus antipodarum genotypes. Genotypes sharing the same
letter within a plot are not statistically significantly different from one
another. (Experiment 2).
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Experiment 4a: Adult reproduction in response to temperature and salinity stressors
In the most parsimonious model, the proportion of adults producing offspring was a
function of the main effects and a genotype:salinity interaction (Table 3). There was a
significant two-way interaction between genotype and salinity predictors (Tarra:Low
salinity, Wald Z statistic = 2.379, p = 0.017), indicating that the level of variation in the
proportion of females reproducing is genotype-specific when salinity is a stressor
(Figure 6). When the full factorial model was fitted, there was no evidence of a
significant interaction between genotype and temperature (p > 0.05).
Salinity, temperature and genotype were all significant predictors of mean
number of offspring per female (Table 4). The model includes significant
genotype:salinity and genotype:temperature interactions, but there is no evidence of a
significant salinity:temperature interaction (Table 4). This suggests that the number of
offspring per female produced under different stressor conditions is genotype-specific
(Table 4). Genotypes were not ranked for this trait due to significant interaction terms.

Figure 5. Mean proportion of

Potamopyrgus antipodarum
escaping from a vessel thus
exposing themselves to air.
Genotypes sharing the same
letter are not significantly
different from one another.
(Experiment 3)
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Table 3. Summary of Generalized Linear Model (GLM) of proportion of Potamopyrgus

antipodarum that reproduced during Experiment 4a. Three clonal genotypes
were compared across salinity and temperature treatments. Estimated
coefficients are on a logarithmic scale. Estimated marginal means (± SEM) for
each genotype are aggregated across treatment levels.

Estimate
Z
Term
0.031
0.077
Intercept
-0.654
-1.274
Glen Forbes
-1.471
-2.609
Tarra
2.197
6.203
Medium Temperature (18 °C)
0.066
0.212
High Temperature (24 °C)
-1.725
-2.957
Low Salinity (0 mS/cm)
0.156
0.278
Medium Salinity (1 mS/cm)
1.124
1.443
Glen Forbes:Low Salinity
1.954
2.379
Tarra:Low Salinity
-0.121
-0.161
Glen Forbes:Medium Salinity
-0.800
-0.966
Tarra:Medium Salinity
Estimated Marginal Mean (±SEM) proportion reproducing
Bass
Glen Forbes
Temperature treatment
0.40 (±0.12)
0.31 (±0.04)
Low Temperature (12 °C)
0.81 (±0.10)
0.80 (±0.04)
Medium Temperature (18 °C)
0.42
(±0.13)
0.33 (±0.04)
High Temperature (24 °C)
Salinity treatment
0.31 (±0.15)
0.40 (±0.16)
Low Salinity (0 mS/cm)
0.68 (±0.12)
0.52 (±0.16)
Medium Salinity (1 mS/cm)
0.64 (±0.13)
0.51 (±0.16)
High Salinity (5 mS/cm)
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p
0.939
0.203
0.009
<0.001
0.832
0.003
0.781
0.149
0.017
0.872
0.334
Tarra
0.18 (±0.04)
0.65 (±0.06)
0.19 (±0.04)
0.40 (±0.16)
0.25 (±0.14)
0.36 (±0.16)

Figure 6. Scatterplot of proportion of adult Potamopyrgus antipodarum
reproducing under temperature and conductivity treatments. Three
clonal genotypes are represented: Bass (∆), Glen Forbes (●), and Tarra
(□). (Experiment 4a).
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Table 4. Summary of Generalized Linear Model (GLM) of mean offspring per female

Potamopyrgus antipodarum during Experiment 4a. Three clonal genotypes were
compared across salinity and temperature treatments. Estimated coefficients are on a
logarithmic scale. Estimated marginal means (± SEM) for each genotype at a given
temperature treatment are aggregated across salinity, and vice versa.
Term

Estimate

Intercept

t

p

1.172

3.230

0.001

Glen Forbes

-0.794

-1.343

0.180

Tarra

-1.963

-1.862

0.064

1.418

5.719

<0.001

Medium Temperature (18 °C)
High Temperature (24 °C)

-1.480

-3.044

0.003

Medium Salinity (1 mS/cm)

1.420

4.128

<0.001

High Salinity (5 mS/cm)

1.222

3.543

<0.001

GlenForbes:Medium Temperature

1.489

2.885

0.004

Tarra:Medium Temperature

0.430

0.498

0.619

Glen Forbes:High Temperature

1.680

2.259

0.025

Tarra:High Temperature

0.500

0.343

0.732

Glen Forbes:Medium Salinity

-0.831

-1.925

0.055

Tarra:Medium Salinity

-1.423

-1.438

0.152

Glen Forbes:High Salinity

-1.002

-2.255

0.025

Tarra:High Salinity

-0.054

-0.064

0.949

Bass

Glen Forbes

Tarra

9.27 (±0.73)

1.85 (±0.07)

0.72 (±0.08)

38.20 (±3.58)

35.77 (±1.64)

5.55 (±0.57)

1.97 (±0.17)

2.58 (±0.09)

0.29 (±0.03)

4.55 (±0.90)

9.05 (±1.92)

0.88 (±0.19)

Medium Salinity (1 mS/cm)

20.62 (±4.11)

14.62 (±3.20)

1.09 (±0.20)

High Salinity (5 mS/cm)

17.29 (±2.98)

9.85 (±2.17)

4.12 (±0.71)

Estimated Marginal Mean (±SEM) offspring per female
Temperature treatment
Low Temperature (12 °C)
Medium Temperature (18 °C)
High Temperature (24 °C)
Salinity treatment
Low Salinity (0 mS/cm)
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Experiment 4b: Juvenile growth and reproduction in response to temperature and
salinity stressors
Genotype, temperature and salinity all had significant effects on growth rate and
asymptotic size (Table 5). All statistical two- and three-way interactions between the
predictors were also significant (Table 5). This indicates significant differences in the
responses of the three genotypes to temperature and salinity, although these are
potentially confounded by temperature:salinity and higher order interactions. To
explore significant genotype interactions, a 3-factor ANOVA (Type III SS) was conducted
on each individual parameter estimate (growth rate and asymptotic size), using
genotype, temperature and salinity as fully-crossed predictor variables. Both growth
rate and asymptotic size models had significant two- and three-way interaction terms,
so residuals from these ANOVA models were used to explore main effects. By pooling
over salinity treatments, significant differences could be found among genotypes within
temperature treatments (Figure 7). Similarly, pooling over temperature treatments
allowed detection of genotype effects within salinity treatments (Figure 7). The salinity
and temperature treatment levels appear to have bracketed the optimal growth
conditions for each genotype, except Tarra, which exhibited significantly higher growth
rate in high salinity and temperature treatments than at the medium levels. Regardless,
across these analyses there is a pattern of Glen Forbes snails growing to a larger size
than Bass or Tarra, and doing so at a slower rate (Figure 7). Tarra snails reached a
shorter maximum size than Bass or Glen Forbes, but this difference was not always
statistically significant. Tarra and Bass displayed variable growth rates and were not
significantly different for this trait. Potamopyrgus antipodarum growth asymptotes
around the time of maturity (Winterbourn, 1970), so being small and growing quickly
have obvious reproductive benefits. For this reason, Tarra and Bass were ranked 1st for
145

this trait, and Glen Forbes 3rd. Overall, the statistical pattern is one of complexity, with
interactions suggesting genotype-specific growth responses to salinity and temperature
stressors.

Figure 7. Mean (± SEM) asymptotic size and growth rate of Potamopyrgus antipodarum
under temperature and conductivity treatments. Three clonal genotypes are
represented: Bass (…∆…), Glen Forbes (---●---), Tarra (―□―). Points sharing a
letter within a plot are not significantly different (Experiment 4b).
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Table 5. Results of MANOVA comparing growth rate and asymptotic size of three clonal
genotypes of Potamopyrgus antipodarum across temperature and salinity
treatments (Experiment 4b).

Term
Genotype
Temperature
Salinity
Genotype:Temperature
Genotype:Salinity
Temperature:Salinity
Genotype:Temperature:Salinity
Error

d.f.
2
2
2
4
4
4
8
405

Pillai's statistic
0.393
0.642
0.049
0.123
0.145
0.168
0.262

F

p

49.478
95.671
5.103
6.637
7.892
9.267
7.638

<0.001
<0.001
<0.001
<0.001
<0.001
<0.001
<0.001

Table 6. Summary of Generalized Linear Model (GLM) of proportion of Potamopyrgus

antipodarum that reproduced during Experiment 4b. Three clonal genotypes
were compared across salinity and temperature treatments. Estimated
coefficients are on a logarithmic scale. Estimated Marginal Means (±SEM) for
each genotype are aggregated across treatment levels.

Term
Estimate
t
p
Intercept
-0.213
-0.789
0.445
Glen Forbes
-0.147
-0.527
0.608
Tarra
-0.838
-3.034
0.010
Medium Temperature (18°C)
0.988
4.353
<0.001
Low Salinity (0 mS/cm)
0.412
1.523
0.154
Medium Salinity (1 mS/cm)
0.852
3.055
0.010
Estimated Marginal Mean (±SEM) proportion reproducing
Bass
Glen Forbes
Tarra
Temperature treatment
0.55 (±0.06)
0.51 (±0.06)
0.35 (±0.06)
Low Temperature (12 °C)
0.76
(±0.04)
0.74
(±0.05)
0.59 (±0.06)
Medium Temperature (18°C)
Salinity treatment
0.57 (±0.12)
0.53 (±0.12)
0.37 (±0.11)
Low Salinity (0 mS/cm)
0.66 (±0.11)
0.63 (±0.11)
0.47 (±0.12)
Medium Salinity (1 mS/cm)
0.75 (±0.09)
0.72 (±0.10)
0.57 (±0.12)
High Salinity (5 mS/cm)
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Due to an insufficient number of offspring produced in the 24 °C treatment (and
therefore low replication), all snails in this treatment were excluded from further
analyses for this outcome. Model reduction showed the proportion of snails producing
offspring to be a function of genotype, temperature and salinity. Genotype, temperature
and salinity were all significant predictors of the proportion of females reproducing, and
there was no evidence of significant interactions (Table 6). The proportion of females
reproducing at Tarra was significantly less (p = 0.01) than at either Glen Forbes or
Bass, which were not significantly different from one another (p > 0.05; Table 6). There
was a significantly greater proportion of snails reproducing at 18 °C than 12 °C (Wald Z
statistic = 3.879, p < 0.001) and at high salinity (5 mS/cm) than low salinity (0 mS/cm;
Wald Z statistic = -2.722, p = 0.006; Figure 8). The greater the proportion of females
reproducing in a population, the greater the potential reproductive output, and hence
the greater the potential invasiveness of an organism. Thus, Bass and Glen Forbes were
ranked 1st for this trait and Tarra ranked 3rd (Table 2).
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Figure 8. Scatterplot of proportion of Potamopyrgus antipodarum snails reproducing
under temperature and conductivity treatments. Three clonal genotypes are
represented: Bass (∆), Glen Forbes (●), and Tarra (□). (Experiment 4b).

Temperature and salinity were significant predictors of mean offspring per
female (Table 7). Genotype:salinity and genotype:temperature interactions were also
significant, though there was no evidence of a significant salinity:temperature
interaction (Table 7). This suggests that the number of offspring produced under
different stressor conditions is genotype-specific. Genotypes were not ranked for this
trait due to significant interaction terms. The results here are largely congruent with
those of adult offspring reproduction, except in this case Glen Forbes is performing best
at high salinities.
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Table 7. Summary of Generalized Linear Model (GLM) of number of offspring produced by three
clonal genotypes of Potamopyrgus antipodarum within salinity and temperature
treatments. Estimated coefficients are on a logarithmic scale. Estimated Marginal Means
(±SEM) for each genotype are aggregated across treatment levels. (Experiment 4b).
Term
Estimate
t
Intercept
-0.1231
-0.346
Glen Forbes
-0.748
-1.467
Tarra
-0.5806
-0.987
Medium Temperature (18 °C)
1.085
3.756
Medium Salinity (1 mS/cm)
0.878
2.614
High Salinity (5 mS/cm)
0.518
1.449
Glen Forbes:Medium Temperature
1.178
2.866
Tarra:Medium Temperature
0.250
0.506
Glen Forbes:Medium Salinity
-0.314
-0.682
Tarra:Medium Salinity
-0.475
-0.852
Glen Forbes:High Salinity
1.257
2.799
Tarra:High Salinity
0.135
0.243
Estimated Marginal Mean (±SEM) offspring per female
Temperature treatment
Bass
Glen Forbes
Low Temperature (12 °C)
1.50 (±0.07)
1.21 (±0.13)
Medium Temperature (18 °C)
4.44 (±0.22)
11.6 (±1.26)
Salinity treatment
Low Salinity (0 mS/cm)
1.75 (±0.16)
2.22 (±0.32)
Medium Salinity (1 mS/cm)
4.22 (±0.37)
3.91 (±0.57)
High Salinity (5 mS/cm)
2.94 (±0.26)
13.09 (±1.91)

p
0.728
0.143
0.325
<0.001
0.009
0.149
0.005
0.614
0.496
0.395
0.005
0.808
Tarra
0.73 (±0.03)
2.77 (±0.1)
1.19 (±0.12)
1.78 (±0.19)
2.28 (±0.24)

Table 8. Results of ANOVA comparing the size at first
reproduction for three genotypes of Potamopyrgus

antipodarum under different salinity treatments.
(Experiment 4b).
Term
Intercept
Genotype
Salinity
Genotype x Salinity
Error
Tukey HSD
Glen Forbes vs. Bass
Tarra vs. Bass
Tarra vs. Glen Forbes

d.f.
1
2
2
4
159
Mean Diff.
0.118
-0.093
-0.212
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F

p

4528.046
3.057
1.063
0.223

<0.001
0.05
0.348
0.925

Std. Er.
0.049
0.053
0.053

p
0.011
0.087
<0.001

A 3-factor ANOVA (Type III SS) of size at first reproduction event found no
significant interactions (p > 0.05) or effect of temperature (p > 0.05). The response
variable was then pooled across temperature treatments and comparisons were re-run
as a 2-factor ANOVA (Type III SS). Genotype and salinity were significant predictors of
size at first reproduction, and no interaction terms were significant (Table 8). Mean size
at first reproduction was significantly greater for Glen Forbes than Tarra ( p < 0.001) or
Bass (p = 0.011), though there was no significant difference in means between Tarra
and Bass (p > 0.05) (Table 8; Figure 9). Greater mean size at first reproduction implies
that snails take longer to reach maturity, resulting in fewer generations for any given
timeframe. For this invasiveness trait Tarra and Bass shared first rank, while Glen
Forbes was ranked third (Table 2).

Rankings Summary
It was possible to rank genotypes by potential invasiveness against 6 traits. No
single clone was ranked highest at every trait, though Tarra was ranked 1st or equal 1st
at 6 out of the 7 traits, and was ranked highest overall. Glen Forbes was consistently
ranked last or equal last, with the exception proportion of females reproducing
(Experiment 4b, Table 2), and ranked lowest across the suite of traits. Nearly all analyses
suggested variation among genotypes in ecologically-relevant traits
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Figure 9. Mean (±SEM) size of Potamopyrgus antipodarum at first reproduction under three
salinity treatments. Three clonal genotypes are represented: Bass (…∆…), Glen
Forbes (---●---), Tarra (―□―). (Experiment 4b). Data points sharing a letter are not
significantly different from one another.
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Discussion

Potamopyrgus antipodarum is a widely distributed parthenogenetic global invader with
low genotypic diversity (Chapter 2; Alonso & Castro-Diez, 2012a). Variation in
ecologically-relevant traits was found among three Australian clonal genotypes. The
traits explored are likely to influence invasion success, suggesting that the three clones
vary in their invasiveness. This variation is likely to affect the distribution of genotypes
across the invaded range. Additionally, traits are correlated within clones, such that
some clones perform consistently better than others.

Trait variation among clones
Aquatic invaders may achieve range expansion via dispersal vectors that necessitate
exposure to air (Solomon et al., 2009). Molluscs in particular are known to survive air
exposure while attached to boats, angling gear, or the feet of wading birds (Darwin,
1860; Ricciardi et al., 1995). The finding that some P. antipodarum clones are more
resistant to air exposure than others suggests that clones may have differing abilities to
utilise some dispersal vectors. The mortality curves at the first two monitoring points
indicate that it took only around half the length of air exposure to kill 99% of Bass
individuals compared to the other two genotypes. Tarra snails had the greatest
resistance to air exposure at all measurement times. Prolonged tolerance to air
exposure may extend the time that a snail can utilise overland dispersal vectors,
increasing dispersal distances and directions.
The negative effects of air exposure in P. antipodarum are not necessarily
immediate: some clones survive initial exposure only to experience death hours or days
later. This delayed mortality has implications for the demographics of invasive clones.
Snails that experience delayed mortality long enough to produce offspring will have an
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advantage in persistence and initiation of new populations following dispersal that
involves air exposure. Glen Forbes snails showed the greatest effect of delayed
mortality. At the initial observation time, 58 h of air exposure was necessary to cause
the mortality of 99% of the Glen Forbes sample. Ten days later, 41 h was sufficient. This
drop in LT99 implies that while snails exposed to air for 41 h were alive at rewetting,
they had a mortality debt. In contrast, Bass and Tarra had relatively flat LT99 across the
observation period, which suggests that air exposure has more immediate effects on
these clones. In general, a Bass or Tarra clone alive at rewetting remained alive for the
next ten days, although decreasing LT25, LT50 and LT75 over time post-rewetting
suggests delayed mortality effects for some, but not all, individuals. Delayed mortality
has the potential to affect the outcome of a dispersal event where an individual is able to
live long enough to reproduce.
Air exposure has been proposed as a tool to control the spread of P. antipodarum
(Alonso & Castro-Diez, 2012b). An LT99 estimate of 70 h air exposure (equal to the
highest upper confidence limit at 240 h in the present study) is higher than that
recommended as a control measure by Alonso and Castro-Diez (2012b); 53 h at 15°C,
reported 264 h after rewetting and Richards et al. (2004); 49.35 h, observed 24 h postrewetting. However these authors also found that under more favourable conditions
(snails ≥4.50 mm, temperature 14 °C and high 90-100% humidity) LT99 rose to 67.52
h, with an upper confidence limit of 83.43 h. These are comparable to the findings here,
with any differences likely to be the result of humidity (not measured here) or withinspecies variation.
It should be noted that the three clonal lineages in the present study were
opportunistically sampled and used to initiate cultures. These genotypes are almost
certain to represent only a subset of the breadth of P. antipodarum variability in traits.
154

The lethal limit of the most air-resistant genotype could well be in excess of that
explored here. Thus, caution should be taken in prescribing times of air exposure as a
preventative measure to spread. This study indicates that air exposure upwards of 70 h
is necessary to destroy the most resistant propagules in the present sample from
materials likely to harbour P. antipodarum, such as waders, angling gear and boating
equipment. It is conceivable that this time may be further extended where air exposure
is not direct (e.g. encasement in mud) or in conditions of high humidity.
A second potentially invasion-relevant trait, speed of active movement, also
varied between P. antipodarum lineages. Mean and maximum rates of active movement
were higher in Tarra snails than those from the other two locations. The speeds
recorded by Tarra snails exceeded those reported in other studies of P. antipodarum.
Haynes et al. (1985) reported snail movement rate at an equivalent of 30 cm h-1 under
experiment conditions using P. antipodarum from the United Kingdom, while Tarra
snails moved, on average, at 151.2 cm h-1. Bass (50.4 cm h-1) and Glen Forbes (36 cm h1)

were much closer to the Haynes et al. (1985) estimate. Rates of movement have

found to be much lower in stream conditions, from 60 m in three months (equivalent to
2.75 cm h-1; Kappes & Haase, 2012), to 110-120 cm in a day (equivalent to 4.6-5.0 cm h1;

Haynes et al., 1985). Active dispersal has been suggested as an explanation for

successful P. antipodarum spread (Alonso & Castro-Diez, 2008) worldwide. Thus, these
intraspecific variations in rates of movement, both within the present study, and in
comparison to previous research on invasive P. antipodarum, suggest that active
dispersal characteristics may facilitate differing invasion success. The movement of P.

antipodarum is known to vary in response to light (Levri & Clark, 2015), meaning that
within-day experiments will over-estimate average movement, hence rates recalculated
from previous studies should be compared with caution.
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Exploratory behaviour can be advantageous for invasive organisms if the
benefits of accessing new environments and resources are greater than the costs of the
associated risks, which for aquatic species may include exposure to air. Exploratory
behaviour not only promotes dispersal into new environments, but more broadly
increases probability of transportation and introduction events (Chapple et al., 2011;
Chapple et al., 2012). Thus, while exploration and colonisation behaviours may
constitute risky behaviours over the short term, the long term fitness outcomes have
the potential to further the spread of invasive organisms. In its invaded range, P.

antipodarum operates as an early coloniser (Schreiber et al., 2003), a role that is well
suited to ephemeral habitats as rewetting occurs and new habitat patches become
available. Hence, differences in exploratory behaviour amongst genotypes may
influence the spread of successful clones.
The adult reproductive output of the three genotypes differed in response to
salinity and temperature variables. The magnitude and direction of differences was
genotype-dependent. The reproductive rate (offspring per unit time) was lower across
all predictor combinations than previously reported in studies on the effect of
temperature (Dybdahl & Kane, 2005) or salinity (Jacobsen & Forbes, 1997). It is
possible that reproductive output might have been reduced in the individually-housed
snails because offspring production of P. antipodarum is positively-related to
population density where food supply is sufficient (Neiman et al., 2013). Regardless,
genotype-dependent reproductive responses to stressors are likely to affect spatial
distributions of P. antipodarum. Because high reproductive output is often cited as
bestowing an “inherent superiority” on invasive organisms (Lowry et al., 2013),
variation in this trait caused by stressors is likely to be important in determining the
relative invasion success of clones.
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The juvenile growth rates of the three clones were in the range previously
reported for salinity and temperature experiments on other invasive populations of P.

antipodarum (Jacobsen & Forbes, 1997;

Dybdahl & Kane, 2005). However, the

Australian snails used in the present study were smaller at asymptotic size and,
correspondingly, size at first reproduction than has been reported for some US or New
Zealand populations (Jokela et al., 1997b; Dybdahl & Kane, 2005). Drown et al. (2011)
reported a similar size at first reproduction to the current study for a US invasive
population, but at much higher salinities (10 ppt ≈ 17 mS cm -1 at 25°C). Reproduction
rate (offspring per female) was also less in the current study than that previously
reported for native and other invasive populations (Jacobsen & Forbes, 1997; Cope &
Winterbourn, 2004; Dybdahl & Kane, 2005). It is possible this lower rate could be a
factor of experimental set-up, although it may also reflect global variation in P.

antipodarum life history characteristics, as suggested by relatively low densities
observed in field surveys of Australian populations (Schreiber et al., 1998).
Growth rate and asymptotic size also varied among the Australian genotypes.
Responses to salinity and temperature levels were genotype-dependent, but there was a
pattern of Glen Forbes snails growing larger and at a slower rate than snails of the other
two genotypes. Rapid development is advantageous by reducing the chance of
desiccation (Richards et al., 2004) and enabling snails to reach reproductive maturity
faster (Winterbourn, 1970), potentially increasing the number of generations per
season. It might therefore be expected that Glen Forbes snails are at a disadvantage
compared to the other two genotypes, particularly as Glen Forbes snails grew to a larger
size before commencing reproduction. By contrast, Tarra snails were small, grew
quickly, and produced young from a small size. However, the proportion of Glen Forbes
snails that reproduced over the course of the experiment was greater than that of Tarra.
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This suggests a possible trade-off between growth, size and fecundity in P. antipodarum.
There is some evidence of other possible life-history trade-offs as well, with Tarra snails
exhibiting consistently poorer reproductive rate and output than the other genotypes,
but showing significantly greater survival in air-exposure trials. Further research could
confirm if trade-offs in life-history traits that influence invasion success promotes the
emergence of clonal lineages with superior invasion potential. Among-genotype
differences were masked by significant interactions between predictors, indicating that
the three P. antipodarum clones exhibit genotype-dependent life history responses to
salinity and temperature stressors. Such responses have the potential to influence the
spatial distribution of introduced species (Gutowsky & Fox, 2012), and hence invasion
success.
Differences in traits that are either genotype- or habitat-specific display nuances
in local invasion dynamics that have important ramifications for predictive modelling of
invasive range. Given its broad distribution and asexual reproductive mode, P.

antipodarum may be composed of a few generalist clones capable of colonising a broad
range of ecosystems, specialised clones with specific and limited ecological niches, or a
combination of these two extremes. However, predictive invasion models often ignore
this concept, instead treating organisms as capable of inhabiting an ecological envelope
derived by averaging environmental variables across the species’ total range. For
example, a key assumption of Loo et al.’s (2007b) models predicting P. antipodarum
invasive range in Australia is that the snail is genetically and phenotypically
homogenous across southern Australia. Should a pattern in spatial distribution of
different clones emerge, this assumption would be invalid. A model incorporating clonal
distribution and habitat parameters, along with the variation in ecologically-relevant
traits shown here, would then be needed to realistically model predicted invasive range.
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Sources of variation in invasive traits
Variation in phenotypic traits relevant to invasion success is the result of the preintroduction evolutionary history of an organism, selection and chance events (Keller &
Taylor, 2008). The particular mechanisms causing trait variation among invasive
populations, as well as differences between invasive and native populations of a species,
are difficult to determine. Clonal distributions, and trait differences among clones might
be the product of stochastic factors as much as the outcome of adaptive evolution. For
example, the presence of each P. antipodarum clone at its particular collection site may
reflect a chance sampling of genotypes in the native range and their arrival in
favourable environmental conditions. This theory is consistent with the widespread
distribution of these same clonal lineages across south-eastern Australia, indicating that
each clone has dispersed with little evidence of habitat specialisation or local adaptation
(Chapter 3).
Phenotypic plasticity is a potential source of trait variation among clones, with
differences in invasive traits caused by an effect of the environment of origin (Richards

et al., 2006). While the present study controlled for this possibility by rearing subject
snails for two generations under laboratory conditions (Moloney et al., 2009), it is
possible that some maternal environmental effects were retained. There is also
potential for selection to act on invasive traits (Sakai et al., 2001). While P. antipodarum
invasive populations are typified by low genetic diversity (Dybdahl & Drown, 2011),
adaptation has previously been reported in P. antipodarum (Dybdahl & Kane, 2005) as
well as other clonal organisms (Wilson et al., 2003). The precise timing of the arrival of

P. antipodarum at Bass, Tarra and Glen Forbes is unknown, although they have certainly
been reported for decades (Schreiber et al., 2003), and may have been present for over
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a century (Ponder, 1988). As a result, generations have potentially lived under sitespecific selection pressures, such that accrued mutations may have been sufficient to
promote adaptive differences among clonal lineages. Clonal selection can then promote
the persistence of locally adapted genotypes (Wilson et al., 2003). Finally, variation in
invasive traits could be due to any combination of pre-adaptation, post-introduction
evolution and chance. While these combinations may be difficult to disentangle due to
the large number of unknowns that typically surround invasion, frameworks have been
proposed to research the relative role of each evolutionary process (Keller & Taylor,
2008).

Clone performance across suites of traits
Many traits have been proposed to explain the success of different invasive taxa, with
none universally applicable to all invasive organisms (Hayes & Barry, 2008). This
suggests that different traits are beneficial in specific scenarios or for particular taxa, or
that a suite of traits acts to facilitate invasion success. The three clonal genotypes of P.

antipodarum considered in this study varied in their performance across a range of
potentially invasion-relevant traits. No clone consistently out-performed the others in
all traits, but Tarra snails did rank highest overall and in the majority of trials. While
this dominance was incomplete and clonal competition has not been tested, it does
suggest Tarra might have the potential to act as a superior invader. This is not
supported by the current distribution of the Tarra genotype (AUS3), which has only
been reported at a frequency of 0.1 of all SNP genotyped Australian P. antipodarum
(Chapter 3). However, without knowledge of the date(s) of introduction for each clone,
it is difficult to draw conclusions about differing invasion success based on geographical
distributions alone.
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Conclusions about the potential invasiveness of different genotypes are
dependent on the trait under examination. Testing one or few traits is likely to lead to
erroneous conclusions about the superiority of clones. In the present example, if only
the reproductive characteristics of juveniles had been considered, it might have been
concluded that Glen Forbes or Bass were superior invaders. Similarly, Facon et al.
(2004) found that variation in desiccation tolerance of Thiarid snails was not by itself a
good predictor of general invasion success, even though it did promote invasion of some
particular habitats. In such cases, one isolated experiment is not likely to be
generalisable to invasiveness. Instead it is prudent to select a suite of traits against
which the performance of subjects can be tested.
There are many potential explanations for the situation where performance
varies depending on the trait under consideration. There may be a trade-off in invasionrelevant traits (Burton et al., 2010) or the distribution of genotypes may be a mosaic of
poorly adapted clones, with each clone inhabiting their range due to stochastic factors
(Dlugosch & Parker, 2008). Another possibility is that clones are locally adapted to an
area and as a result display variation in trait responses based on experiment conditions.
In the case of P. antipodarum this explanation supports previous work contending that
some invasive genotypes of P. antipodarum act as opportunistic specialists rather than
generalists (Dybdahl & Kane, 2005; Drown et al., 2011).
The present study does not provide insights into the detailed mechanisms
underlying the traits studied in P. antipodarum, though it clearly shows within-species
variation in these traits. The three clonal lineages were opportunistically sampled and
are almost certain to represent only a subset of the breadth of P. antipodarum
variability in traits. Although invasive P. antipodarum populations typically display low
genotypic diversity (Chapter 2; Stadler et al., 2005; Dybdahl & Drown, 2011), it is likely
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that there is unassessed trait variability across the invaded range. The considerable
level of variation quantified in these three selected clones is an indication that the study
of many more genotypes is necessary before a complete picture is established of the
variability in invasive traits of P. antipodarum. Additionally, genotype is confounded
with population origin in the present study. While all attempts were made to control for
this by culturing out non-genetic influences, using the same clones from multiple
sources would allow for partitioning of genetic and environmental variance.
There is no direct evidence presented here that the traits examined actually
translate into invasion success in the field. However, in some cases fundamental
physical principles apply that will probably operate regardless of laboratory or field
environment (e.g. desiccation). In other cases it is the implication of variation in the
ability to survive, reproduce and spread that is important. Some care should be taken in
interpretation of magnitude of effects, and future studies would benefit from a detailed
understanding of how these findings translate into the field.
In summary, this study has shown that there is ecologically-relevant variation
among clonal genotypes of P. antipodarum in Australia. This variation in traits is likely
to influence invasion success, and provide the basis for selection of particular clones
across different environmental conditions. It appears likely that a suite of invasionrelevant traits contribute to invasion success, and trade-offs may exist among these
traits. As a result, variation in these traits needs to be taken into account when
considering means of control and in modelling potential spread.
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Chapter 5.
General discussion

The spread of invasive organisms is threatening biodiversity and altering ecosystem
function globally (Sala et al., 2000;

Sakai et al., 2001), and is responsible for

considerable environmental and economic damage (Enserink, 1999; Pimentel, 2005).
Despite extensive movement of alien species, only a subset of introduced organisms
successfully establish (Williamson & Fitter, 1996; Hulme, 2009). Successful invasion is
dependent on an alien organism overcoming filters or obstacles to invasion (Blackburn

et al., 2011). Understanding the species traits, environmental characteristics,
evolutionary processes and stochastic factors that allow successful invaders to establish
is critical in developing strategies to prevent and control biological invasions.
This thesis explored the ecology and evolution of invasive Potamopyrgus

antipodarum in Australia, providing insights into the global success of this species, and
invasive species in general. Potamopyrgus antipodarum provides an excellent,
generalisable model system for the study of biological invasions for five reasons:
1. The P. antipodarum invasion is on-going and its invaded range expanding (see
Chapter 2 and Alonso & Castro-Diez, 2012a; Collado, 2014), thus allowing
examination of the invasion process as it unfolds. The on-going nature of the P.

antipodarum invasion, coupled with its impacts, also creates impetus for
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research into immediate intervention and management measures to control
invasions.
2. There are established molecular tools for the study of P. antipodarum, including
nuclear microsatellite and single-nucleotide polymorphism markers, and various
mitochondrial sequences available through GenBank (Weetman et al., 2001;
Dybdahl & Drown, 2011;

Hamada et al., 2013;

Paczesniak et al., 2013).

Accessibility of these tools assists collaborative research on a global-scale
invasion and addressing key questions such as the origins of invaders (Chapter
2) and local adaptation (Chapter 3).
3. The P. antipodarum invasion is occurring across five continents, allowing
analysis of replicated invasion in differing environmental contexts. The breadth
of ecosystems invaded by P. antipodarum also provides an excellent model
system for examining habitat-genotype associations.
4. Extensive research on the ecology and genetics of native populations of P.

antipodarum contributes to pinpointing factors that increase invasive potential
of organisms.
5. Due to an increase in the rate of parthenogenesis in its invaded range, P.

antipodarum is a candidate species for the study of evolution of asexual invaders.
The species presents a good study system for identifying the role of mutational
divergence without sexual reproduction in invasive parthenogens, and can
contribute to the evolving understanding of the genetic basis of invasion.
Numerous factors may contribute to the invasion success of P. antipodarum. This thesis
explored several of these factors, including global invasion history and species
movement, population genetic structure and reproductive mode, and invasion traits of
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P. antipodarum. These were considered in respect to the invasion process and the
theorised obstacles and filters successful invasive organisms must overcome (see
Figure 1).

Figure 1. Updated conceptual model illustrating some of the potential factors influencing

Potamopyrgus antipodarum invasion dynamics.

The invasion process is also

outlined, following the unified framework for biological invasions proposed by
Blackburn et al. (2011). The chapter boxes indicate which aspects of the P.

antipodarum invasion are examined in each chapter in this thesis, and how they
relate to the invasion process. Green arrows indicate relationships that were implied
or directly tested in the present thesis, thicker arrows indicate interactions that were
supported.
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Synthesis of data chapters

Global invasion history and species movement
The spread of introduced organisms to new ecosystems away from the point of
introduction is a key component of the invasion process (Figure 1; Blackburn et al.,
2011). In order to spread, it is necessary for introduced organisms to overcome barriers
to dispersal. The global invasion success of P. antipodarum is dependent on the capacity
of the snail to utilise long-range dispersal vectors (Cejka, 1994; Zaranko et al., 1997;
Alonso & Castro-Diez, 2008).
Invasive populations of P. antipodarum have been reported in Australia and
Europe since the 19th century (c.1850-1870s; Ponder, 1988), suggesting that global
movement of the snail is not a recent phenomenon. Since those initial invasions the
snail has been reported in North America, east Asia, the Middle East, and South America
(Bowler, 1991; Naser & Son, 2009; Hamada et al., 2013; Collado, 2014), indicating that
long-distance movement of P. antipodarum is still occurring. However, observational
records do not provide information about the source or movement of propagules.
Population genetic studies indicate close genetic links among Australian, European and
US P. antipodarum populations, implying movement of snails among these populations,
or repeated introductions from a native source (Chapter 2; Stadler et al., 2005; Dybdahl
& Drown, 2011; Neiman et al., 2011). Analysis of native New Zealand populations
indicates a plausible North Island source for the ancestors of the Australian, European
and US populations (Chapter 2; Stadler et al., 2005). However, it is unlikely that
similarities in invasive populations were generated by the movement of propagules
from the same New Zealand source to multiple global introduction points. Invasive US P.

antipodarum were detected more than a century after Australian and European
populations, and yet these invasive genotypes have not been detected in New Zealand
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despite extensive surveys (Chapter 2; Paczesniak et al., 2013). Instead, the global
distribution of related invasive clones is likely to be a consequence of a limited number
of introductions from New Zealand to one region, possibly Australia or the United
Kingdom (Ponder, 1988), followed by subsequent global dispersal, with each newlyinvaded range acting as a source population for a new expansion.
The global spread of P. antipodarum is facilitated by assisted and passive
movement through landscapes (Alonso & Castro-Diez, 2008), including attachment to
dispersal vectors such as boats, angling gear, fish and birds (Lassen, 1978; Haynes et al.,
1985; Hosea & Finlayson, 2005). The widespread spatial distribution of common
genotypes across south-eastern Australia supports the idea that a few common clones
have successfully spread long distances (Chapter 3). At a global scale, the worldwide
movement of a small number of clones in a relatively short period of time implies highly
effective dispersal. This supports the notion that human-assisted movement is
responsible for the inter-continental spread of P. antipodarum, via movement of
drinking water supplies, commercial aquaculture products or ballast water (Ponder,
1988; Bowler, 1991; Cejka, 1994; Zaranko et al., 1997). This theory of assisted
dispersal is also consistent with P. antipodarum’s dispersal characteristics (e.g.
exploratory behaviour, desiccation resistance) (Chapter 4).
There was no evidence of new introductions of P. antipodarum into Australian
populations, though it is possible this reflects the numerical dominance of the most
frequent genotypes in Australia (Chapters 2 & 3). Regardless, the recent arrival of P.

antipodarum in Chile strongly implies that the long-range dispersal of the snail is
continuing, most likely with human assistance (Collado, 2014). This is consistent with
the general trend of alien species introductions increasing with global trade (Hulme,
2009). As global dispersal vectors are an important part of P. antipodarum spread and
173

invasion success, tighter control of these vectors may be an effective way to manage
invasion.

Population genetics and reproductive mode in invasion
The reproductive mode of introduced organisms can influence invasion success by
affecting population genetic diversity and adaptive capacity (Peccoud et al., 2008).
Asexual reproduction is relatively common in invasive organisms and can be
advantageous for invaders by releasing invaders from the cost of producing males and
the need to find reproductive partners (Roman & Darling, 2007), theoretically allowing
a solo asexual female to initiate an invasion (Barrett et al., 2008). However, fewer
founding individuals in an invasive population will tend to result in lower genotypic
diversity, potentially limiting adaptive potential (Peccoud et al., 2008). While obligately
sexual and obligately asexual P. antipodarum coexist in native populations
(Winterbourn, 1970; Lively, 1987), invasive populations are typically entirely asexual,
reproducing by apomictic parthenogenesis (Wallace, 1992;

Alonso & Castro-Diez,

2008).
Australian populations of P. antipodarum were composed of a small number of
closely related genotypes (Chapter 3). Genotypic variation was low across southeastern Australia, with populations dominated by one mitochondrial haplotype and four
common nuclear genotypes, and exhibiting low genotypic diversity relative to native
New Zealand populations (Chapter 2). The distribution pattern of genotypes in
Australia (widespread, frequent clones and local, rare clones) is consistent with the
successful establishment of a small number of clonal lineages, and their subsequent
spread to multiple sites, where they later diverged through mutation (Chapter 3).
Invasive populations of P. antipodarum in Europe and the US are similarly characterised
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by low genetic diversity relative to the native range (Jacobsen et al., 1996; Stadler et al.,
2005; Levri et al., 2007; Dybdahl & Drown, 2011). In contrast to native New Zealand
populations, which can be diverse and highly structured within a single lake, invasive P.

antipodarum exhibit low genetic variation worldwide (Proctor et al., 2007), suggesting
the global invasion may be the product of a few, highly-successful clonal lineages. These
genotypes exhibit ecologically-relevant phenotypic variation on a background of limited
genetic diversity (Chapter 4). Thus, the present study joins a growing body of work
suggesting that lower genetic diversity is not necessarily an impediment to invasion
success (e.g. Roman & Darling, 2007; Valenzuela et al., 2010; Caron et al., 2014).
Asexual invaders can overcome limitations of low diversity if genotypes are
selected to be environmental generalists, or “general-purpose genotypes” (Lynch,
1984). This concept predicts the persistence of a small number of asexual genotypes,
each capable of exploiting many habitats and resources. Habitat-generalists are
contrasted with specialist genotypes, which opportunistically take advantage of a
narrow ecological niche (Vrijenhoek & Parker, 2009). The widespread distribution of a
small number of P. antipodarum genotypes with no strong association with measured
environmental variables implies that they possess generalist traits (Chapter 3). This is
consistent with European studies of the snail, which show widespread genotypes
exhibiting broad environmental tolerances (Jacobsen & Forbes, 1997). General-purpose
genotypes have also been recognised as influencing the success of other invasive
asexual organisms (Zepeda-Paulo et al., 2010; Caron et al., 2014). However, studies on
US P. antipodarum, show that widespread distribution across variable environments is
not necessarily an indication of a general-purpose genotype (Dybdahl & Kane, 2005;
Drown et al., 2011). These studies compared the range of phenotypic responses of
genotypes in response to environmental gradients, showing that even the most
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widespread US clone, US1, tended to act as an opportunistic specialist (Dybdahl & Kane,
2005;

Drown et al., 2011). In Australian P. antipodarum, treatment-dependent

variation among genotypes in trait responses to environmental gradients may similarly
point to a capacity to act as a specialist (Chapter 4). Further investigation of trade-offs
between generalist and specialist strategies employed by invasive P. antipodarum is
likely to contribute to understanding how asexual invaders compensate for reductions
in genetic diversity.

Invasive traits
Invasive traits are the characteristics of an organism that assist in the establishment
and spread of an invasive species (Kolar and Lodge 2001). A range of traits have been
proposed as facilitators of invasion success, and are used to predict which species may
become invasive (Romanuk et al., 2009; Lowry et al., 2013), but none are universally
applicable (Hayes & Barry, 2008). This suggests that different traits are beneficial in
specific scenarios or for particular taxa, or that a suite of traits act to facilitate invasion
success. It also follows that within-species variation in invasive traits can promote
differential success of different genotypes.
Three
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variation

common
in
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life-history

antipodarum

genotypes

characteristics,

exhibit

behaviour,

and

physiological tolerances (Chapter 4). These genotypes are genetically linked to P.

antipodarum populations in Europe and the US (Chapter 2), hence trait differences may
have influenced the spatial distribution of clones globally. The examined traits were
correlated within genotypes, such that some clones performed consistently better than
others, which may also apply in invasion scenarios (Chapter 4). While the spread of
relatively few, highly-successful genotypes may be due to stochastic factors, it may also
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reflect superior invasion potential in these clones (Levri & Clark, 2015). A small number
of genotypes dominating populations over large geographic areas may be evidence of
the presence of ‘superclones’ (Vorburger et al., 2003; Harrison & Mondor, 2011; Caron

et al., 2014). Superior invasion-relevant traits of particular genotypes may contribute
to the generation of ‘superclones’ in asexual invasive populations.
The use of traits to predict if a species is predisposed to invasion has been an
enduring goal of ecologists (Kolar & Lodge, 2001; Lowry et al., 2013). However, trait
variation such as that shown in the present thesis, indicates that conclusions about the
potential invasiveness of different species or genotypes are dependent on the trait
under examination (Chapter 4). Testing one or few traits is likely to lead to erroneous
conclusions about the invasion superiority of organisms. No single trait or set of traits,
has been consistently found in all invaders, across all invasion scenarios (Hayes &
Barry, 2008; Hodgins et al., 2013). Thus, in assessing invasiveness, it is prudent to
select a suite of scenario- and organism-relevant traits to test the performance of
subjects.
The characteristics of invasive organisms can be used to develop strategies for
the management and control of biological invasions. Variation in invasive traits suggests
that management strategies should be targeted at the most successful genotypes. In the
case of P. antipodarum, desiccation through air exposure is a commonly prescribed tool
to prevent the spread of live snails (Alonso & Castro-Diez, 2012b). However, variation
in desiccation resistance among genotypes suggests that recommended air exposure
times should be extended to account for the most resistant genotype (Chapter 4).
Managers also frequently utilise modelling to forecast the spread of invaders, with the
theory that suitable habitat for an invader can be identified and targeted for
management (Peterson & Robins, 2003). Variation in invasion traits that are either
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genotype- or habitat-specific generate nuances in local invasion dynamics that have
important ramifications for predictive range modelling. Such models often treat
organisms as capable only of inhabiting an ecological envelope derived by averaging
environmental variables across the species’ total range. A key assumption of Loo et al.
(2007), for example, is that P. antipodarum is genetically and phenotypically
homogenous across southern Australia. Models incorporating clonal variation in
ecologically-relevant traits are likely to increase the power and utility of these models.

Invasive clades and genetic basis for invasion
The widespread distribution of a few, highly abundant P. antipodarum clones in
south-eastern Australia and globally is indicative of a differential in invasion success
among clonal lineages (Chapter 2). There were clear differences in invasiveness
amongst the successful clones (Chapter 3 & 4; Levri & Clark, 2015). Variance in invasion
success may reflect stochastic influences or other factors, including a genetic basis for
invasiveness. Neiman et al. (2011) identified four distinct clades of P. antipodarum
haplotypes, two of which were associated with international invasive haplotypes and
asexuality, and two that were composed of solely New Zealand haplotypes and were
often (but not always) harboured in sexual P. antipodarum. All Australian haplotypes fit
within the former clades (Chapter 2), suggesting a potential role for mitochondrial
haplotype (or other cytoplasmic factors) in invasion success. Additionally, the
identification of nuclear genotypes that are shared among snails harbouring differing
mitochondrial haplotypes, may be indicative of selection for particular nuclear
genotypes (Chapter 2). In both cases, selection favouring particular genomes may be
contributing to invasion success, providing an intriguing possible explanation for the
widespread distribution of certain clones. Few studies have examined the genetic and
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gene expression differences that may facilitate invasion success for introduced
organisms (Prentis & Pavasovic, 2013). The lack of knowledge about the genetic basis of
invasion-relevant traits may be an impediment to the formulation of a general theory of
species invasions (Gomulkiewicz et al., 2010). The global invasion by P. antipodarum
may represent a good candidate model for the study of the genetic basis of invasions.

Future research directions
The present thesis explores ecological and evolutionary aspects of P. antipodarum
invasion of Australia, providing insights into the global invasion. This study will provide
potential foundations for future research on P. antipodarum, which should aim to
advance the understanding of the persistence and success of this global invader, and to
further develop the species as a model system for examining ecological and
evolutionary theory.

Preventing further introductions
It is likely that the worldwide invasion by P. antipodarum is too extensive to consider
complete eradication of the snail from invaded ecosystems. However, preventing new
introduction events and keeping unaffected ecosystems free from P. antipodarum is a
useful goal. Thorough population genetic studies of invaded regions and the proposed
native source range will determine if movement of the species is on-going, and identify
vectors of dispersal. This information can be used to prevent further introduction
events (Estoup & Guillemaud, 2010). Such studies can build on the work established in
Chapter 2, although future research on P. antipodarum will be aided by the
establishment of a standard set of genetic markers. Reconstruction of the global
invasion history of P. antipodarum for the purposes of this thesis was made more
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difficult by the array of genetic markers used over the past 20 years. Data generated by
different markers would benefit from integration with common reference markers or
sequences. The nuclear SNPs and cytochrome-b sequence used in the present thesis are
potential candidates, as they provide considerable resolution, cover different modes of
inheritance and mutate at different rates (Paczesniak et al., 2013). The more thoroughly
the genetic relationships between populations are understood, the more effectively the
routes of invasion can be determined and managed (Estoup & Guillemaud, 2010).

Establishing habitat-genotype-phenotype relationships
The global success of an asexual species across a wide range of habitats and
environments presents an excellent model for questions on the role of generalist or
specialist genotypes. This is particularly the case where success may be driven by the
spread of a few, closely-related clones that exhibit variation in invasion-relevant traits
(Chapters 2 & 4; Levri & Clark, 2015). While the demography of invasive P.

antipodarum populations imply a generalist strategy (Chapter 3), previous studies
suggest P. antipodarum can act as opportunistic specialists (Dybdahl & Kane, 2005;
Drown et al., 2011). Exploration of these contrasts may indicate a capacity to trade-off
or even completely switch between strategies. This work would be complemented by
further genotype-habitat association modelling, building on the findings from Chapter 3.
Environmental variables under consideration should include habitat extremes and
historical ecosystem conditions, providing insight into whether distribution of
genotypes is a function of historical or current ecological factors. This is likely to have
implications for managing invasions by P. antipodarum and other species by influencing
understanding of the invasiveness of different genotypes.
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Identifying genetic basis of invasion
The molecular mechanisms that underlie invasion success are not well understood,
despite the increasing use of genetic tools in invasion studies (Prentis & Pavasovic,
2013). Identification of genes involved in facilitating invasion success may allow
confirmation of the traits that are used to predict invasiveness (Hodgins et al., 2013).

Potamopyrgus antipodarum exhibits variation in invasive traits against a background of
low genotypic diversity (Chapters 2 & 4), making it a good candidate for assessing the
genetic differentiation of quantitative invasion traits among invasive lineages, and
between native and introduced populations. The SNP loci used for genotype assignment
in the present thesis were selected to be neutral genetic markers (Paczesniak et al.,
2013), meaning that mutational changes are not representative of changes to adaptive
fitness. Future studies will benefit from the identification of genes under selection
during invasion and the environmental pressures that influence the fitness of these
genes. Doing so may reveal selection for invasive genotypes, and potentially indicate
genetically based adaptation during invasion (Zenni & Hoban, 2015).

Investigating the absence of a common New Zealand mitochondrial haplotype
The native P. antipodarum mitochondrial haplotype 1A is almost ubiquitous in South
Island, New Zealand populations, and yet it has not been detected in invasive
populations (Chapter 2; Neiman & Lively, 2004; Neiman et al., 2011; Paczesniak et al.,
2013). Snails harbouring haplotype 1A exhibit characteristics similar to their invasive
counterparts: they numerically dominate populations, reproduce asexually, and likely
move among populations (Paczesniak et al., 2013). The absence of 1A from invasive
populations can potentially be explained by their absence from North Island
populations or by other stochastic factors. Regardless, 1A represents a unique
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comparison point for differences between native and invasive haplotypes. The existence
of an effective native invader (haplotype 1A) and globally successful fixed clonal
lineages (e.g. haplotype 37D; Chapter 2) lends the P. antipodarum model system to
generalisable studies of the relative importance of genetic, demographic and
environmental factors underpinning invasion.

Conclusion
This thesis found that the P. antipodarum invasion of Australia is the result of few
introductions of a small number of globally-invasive genotypes that vary in ecologicallyrelevant traits. From a basis of considerable genetic diversity in the native range, very
few genotypes have become invasive. Those that are invasive appear to be very
successful at a continental scale. The P. antipodarum invasion system is amenable to
research using combinations of field-based studies, molecular and laboratory
approaches, and is likely to yield significant, broadly-applicable insights into invasion.

Potamopyrgus antipodarum is an excellent natural model system for investigation of
the evolutionary and ecological processes that underlie invasion success.
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